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Copper (Cu) is an important bioactive trace metal in the marine environment, acting as 
an essential micronutrient for many marine species. However, it can also be harmful at elevated 
concentrations, triggering sub-lethal and toxic effects. During the last few decades, studies 
using electrochemical techniques have established that it is the particular chemical form of Cu, 
its so-called chemical speciation, and not its total concentration that controls the geochemical 
and biological behaviour and thus the bioavailability and toxicity of Cu in marine systems. The 
majority of dissolved Cu in the marine environment is strongly complexed by a heterogeneous 
mixture of Cu-binding organic ligands (L), reducing the free ionic Cu concentration ([Cu2+]) to 
femto- and picomolar levels. Free ionic Cu is generally considered the most bioavailable and 
thus the most beneficial or toxic form to marine organisms. Organic complexation reduces 
[Cu2+] in most marine systems to levels harmless, but above limitation, to many marine 
microorganisms. Measuring the inorganic, organic, and free Cu forms in the dissolved phase is 
critical to assess the fate (i.e., distribution, cycling, and reactivity) and the biological effects of 
Cu in the marine environment. However, the chemical speciation of Cu in natural saline waters 
is complex and is technically challenging to evaluate, resulting in cost-intensive and time-
consuming analyses. Consequently, despite the recognised importance, little data exists for Cu 
speciation and Cu-binding ligands in the marine environment, and ligand sources and chemical 
identities are generally understudied. Additionally, environmental processes and factors 
influencing and controlling Cu speciation in marine systems are still poorly understood. As a 
result, four different marine systems (i.e., estuarine, coastal and open ocean waters, as well as 
a shallow low-temperature hydrothermal vent system) were studied around New Zealand in an 
effort to advance the current understanding of Cu speciation processes and Cu-binding ligands 
in the marine environment. Total dissolved Cu concentrations were analysed using Inductively 
Coupled Plasma-Mass Spectrometry (ICP-MS), while Cu speciation was assessed with 
adsorptive cathodic stripping voltammetry (AdCSV) with salicylaldoxime (SA) as the 
competing ligand.  
It was found that more than 99.7 % of the total dissolved Cu (CuT) in the sampled marine 
waters was complexed with organic and inorganic (i.e., sulfides) ligands, demonstrating the 
decisive role of ligands in controlling Cu speciation, bioavailability, and toxicity in the marine 
environment. AdCSV detected only one L-class with concentrations of up to 47.4 nM for low 
CuT areas, such as the region of the Hauraki Gulf and White Island/Whakaari, and L-
concentrations ([L]) of up to 114.8 nM for areas enriched in CuT like the Astrolabe Reef and 
the Whau Estuary. Conditional stability constants (logK) of the CuL-complexes were relatively 
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uniform in the working areas and ranged from 11.4 to 13.6, suggesting a similar chemical nature 
and source of the prevalent Cu-binding ligands in the sampled marine environments.  
On the basis of the ligand distribution in the water column, with higher [L] in the photic 
zone and decreasing [L] with depth, Cu-binding organic ligands were suggested to 
predominantly originate from passive or active biological in-situ production of planktonic 
species or life stages. This assumption was supported by the 48 h bioassay in Chapter 6, during 
which Cu-stressed mussel embryos actively produced ligands, with logK values similar to those 
observed in the sampled natural saline waters, to mitigate the toxic effects of the Cu2+ in their 
environment. The current study also pointed out that the heterogeneous ligand pool in the 
marine environment might also include some organic ligands of terrestrial nature (i.e., humic 
substances (HS)), organic ligands derived from chemoautotrophic microorganisms, organic 
ligands formed abiotically under hydrothermal conditions, organic ligands which originate from 
yet unknown allochthonous and autochthonous sources, and in the case of hydrothermal 
systems can include substantial amounts of inorganic ligands such as sulfides.  
Further, [L] was always in excess of the [CuT] and as a result [Cu
2+] were buffered to 
femto- and picomolar levels in the Hauraki Gulf region, White Island/Whakaari, and the Whau 
Estuary. These Cu2+ levels were below the toxicity threshold and above the deficiency threshold 
of Cu for many marine microorganisms. Only at the Astrolabe Reef, with highly elevated [CuT] 
in the vicinity of the MV Rena wreck, was the Cu complexation capacity of the natural organic 
ligands saturated, which led to toxic levels of [Cu2+] in the system. Consequently, the benthic 
invertebrate recruitment was lower, and different types of organisms were recruiting the high 
Cu2+ areas, leading to an alteration in the community diversity, structure, and functionality of 
the Astrolabe Reef. This output indicates the importance of organic ligand production by 
organisms as a strategy to maintain the delicate balance between ecosystem health and 
degradation.  
Temperature, pH, sample depth, chlorophyll a, particulate organic matter, and nutrient 
concentrations (i.e., nitrogen oxides, phosphate) had a poor correlation with Cu speciation 
parameters in the water column of the working areas. Salinity was found to increase Cu toxicity 
to M. galloprovincialis embryos, while higher dissolved organic carbon (DOC) concentrations 
decreased Cu toxicity to the mussel embryos. These outputs suggest that the biogeochemical 
cycling of Cu and its impact on marine life is intricate, dependent on the interactions between 
interrelated physical, chemical, and biological properties of the water column and the affected 
organism itself (e.g., ligand production, osmoregulation, and ionoregulation). This complexity 
precludes a generalisation of Cu speciation, bioavailability, and toxicity for the marine 
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environment and thus highlights the urgent need to develop a site-specific saltwater Biotic 
Ligand Model (BLM) to assure adequate protection of aquatic life in various marine systems. 
Further, one of the most interesting findings of this thesis was that DOC and ligand quality (i.e., 
competition of several metals for the same ligand binding sites (non-specific metal binding 
affinities) or multidentate binding) were significantly more important in determining Cu 
bioavailability and toxicity in the sampled natural marine environments relative to DOC and 
ligand quantity. This finding highlights the necessity to elucidate the sources and chemical 
natures of organic Cu-binding ligands in order to improve the current understanding of the 
biogeochemical behaviour of Cu in marine systems. 
Moreover, it was demonstrated that the excessive Cu-loss during laboratory-based 
bioassays owing to container adsorption and bioaccumulation processes of the test organisms, 
together with the detoxification effect of extracellular Cu, and the variability of intracellular 
Cu, can lead to a significant misunderstanding of Cu toxicity mechanisms and a 
misrepresentation of Cu toxicity to test organisms. This latter output questions the reliability of 
current marine water quality criteria (WQC), which were extrapolated from laboratory-based 
bioassay tests that did not account for the Cu-loss in solution under laboratory conditions.  
Overall, the results from this study added to the body of current knowledge about Cu 
speciation, bioavailability, and toxicity in marine systems. This study thus provides a good basis 
to supplement the refinement of marine biogeochemical models of Cu, the establishment of a 
functional saltwater BLM, and the improvement of environmental risk assessments (i.e., WQC) 
of Cu in marine environments. As a result of this work, two papers have already been published, 


































            It is by logic that we prove, but by intuition that we discover 
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Scope of this chapter 
The introductory chapter gives a general overview of the distribution of trace metals in 
the marine environment, their sources and sinks, and discusses their role in ecosystem health 
and functionality. Special attention is given to copper (Cu), highlighting the current knowledge 
regarding its biogeochemical cycling in marine ecosystems, its complex speciation, known 
organic and inorganic Cu complexes, and associated effects on Cu toxicity and bioavailability 
in the saline environment. Further, the chapter identifies limitations, uncertainties, and 
knowledge gaps related to the distribution and speciation of Cu in the marine environment, 
thereby setting the framework for the present thesis.  
 
1.1. Context and scope of the thesis 
Trace metals in marine systems have received increasing consideration since the 
development of the field of ecotoxicology and the rise in public awareness regarding the 
possible detrimental effects of some trace metals on marine ecosystem health (Tercier-Waeber 
et al., 2012). Trace metals are conservative contaminants, rendering them environmentally 
problematic due to their lack of degradation, their persistence in the water column, their 
bioaccumulative capacity (in sediments as well as tissues and organs of marine organisms), and 
toxicity (Wang, 2008; Jakimska et al., 2011; Tercier-Waeber et al., 2012). Some trace metals, 
such as Zn, Ni, Co, Fe and Cu, are essential in small quantities (i.e., responsible for the proper 
functioning of many metabolic processes) to organisms (Goldhaber, 2003; Vraspir and Butler, 
2009; Jakimska et al., 2011; Tercier-Waeber et al., 2012; Deruytter et al., 2013), whereas other 
trace metals are entirely toxic (e.g., Hg and As) (Hunter, 2008; Tercier-Waeber et al., 2012), or 
have no known beneficial biological function (e.g., Al) (Adams and Chapman, 2007). The 
biological availability of a trace metal, and hence its reactivity and ultimate effect on biota, is 
critically dependent on its speciation, i.e. the chemical form of the trace metal in the water 
column (Allen et al., 1980; Tercier-Waeber et al., 2012). Most trace metals are biologically 
lethal (Adams and Chapman, 2007; Tercier-Waeber et al., 2012; Deruytter et al., 2013) or have 
adverse sub-lethal effects (Jakimska et al., 2011) at deficient or excessive bioavailable 
concentrations. The concentration of bioavailable trace metals, which is related to trace metal 
activity (i.e., the concentrations of ions that are available for participation in chemical reactions) 
and speciation, thus controls the margin between metal toxicity and metal necessity to marine 
biota. This thesis focuses on Cu as it is an essential micronutrient, but is also considered a great 
metal pollutant from human activities and is thus identified as a priority metal of potential 
ecotoxicological concern in marine environments (Flemming and Trevors, 1989, Fernandez and 




Beiras, 2001). The quantification of Cu concentrations and dynamics in natural waters is, 
therefore, of great ecotoxicological interest for maintaining ecosystem health, structure, and 
functionality (Flemming and Trevors, 1989; Morel and Price, 2003).  
Although Cu contamination of the marine environment has been investigated intensely 
since the 1980s (Buck et al., 2007), research on Cu speciation and associated organic ligand 
complexation is still in its infancy. Total dissolved Cu concentrations ([CuT]) alone do not yield 
sufficient information regarding the fate, biological effects, and ultimate environmental impact 
of Cu in natural waters (Tercier-Waeber et al., 2012). Additional information on different Cu 
species with different bioavailabilities and activities is necessary to enable a better 
understanding of the toxicity, reactivity, mobility, and solubility of Cu in marine environments 
(Bruland and Lohan, 2003; Tercier-Waeber et al., 2012). Organic Cu-binding ligands are widely 
acknowledged as the key players of understanding Cu bioavailability and related toxicity to 
marine biota (Bruland and Lohan, 2003), but current knowledge of their sources and chemical 
structures remains at a relatively early stage. Additionally, their physical, chemical, and 
biological controlling processes are still poorly understood (Hirose, 2006; Gledhill and Buck, 
2012). These knowledge gaps hinder further advances in the field of Cu biogeochemistry and 
ecotoxicology.  
In view of the relevance of Cu speciation and organic ligand complexation for marine Cu 
fluxes, cycling, reactivity, transport, and bioavailability, on ecosystem productivity, health, and 
functionality (Flemming and Trevors, 1989), this thesis aims to (1) contribute towards the 
understanding of the biogeochemical cycling of Cu in natural saline waters; (2) advance current 
knowledge concerning organic ligands and their complexation processes, and; (3) improve 
environmental risk assessments (i.e., water quality criteria (WQC)) of Cu in marine 
environments. The key objectives of this thesis are: 
 
 Investigation of [CuT] and speciation parameters in several different marine systems. 
 Investigation of the influence of physical, biological, and chemical environmental 
factors on the behaviour and the fate of Cu in natural saline waters. 
 Clarification of potential organic ligand sources in the marine environment. 
 Assessment of the risk of Cu toxicity in numerous marine systems. 
 
To fulfil these objectives, Cu speciation parameters were assessed in four marine systems 
around New Zealand, including estuarine waters, coastal waters, open ocean waters, and one 
shallow hydrothermal vent system. Cu speciation was analysed using adsorptive cathodic 
stripping voltammetry (AdCSV) with salicylaldoxime (SA) as the competing ligand. In 




addition, a laboratory-based bioassay was conducted to provide answers to some key questions 
regarding the bioavailability of Cu, the components regulating its toxicity thresholds to affected 
biota, and the ability of organisms to cope with elevated Cu levels (i.e., ligand production as a 
detoxifying mechanism). This work increases the dataset for Cu speciation and organic Cu-
binding ligand measurements in marine environments, which is of utmost interest for modellers 
to improve biogeochemical models, and progress towards an operational saltwater Biotic 
Ligand Model (BLM). The BLM is a tool used by ecotoxicologists to evaluate quantitatively 
the manner in which water chemistry affects the speciation and biological availability of metals 
in natural aquatic systems (DiToro et al., 2001) (see Chapter 6 for more detail on the BLM). 
Such advances are crucial for (1) more reliable predictions of Cu speciation and toxicity in 
natural saline waters; (2) more precise and universal marine water quality standards, 
regulations, and guidelines (e.g., U.S. Environmental Protection Agency (US EPA), Australian 
and New Zealand Environment and Conservation Council (ANZECC)), and; (3) more robust 
predictions of large scale implications of climate change on Cu fluxes, cycling, and speciation 
(Tagliabue and Voelker, 2011).  
 
1.2. Trace metals in the marine environment 
Metals are ubiquitous natural constituents of every compartment (e.g., rocks, soil, 
sediment, water, and air) of the environment and vary in concentrations across environmental 
spheres and geographical regions (Tayab, 1991; Adams and Chapman, 2007; Tercier-Waeber 
et al., 2012; Pachana et al., 2013). In aquatic science, there are three different classifications of 
metals based on their concentrations: 
 
1) Major components - metals with concentrations ≥ 1 ppm (IUPAC) 
2) Minor components - metals with concentrations < 1 ppm (IUPAC) 
3) Trace metals - metals with concentrations < 10 μM (Bruland et al., 2014) 
 
Most metals in natural saline waters occur at trace levels (Cindrić, 2015) and thus the remainder 
of this thesis focuses on trace metals and their sources, sinks, distribution, and speciation in the 
marine environment.  
 
1.2.1. Sources and sinks of trace metals to the marine environment  
The natural and anthropogenic sources of trace metals to marine systems can be divided 
into point and non-point sources, the so-called diffuse sources, which are illustrated in Figure 




1.1. Natural point sources lead to excessive local trace metal burdens and include continental 
river runoff (i.e., geological weathering) (Donat et al., 1994; Fütterer, 2000), forest fires, 
volcanic activity, diffusion from continental-shelf sediments, and hydrothermal activity of the 
ocean crust (von Damm, 1995), whereas natural non-point sources include land runoff (i.e., 
stormwater input), precipitation, and atmospheric deposition (e.g., continental dust) (US EPA, 
2016). Since the mid-20 century, agriculture, mining, dredging, sewage discharge, urban runoff, 
domestic and industrial waste waters as well as emissions (e.g., vehicle exhaust, fossil fuel 
burning, and waste incineration) have contributed a substantial amount of anthropogenically-
derived trace metals to the marine environment (Nriagu and Pacyna, 1988; Flemming and 
Trevors, 1989; Chester and Jickells, 2012). For many trace metals, anthropogenic contributions 




Figure. 1.1: Simplified schematic of natural and anthropogenic trace metal sources and pathways to the marine 




Sediments are the main sink for trace metals in natural aquatic systems (Bruland and Lohan, 
2003). However, they are not as stable as previously supposed (Bruland and Lohan, 2003; 
Martin and Kalnejais, 2007). Desorption processes from particle surfaces, reoxidisation, 
dissolution of sediments, resuspension, breakdown of organic matter (OM), and changing 
environmental conditions (e.g., temperature and pH) can remobilize and redisperse any 
previously particulate bound trace metal back into the overlying water column (Bruland and 
Lohan, 2003; Wu et al., 2014). 




1.2.2. Trace metal transport and profiles in the marine environment 
Once in the water, trace metals are subjected to transport and removal processes primarily 
driven by four biogeochemical pathways (Fig. 1.2): biological uptake, passive scavenging onto 
either living (i.e., microorganisms) or non-living suspended particulate material, 
remineralisation, and resuspension from the sediment (Hering and Morrel, 1990; Bruland and 
Lohan, 2003; Frank, 2011; Bruland et al., 2014).  
 
 
Figure. 1.2: Schematic of the main sources and sinks of trace metals in the marine environment. Narrow grey, 
black, and white arrows identify the surface, intermediate, and deep-water circulation and transport pathways of 
trace metals. Yellow boxes represent the dominant biogeochemical processes in the marine environment (adapted 
from Frank, 2011).  
 
 
The interplay of these four biogeochemical processes is superimposed on the general circulation 
and mixing of marine systems, resulting in characteristic depth distributions of each trace metal 
(Bruland and Lohan, 2003). Generally, three principal categories of trace metal depth profiles 
can be discriminated in the water column (Cindrić, 2015): 
 
1) Conservative-type trace metals interact only weakly with particles and organisms in the 
water column and have thus relative constant concentrations and high residence times 
(> 105 years) (e.g., Mg, Cl, Mo, Sb, W, and Cs) (Donat et al., 1994; Bruland et al., 2014). 
 
2) Nutrient-type trace metals are significantly involved in internal biochemical cycles of 
the upper water column (Bruland et al., 2014). Consequently, these trace metals are 
depleted in surface waters where they are assimilated by phytoplankton or passively 
adsorbed onto particles. Their concentration increases with depth as sinking particles 
undergo microbial decomposition, remineralisation, oxidation, and dissolution in deeper 




waters (e.g., Zn, Cd and Ni) (Bruland et al., 2014; Millero, 2013). Oceanic residence 
times of nutrient-type trace metals are intermediate, i.e. a few thousand to one hundred 
thousand years (Bruland et al., 2014). 
 
3) Scavenged-type trace metals are rapidly removed from the water column (i.e., short 
residence times < 1000 years) via surface adsorption followed by particle settling (i.e., 
final burial) (e.g., Al, Pb, and Mn) (Donat et al., 1994). Their concentration is maximal 
near sources and decreases with depth as well as distance from the sources due to 
continuous particle scavenging processes (Bruland et al., 2014; Cindrić, 2015).  
 
The various biogeochemical pathways along with prevailing sources, sinks, marine circulation 
and mixing properties greatly affect trace metal input and residence times, as well as their 
horizontal and vertical distribution in the marine environment. Most importantly, however, 
once in the water column, nutrient-type and scavenged-type trace metals are involved in 
chemical, biological, and physical processes causing fractionation (Tercier-Waeber et al., 2012; 
Cindrić, 2015), which in turn dictates the fate of these trace metals in the water column.  
 
1.2.3. Trace metal speciation in the marine environment 
Trace metals in the marine environment can exist in different chemical forms, generally 
referred to as the chemical speciation of a metal. Each metal species is defined by certain 
chemical and physical properties including reactivity, solubility, mobility, bioavailability, 
biological activity, and binding strength with organic ligands (Bruland and Lohan, 2003; 
Hirose, 2006). Knowledge of trace metal speciation is thus far more critical relative to total 
dissolved trace metal concentration for understanding trace metal distribution, transport, 
toxicity, and bioavailability in the marine environment (Tessier and Turner, 1995; Bruland and 
Lohan, 2003). Speciation is hence an important topic in the field of environmental chemistry 
and in particular ecotoxicology (Hirose, 2006).  
Total concentrations of surface-active trace metals in the water column consist of 
particulate (> 0.2 μm) and dissolved (< 0.2 μm) trace metal forms (Kiaune and Singhasemanon, 
2011; Cindrić, 2015). This separation by particle size is based on common filter pore sizes and 
is a widely accepted operational distinction. Particulate trace metal forms (e.g., metal-salt 
complexes, insoluble organic metal complexes, destabilised inorganic colloidal phases, and 
metals adsorbed to clay and other mineral solids (Flemming and Trevors, 1989)) dominate in 
most natural marine systems and are considered non-labile, showing little to no bioavailability 
(i.e., are not biologically accessible to organisms) and toxicity (Jakimska et al., 2011) unless 




directly ingested (Chapman et al., 2002; Eriksen et al., 2009). Trace metals associated with 
particulate material are generally rapidly removed from the water column via assimilation, 
flocculation, and settling processes with subsequent accumulation in bottom sediments 
(Blossom, 2007). Only a minor amount of trace metals stay in the water column in the dissolved 
form, either in their highly biologically active and supposedly toxic form, consisting of free, 
hydrated trace metal ions and trace metals weakly complexed to inorganic ligands (XIN), or in 
their generally non-toxic and non-bioavailable fraction, composed of trace metal complexes 
with strong binding organic ligands (L) (Huang et al., 2003; Bundy, 2014). However, some 
organic metal-ligand complexes are known to be bioavailable to marine phytoplankton 
(Bruland et al., 2014; Semeniuk et al., 2015). Organic ligands increase the stability and effective 
solubility of trace metals in the water column, an effect which has important implications for 
their transport, cycling, and overall inventory in the marine environment (Bundy, 2014; Bundy 
et al., 2015; Laglera and Van den Berg, 2009; Whitby et al., 2018). The two main processes 
affecting the speciation, bioavailability, and the fate of trace metals in the water column are, 
therefore, precipitation (i.e., adsorption of trace metals onto surface sites of suspended particles) 
and complexation (Flemming and Trevors, 1989). Additionally, active biological uptake can be 
a dominant process influencing speciation for some trace metals in surface waters (Bruland et 
al., 2014).  
Trace metal speciation is strongly influenced by water chemistry (Town and Filella, 2000; 
De Schamphelaere and Janssen, 2002; Kiaune and Singhasemanon, 2011; Tercier-Waeber et 
al., 2012; Cindrić, 2015). Environmental factors such as pH, water hardness (e.g., [Ca2+], 
[Mg2+]), organic content, alkalinity, salinity, and the presence of other trace metals affect anion-
metal-complexation and cation-metal-competition processes (Sunda and Huntsman, 1983; 
Buck, 2006; Deruytter et al., 2013; Cooper et al., 2014; Abualhaija et al., 2015; Whitby et al., 
2017) in the water column, and thus play important roles in understanding the chemical 
reactivity (i.e., speciation, mobility, and availability to biota) of trace metals in saline waters 
(Flemming and Trevors, 1989; Jakimska et al., 2011; Kiaune and Singhasemanon, 2011).  
Moreover, trace metal speciation is a dynamic and reversible process, controlled by 
physicochemical conditions in natural waters (Tercier-Waeber et al., 2012) and the biology 
(e.g., microorganisms) present in the ecosystem. Trace metal speciation varies temporally and 
spatially in different marine environments and geographical areas, owing to the influence of 
various biotic and abiotic parameters on the physicochemical properties of prevalent trace 
metals (Town and Filella, 2000; Osterholz et al., 2016). Consequently, the final fate of trace 
metals in the water column has to be calculated on a site-by-site basis, as varying dynamic local 




conditions prevent the generalisation of trace metal speciation in different natural waters and 
over regions.  
 
1.2.4. Natural organic ligands in the marine environment 
While the presence and importance of metal organic ligand complexes are widely 
acknowledged, the chemical identity and source of these organic ligands in the marine 
environment is largely unknown (Vraspir and Butler, 2009; Bundy, 2014; Kuzmanovski, 2014). 
It has been hypothesized that the naturally-occurring metal-binding-organic ligand pool ranges 
from low molecular-weight compounds to large undefined macromolecules, and exhibits a 
continuum of conditional stability constants (logK) (Gledhill and Buck, 2012; Vraspir and 
Butler, 2009; Bundy, 2014). In the past some studies have identified thiols (e.g., glutathione, 
cysteine, and their dimers (Whitby, 2016)), siderophores, phytochelatins, humic substances 
(HS), and exopolymeric substances as some of the key ingredients of the complex marine 
organic ‘ligand soup’ (Kawakami et al., 2006; Velasquez et al., 2011; Whitby, 2016). Most 
organic ligands are, however, yet to be identified (Whitby, 2016).  
It is common practice in the literature to refer to organic ligands as being part of the 
dissolved organic carbon (DOC) or dissolved organic matter (DOM) pool (Kiaune and 
Singhasemanon, 2011), even though only a small fraction of DOC and DOM can complex 
metals (e.g., humic substances (HS)) (Arnold et al., 2009; DePalma et al., 2011; Cooper et al., 
2014; Abualhaija et al., 2015; Mahmood, 2017; Nogueira et al., 2017). DOM itself is also 
largely uncharacterized (Bruland et al., 2014). The known ligands are mainly of biological 
origin, produced by terrestrial and marine microorganisms, mostly prokaryotes (Vraspir and 
Butler, 2009; Kleint, 2016). Some of the well-studied organic ligands are specific to certain 
trace metals (Whitby, 2016), while others such as HS are less specific and have binding 
affinities for multiple metals (Kogut and Voelker, 2001), i.e. some trace metals (e.g., Cu, Fe, 
Al, Zn, and Co) can bind to the same natural organic ligands (Yang and Van den Berg, 2009; 
Whitby, 2016) with very similar logK, thereby increasing the competition for ligand 
complexation in natural waters (Abualhaija et al., 2015; Yang and Van den Berg, 2009). 
Overall, despite recent advances in the field, the understanding of the sources, chemical 
structures, binding capacities, and functional groups of marine organic ligands remains limited 
owing to difficulties in their determination with currently available analytical methods 
(Kuzmanovski, 2014). 
  




1.2.5. Biological impact of trace metals in the marine environment 
The ability of trace metals to be reduced and oxidised makes them indispensable to many 
biochemical electron transport reactions in natural marine ecosystems and organisms (Raven, 
1990). Transition metals such as Fe, Cu, Co, and Mn are biologically essential elements 
required for maintaining metabolic processes as they are important co-factors in various 
intracellular enzymatic reactions including oxidative phosphorylation, photosynthetic C-
fixation, respiration, N2-fixation, as well as gene regulation and free-radical homeostasis 
(Goldhaber, 2003; Vraspir and Butler, 2009; Jakimska et al., 2011; Sunda, 2012). Nevertheless, 
these transition metals are potentially toxic or have adverse sub-lethal effects if present at 
sufficiently high concentrations in the water column (Jakimska et al., 2011). However, not all 
metals in the environment are required to maintain metabolic processes - metals such as Hg, 
Pb, Sn, Cr, and As have generally no known biological function or are entirely toxic to marine 
organisms even at low concentrations (Adams and Chapman, 2007; Hunter, 2008; Tercier-
Waeber et al., 2012). In order for a trace metal to be toxic, it needs to be present in a bioavailable 
form to enter the body of an exposed organism and interact with the surface or interior of their 
cells (Tercier-Waeber et al., 2012). According to Morel (1983), Buck (2006) and Deruytter et 
al. (2013) the bioavailability of trace metals is solely related to their free ion activity and the 
fraction of trace metals complexed to inorganic ligands (i.e., not organically complexed metals) 
(Lorenzo et al., 2002), rather than the level of their total dissolved metal fraction. Organic 
ligands reduce the concentration of free metal ions in the water column via complexation, 
thereby buffering the system against changes in the bioavailable free metal ion concentration. 
Bioavailability controls the concentration of trace metals within marine organisms (i.e., 
bioaccumulation) (Flemming and Trevors, 1989; Jakimska et al., 2011), allowing quantitative 
correlation of changes in trace metal speciation to the intensity of the observed biological 
responses of the affected biota (Tercier-Waeber et al., 2012). Determining trace metal 
speciation is thus key to learning more about trace metal bioavailability and toxicity to marine 
life (Cindrić, 2015), which in turn will aid the evaluation of the health and functionality of 
natural saline ecosystems. Section 1.3.5 discusses trace metal bioavailability, bioaccumulation 
processes, associated toxicity, and detoxification mechanisms of marine life in more detail, 
using Cu as a model transition metal. 
 




1.2.6. Determination of trace metal concentration and speciation in the marine    
environment 
Only since the early 1970s have marine chemists begun to understand concentrations, 
distributions, and associated chemical behaviours of trace metals in the aquatic environment 
(Bruland and Lohan, 2003). This leap in knowledge was facilitated by technical advances in 
analytical chemistry and instrumentation with high sensitivities, accuracy, and low detection 
limits (Flemming and Trevors, 1989; Bruland and Lohan, 2003; Tercier-Waeber et al., 2012; 
Millero, 2013; Jacquot, 2013), along with the development and adoption of trace-metal-clean 
collection techniques and analysis procedures (Millero, 2013). While the methods and 
instrumentation used to measure trace metal speciation in water samples have not significantly 
changed in the last 30 years, techniques used to measure total dissolved trace metal 
concentrations have become increasingly more precise and accurate with time (Jacquot, 2013). 
The most widely used and well-established analytical techniques for studying trace metal 
concentrations and speciation in seawater are Inductively Coupled Plasma-Mass Spectrometry 
(ICP MS) and stripping voltammetry, respectively (Bundy, 2014; Jacquot, 2013). The ‘new’ 
instrumentations and procedures - explained in more detail in Chapter 2 - allowed the 
quantification of trace metal speciation and very low trace metal concentrations, which in turn 
provided more insight into (1) the relative importance of trace metal sources and sinks as 
controlling factors of trace metal concentrations in natural waters (Bruland and Lohan, 2003); 
(2) the correlation between trace metal concentration, distribution, and speciation with 
biological, physical, and geochemical processes in the water column (Bruland and Lohan, 2003; 
Tercier-Waeber et al., 2012), and; (3) the biogeochemical properties, i.e. chemical speciation, 
of trace metals in the marine environment. 
 
1.3. Copper (Cu) in the marine environment 
1.3.1. Sources and sinks of copper to the marine environment  
Copper is a ubiquitous trace metal in the environment, with ~ 50 ppm in the earth’s crust 
and ~3.9 ppb in the ocean (Blossom, 2007). Ambient Cu levels have been reported from 0.03 
to 0.23 ppb for surface seawaters, 0.2 to 0.69 ppb for deep seawater, and 3 to 10 ppb for coastal 
waters (Nielsen and Wium-Andersen, 1970; Hodson et al., 1979; Bowen, 1985; US EPA, 2003). 
The main input pathways of Cu to the marine environment are rivers, atmospheric dust, 
sediments, continental shelf margins, and hydrothermal systems (Giusti et al., 1993; Little et 
al., 2014) (Fig. 1.3). Deep-sea hydrothermal vents potentially account for up to 14 % of the 




global Cu budget in the ocean (Sander and Koschinsky, 2011). The Cu fluxes for sediments and 
continental shelf margins remain currently unresolved (Whitby, 2016).  
 
 
Figure. 1.3: Schematic illustrating the major sources, sinks, and pathways of copper (Cu) in the marine 
environment. Cu flux estimates are shown in blue (×108 mol year−1) (adapted from Little et al., 2014). 
 
 
A major concern for the health of marine environments is the elevated levels of Cu caused 
by anthropogenic input (i.e., shipping, urbanization, agriculture, and industrialization) (de Polo 
and Scrimshaw, 2012). Since the mid-20th century industrial manufacturing (e.g., electric 
equipment), farming applications (e.g., fertilizers, pesticides), consumer use as well as 
recycling (Nriagu and Pacyna, 1988), and especially the use of Cu antifouling agents used on 
ships and marine infrastructure, contributed significant amounts of Cu into the marine 
environment (Blossom, 2007; Wang, 2008; Jakimska et al., 2011, de Polo and Scrimshaw, 
2012; Whitby, 2016). Consequently, Cu concentrations in some polluted areas reach and even 
exceed (Flemming and Trevors, 1989; Fernandez and Beiras, 2001) water quality standards of 
the U.S. Environmental Protection Agency (US EPA) recommended for Cu in saltwater 
systems (Acute toxicity > 4.8 ppb; Chronic > 3.1 ppb) (US EPA, 2007), which has significant 
implications concerning the toxicity and bioavailability of Cu in affected environments. 
Approximately 80 to 90 % of Cu in marine waters is removed over time from the water column 
via the formation of sediments (Blossom, 2007; Little et al., 2014) (Fig. 1.3). Cu concentrations 
in marine sediments can vary widely, ranging from as low as 4 ppm (dry weight basis) at 
uncontaminated sites to 7650 ppm at contaminated sites, which received Cu mine tailing 
discharge (Lopez and Lee, 1977; Flemming and Trevors, 1989; Blossom, 2007). Highest Cu 
levels are usually found in sediments located in the immediate proximity of Cu sources (e.g., 




coastal zones, estuaries, continental shelves (Chester and Jickells, 2012), and hydrothermal 
systems). Overall, the concentration and distribution of Cu can vary greatly over time and space, 
particularly in surface waters (Whitby, 2016), depending on the proximity to Cu sources and 
sinks, as well as the biogeochemical processes which drive the cycling of Cu in the marine 
environment.  
 
1.3.2. Copper transport and profiles in the marine environment 
Copper has a so called hybrid-type depth profile, meaning that Cu is influenced by both 
nutrient-type and scavenging-type processes (Bruland and Lohan, 2003; Millero, 2013; Cindrić, 
2015; Powell, 2015). Dissolved Cu profiles in the marine environment (e.g., Atlantic, Indic, 
and Pacific (Fig. 1.4)) are commonly characterized by surface depletion in areas of high 
productivity (i.e., biological uptake) or surface maxima in areas of high dust input, followed by 
a gradual increase with depth due to the predominance of remineralisation by heterotrophic 
bacteria over scavenging processes of sinking particles in the deeper water column (Jacquot and 
Moffett, 2015; Powell, 2015).  
 
  
Figure. 1.4: Characteristic vertical depth profiles of dissolved Cu in the central Atlantic (Station 14, 50°E, 
27.58°N, Jacquot and Moffett (2015)), the central Indian Ocean (Station ER10, 72°E, 20VS, Vu and Sohrin 
(2013)), and the northeast Pacific Ocean (Station 17, 144.59°W, 32.41°N, Bruland (1980)) (Figure taken from 
Posacka, 2017).  
  




Variations in Cu concentration and distribution both between and within ocean basins are thus 
primarily attributed to the proximity to different Cu sources and sinks, different intensities of 
scavenging and biological recycling processes (i.e., residence times) (Whitby, 2016), as well as 
thermohaline circulation and accumulation processes during transport (Bruland et al., 2014). 
 
1.3.3. Copper speciation in the marine environment  
Copper has a complex biogeochemical behaviour and speciation cycle in water, as it is 
both particle reactive and redox sensitive (Kiaune and Singhasemanon, 2011; Posacka, 2017). 
In the marine environment the total dissolved Cu pool (< 0.2 μm) is composed of Cu2+, CuXIN 
(i.e., Cu complexed to sulfides, chlorides, hydroxides, arsenides, and carbonates (Stiff, 1971; 
Sylva, 1976; Gerringa et al., 1995; Santore et al., 2001; Byrne, 2002)), and CuL (Huang et al., 
2003) (Fig. 1.5). These aquatic Cu complexes are generally assumed to exist predominantly as 
Cu(II) (Whitby, 2016), but according to thermodynamic equilibrium considerations 5 to 10 % 
of the CuT pool can potentially also occur as Cu(I) in seawater, when stabilized by chloride 
species (Moffett and Zika, 1988; Leal and Van den Berg, 1998). 
 
 
Figure. 1.5: Speciation schematic of copper (Cu) in natural waters. 
 
 
The inorganic Cu species (i.e., Cu2+ and CuXIN) represent a minor fraction of the CuT pool (< 
1 %) in natural saline waters, which is primarily composed of strong organic CuL complexes 
(Coale and Bruland, 1988; Apte et al., 1990; Leal and Van den Berg, 1998; Huang et al., 2003; 
Moffet and Dupont, 2007; Buck et al., 2010; Kiaune and Singhasemanon, 2011; Jacquot and 
Moffett, 2015). Organic ligand complexation is important as it decreases the biologically 
available Cu fraction (Cu’: the sum of Cu2+ and CuXIN) in the water column (Van den Berg et 




al., 1987; Apte et al., 1990; Leal and Van den Berg, 1998; Moffet and Dupont, 2007), rendering 
Cu less accessible and thus reducing Cu toxicity to marine biota (e.g., Ramamoorthy and 
Kushner, 1975; Nielsen and Wium-Andersen, 1970; Zevenhuizen et al., 1979; Jakimska et al., 
2011; Posacka, 2017). Cu complexes with organic ligands are, therefore, the mayor drivers of 
Cu bioavailability and toxicity in marine systems. The concentration of inorganic ligands in 
natural saline waters can be easily calculated, with reasonable accuracy, since the anion (i.e., 
OH- and CO3
2-) composition of seawater is relatively stable and their conditional stability 
constants (logK) for Cu complexation are known. Organic ligand concentrations and their 
stability constants, on the other hand, are unknown and have to be indirectly evaluated on a 
site-by-site basis using electrochemical techniques (Wells et al., 2013) as explained in Section 
1.3.6 and Chapter 2.  
As discussed in Section 1.2.3, Cu speciation and hence the bioavailability of Cu is 
strongly mediated by the biogeochemical conditions (i.e., water hardness, pH, salinity, organic 
content, alkalinity, and competition by major cations like Fe2+, Ca2+ and Mg2+ with Cu2+ for 
organic ligand binding sites) of the water column (Town and Filella, 2000; de Schamphelaere 
and Janssen, 2002; Kiaune and Singhasemanon, 2011; Tercier-Waeber et al., 2012; Cooper et 
al., 2014; Cindrić, 2015; Sander et al., 2015; Whitby et al., 2017), which are highly variable 
both temporally and spatially in marine systems (Cloern and Nichols, 1985). Consequently, the 
speciation, bioavailability and the final fate of Cu has to be calculated on a site-by-site basis.  
 
1.3.4. Natural Cu-binding organic ligands in the marine environment 
To date, studies on Cu-complexing ligands in marine waters advocate the existence of 
two distinct organic ligand classes defined as L1 and L2. Analytical and methodological 
constraints of the electrochemical technique generally impede the systematic characterisation 
of ligand classes weaker than L2. The first class (L1) reflects a pool of strong organic ligands 
with conditional stability constants (logK) between 12 and 14, while the second ligand class 
(L2) describes a pool of weaker organic ligands with logK values between 8 and 12 (Town and 
Filella 2000; Vraspir and Butler, 2009; Gledhill and Buck, 2012). Even though the chemical 
identity of the ligands within these classes is largely unknown (Vraspir and Butler, 2009; 
Thompson et al., 2014), field studies generally hint towards an autochthonous (i.e., formed in 
the aquatic environment) biological source of marine Cu-binding organic ligands (Moffett et 
al., 1990; Croot et al., 2000; Moffett and Dupont, 2007; Gledhill and Buck, 2012; Thompson et 
al., 2014; Jacqout and Moffett, 2015). A biological source of Cu-binding organic ligands is 
further supported by laboratory experiments with marine microorganism cultures. These 




experiments have shown that Cu-stressed cyanobacteria (e.g., Synechococcus), dinoflagellates 
(e.g., Amphidinium carterae), and coccolithophores (e.g., Emiliana huxleyi) actively produce 
strong Cu-binding ligands with logK values between 10 and 13.3 (Croot et al., 2000; Leal et al., 
1999; Moffett et al., 1990; Moffett and Brand, 1996; Vasconcelos et al., 2002; Shank et al., 
2004; Vraspir and Butler, 2009) to either detoxify elevated Cu2+ concentrations (Di Toro et al., 
2001; US EPA, 2016) or enhance Cu bioavailability and uptake under Cu2+-limiting conditions 
(Albrecht-Gary and Crumbliss, 1998; Hassler et al., 2004). Current literature, therefore, 
suggests that prokaryotes, which compose a large proportion of the photosynthetic and 
phototrophic biomass in marine waters, are the main producers of strong Cu-binding ligands in 
the euphotic zone of the water column (Croot et al., 2000; Leal et al., 1999; Brand et al., 1986; 
Moffett et al., 1990; Moffett and Brand, 1996; Gledhill et al., 1999; Shank et al., 2004; Vraspir 
and Butler, 2009; US EPA, 2016; Thompson et al., 2014). Weaker ligand classes are usually 
found in deeper waters, away from the surface, and are thus assumed to derive from a passive 
production pathway, linked to grazing, organic matter (OM) breakdown (i.e., degradation), cell 
lysis, and bacterial remineralisation and decomposition of sinking particles (Gledhill and Buck, 
2012; Völker and Tagliabue, 2015; Whitby et al., 2018). In addition to biological in-situ 
production, terrestrially-derived (i.e., allochthonous) ligands, such as humic substances (HS) 
(dominated by humic and fulvic acids), are also potential sources of strong Cu-complexing 
ligands in natural saline waters, especially in coastal and estuarine systems (Abualhaija et al., 
2015; Sander et al., 2015; Whitby and Van den Berg, 2015; Whitby, 2016; Mahmood, 2017; 
Whitby et al., 2017; Whitby et al., 2018). However, despite the chemical differences between 
allochthonous and autochthonous organic ligands, they cannot be differentiated owing to their 
similar Cu complexation behaviour (i.e., consistent complexing sites/functional groups) (Sohn 
and Weese, 1986; Whitby et al., 2018). This insight points out that without a chemical and 
structural characterization of Cu-binding organic ligands, it is difficult to constrain their 
sources, sinks, and overall quality in the marine environment (Bundy, 2014).  
The chemical characterization of organic ligands in the marine environment is 
challenging, as organic ligands possess complex chemical compositions with a range of binding 
strengths and are present only in very low concentrations, which are orders of magnitude less 
than the heterogeneous dissolved organic carbon (DOC) pool (Bundy, 2014). Further 
complications arise due to the complex matrix of high ionic strength presented by seawater 
(Gledhill and Buck, 2012; Bundy, 2014). However, in recent years some progress has been 
made to understand more about the nature of the organic ligand pool in the marine environment 
(Gledhill and Buck, 2012) owing to improvements in the sensitivity and robustness of high-
performance liquid chromatography-electrospray ionization mass spectrometry (HPLC-ESI-




MS) and the use of novel electro-analytical techniques (McCormack et al., 2003; Velasquez et 
al., 2011). These analytical advances have enabled the identification of some potential natural 
organic ligand candidates known to be produced and excreted by aquatic and terrestrial 
microorganisms, including humic and fulvic acids, chalkophores, and thiol compounds such as 
gluthatione, phytochelatins, cysteine and a number of related derivatives (e.g., Flemming and 
Trevors, 1989; Moffett and Brand, 1996; Leal et al., 1999; Laglera and Van den Berg, 2003; 
Shank et al., 2004; Buck et al., 2007; Sander et al., 2007 and 2015; Semeniuk et al., 2015; 
Whitby and Van den Berg, 2015; Whitby, 2016). Thiols are organo-sulfur compounds which 
have been shown to fall within the L1-class (Laglera and Van den Berg, 2003; Buck et al., 
2017), while HS, which form Cu complexes generally referred to as CuDOC, correlate well 
with the L2-class (Santore et al., 2001; Whitby and Van den Berg, 2015; Buck et al., 2017). 
Ethylenediaminetetraacetic acid (EDTA) and nitrilotriacetic acid (NTA) are identified 
anthropogenically-derived Cu-binding organic ligands, transported into the marine 
environment via urban, industrial, and agricultural discharges (Buck et al., 2007). First efforts 
have been made to decipher the sources, identities, and chemical structures (i.e., binding 
capacity, number of binding sites, bonding energy of functional groups) of the complex marine 
organic ligand pool, but organic ligand research is still in its infancy, and it is likely that other 
Cu-complexing agents exist which are yet to be identified (Whitby, 2016). 
 
1.3.5. Biological impact of copper in the marine environment 
In the marine environment, Cu occurs both naturally and anthropogenically (Blossom, 
2007), with natural occurring Cu carrying as much risk as anthropogenic released Cu (Adams 
and Chapman, 2007). In small quantities, the transition metal Cu is an essential micronutrient 
to biota, indispensable for the proper functioning of metabolic and respiratory processes 
(Flemming and Trevors, 1989; Goldhaber, 2003; Peers and Price, 2006; Vraspir and Butler, 
2009; Jakimska et al., 2011; Kiaune and Singhasemanon, 2011; Deruytter et al., 2013; Posacka, 
2017). Cu (1) is a constituent of more than 21 enzymes, which function as redox catalysts (e.g., 
cytochrome oxidase, monoamine oxidase) or dioxygen carriers (e.g., haemoglobin, 
hemocyanin) (Kiaune and Singhasemanon, 2011; Posacka, 2017), (2) can replace Fe in several 
enzymes needed for key cellular processes, such as photosynthesis and nitrate reduction (Morel 
and Price, 2003; Peers and Price, 2006), and (3) is used in Fe uptake mechanisms (Maldonado 
et al., 2006; Peers et al., 2005). At moderately elevated concentrations, however, Cu is harmful 
and potentially toxic to all marine organisms, as their homeostasis is disrupted or no longer 
maintained (Eriksen et al., 2009; Sunda, 2012; Deruytter et al., 2013). In addition to mortality, 




sub-lethal effects of Cu-excess to marine organisms can occur, including the reduction of 
survival, growth, and reproduction, as well as alterations of brain function, enzyme activity, 
osmoregulation, blood chemistry, morphology (e.g., weight, biomass), oxygen consumption, 
feeding and metabolism (e.g., Dauvin, 2008; Jakimska et al., 2011; US EPA, 2016).  
Not all Cu is, however, bioavailable to marine organisms (Fig. 1.6). As mentioned earlier, 
the bioavailability of Cu is mostly related to the labile inorganic Cu fraction, consisting of Cu2+ 
and CuXIN, rather than the total dissolved Cu concentration ([CuT]) in a system (e.g., Brand et 
al., 1986; Kozelka and Bruland, 1998; Lorenzo et al., 2002; Buck et al., 2006). Some forms of 
organically complexed Cu (e.g., CuDOC) are, however, also considered bioavailable (Lorenzo 
et al., 2005; Semenuik et al., 2015), but it is generally accepted that Cu’ (i.e., the sum of Cu2+ 
and CuXIN) represents the most toxic form of Cu to marine organisms. According to current 
literature, Cu2+ concentrations ([Cu2+]) > 1 pM (Brand et al., 1986) (from this point onwards, 
trace metal concentrations are stated in molar concentrations for comparison purposes between 
different studies and methods) cause adverse effects to several different marine microorganisms 
(Morel et al., 1978; Brand et al., 1986; Mann et al., 2002; Annett et al., 2008; Guo et al., 2010; 
Amin et al., 2013; Jacquot et al., 2014), while Cu2+ levels ≤ 10 fM have been reported to be 
bio-limiting (Peers et al., 2005; Maldonado et al., 2006; Annett et al., 2008; Amin et al., 2013; 
Jacquot et al., 2014). Cu speciation in natural waters is commonly dominated by organic ligand 
complexation (Bruland et al., 2014; Bruland et al., 2000; Buck et al., 2012; Whitby et al., 2018), 
which buffers [Cu2+] and usually keeps [Cu2+] in an optimal range between deficiency and 
toxicity (Kiaune and Singhasemanon, 2011; Tercier-Waeber et al., 2012). The discrimination 
of toxic and non-toxic Cu species (Flemming and Trevors, 1989), i.e. chemical speciation, is 









Figure. 1.6: Conceptual diagram of the key processes determining Cu bioavailability in the marine environment. 
XIN represent inorganic ligands, while DOC and L reflect the organic ligand pool. Cations, such as Ca2+, Mg2+, 
and H+ can compete with Cu2+ either for complexation sites of organic ligands or for sensitive metal uptake sites 
at the cell membrane of an organism, which decreases Cu2+ influx. Active ligand (L) production of Cu-stressed 
biota will influence Cu speciation in the surrounding water column (Graphic created by Rebecca Zitoun).  
 
 
Studies on organic ligands have firmly established that limiting, harmful, and toxic effects 
of Cu2+ can be diminished and counteracted by some marine organisms via the production of 
Cu-binding thiols (e.g., gluthatione, metallhothioneins) (Sunda, 2012) (Fig. 1.6), which 
detoxify Cu2+ in the case of Cu2+ excess or enhance/facilitate Cu uptake during periods of Cu2+ 
limitation (e.g., Moffett, 1995; Gledhill et al., 1999; Leal et al., 1999; Jakimska et al., 2011). 
This regulatory factor is beneficial, as it allows the survival of various marine organisms in 
waters which would otherwise be harmful. The active detoxification by marine organisms 
becomes particularly essential in estuaries and coastal waters during periods of excessive Cu 
input due to agricultural and industrial discharge, urban runoff, and stormwater events, which 
can saturate and exceed the binding capacity of the prevalent natural organic ligand pool 
(Flemming and Trevors, 1989; Mann et al., 2002; Buck et al., 2006; Moffett et al., 1997), and 
thus lead to toxic loads of Cu2+. Persisting high [Cu2+] can have detrimental effects on the local 
ecosystem as detoxification mechanisms may be shut off, which could result in a marked 
increase in Cu2+, potentially shifting a “balanced” system into a toxic state.  
Cu associated with an organism, both extracellular and intracellular, has been widely 
recognized as an indicator of Cu bioavailability and corresponding biological responses (e.g., 
photosynthesis, secretion of ligands, growth rate, respiration, metabolism, and mortality) (e.g., 
Prasad, 2001; Hassler et al., 2004; Hassler and Schoenemann, 2009; Klevenz et al., 2012; 
Tercier-Waeber et al., 2012). For biological responses to occur, Cu2+ has to be either 
extracellularly complexed to a cellular ligand (i.e., transmembrane proteins such as 
metallothioneins (e.g., Morel, 1983; Simkiss and Taylor, 1995; Jakimska et al., 2011) on the 




surface membrane of an organism, or has to be internalized via a carrier mediated pathway (e.g., 
Hassler et al., 2004; Hassler and Schoenemann, 2009; Zhao et al., 2016). Extracellular Cu, 
bound to the surface of an organisms or cell, can inhibit the adequate trans-membrane transport 
of essential micronutrients, such as Mn2+ and Zn2+, required for homeostasis (Sunda and 
Huntsman, 1983; Buck et al., 2006), as well as obstruct the intracellular uptake of other toxic 
trace metals (i.e., detoxification strategy) (Prasad, 2001; Klevenz et al., 2012). Biologically 
incorporated Cu, on the other hand, affects various intracellular processes responsible for Cu 
assimilation, utilization, storage, and release (Tercier-Waeber et al., 2012). If the extracellular 
and intracellular Cu concentration outbalances the organism’s essential homeostasis, and if the 
organism fails to release detoxifying ligands or excrete Cu via renal pathways and processes, 
Cu becomes detrimental. Adsorption and biological incorporation are, therefore, crucial 
processes to properly evaluate Cu related effects on marine life. More information about the 
effect of different Cu pools on Cu toxicity is given in Chapter 7.  
The level of Cu bioaccumulation is the result of variable Cu uptake rates and mechanisms, 
both of which depend on the affected species and the water chemistry (e.g., Hassler et al., 2004; 
Hassler and Schoenemann, 2009). Different organisms can exhibit different Cu accumulation 
levels and sensitivities owing to different mechanisms by which they cope with and process Cu 
- some organisms bioaccumulate and assimilate Cu, while others produce ligands to actively 
regulate Cu levels (Kiaune and Singhasemanon, 2011). In general, microorganisms seem to be 
most sensitive, followed by zooplankton, invertebrates, fish, bivalves, and macrophytes as the 
least sensitive species (Fernandez and Beiras, 2001; Sunda, 2012). Even organisms within the 
same species (intra-individual variability) can exhibit different Cu sensitivities to limiting or 
elevated Cu2+ levels in the water column (Kiaune and Singhasemanon, 2011), depending on a 
multitude of factors, such as body dimensions, mass, age, sex, diet, metabolism, inherent 
sensitivities and acclimatisation to Cu deficiency and toxicity (Flemming and Trevors, 1989; 
Jakimska et al., 2011). Water chemistry (i.e., abiotic parameters, such as temperature, pH, and 
salinity) can further influence Cu bioaccumulation processes and thus toxicity to marine biota 
by not only affecting Cu speciation processes (i.e., complexation and cation competition) (de 
Schamphelaere and Janssen, 2002; Deruytter et al., 2013), but also by modifying the physiology 
(e.g., osmoregulation, ionoregulation) of affected biota (Kiaune and Singhasemanon, 2011; 
Deruytter et al., 2013). The relationship between Cu speciation, bioavailability, biodistribution, 
and bioaccumulation is, therefore, complex (Flemming and Trevors, 1989), which makes any 
risk assessment and precise prediction in natural saline waters regarding Cu deficiency, 
adequacy, or toxicity to marine life challenging.  




One attempt to accurately predict and quantify the chemical forms of Cu in natural aquatic 
environments and thus its toxicity to biota is the BML (Hassler et al., 2004). The BLM has been 
adopted by the Australian and New Zealand Environment and Conservation Council 
(ANZECC) as a tool for regulating metal concentrations in freshwater environments. A reliable 
and working saltwater BLM is, however, yet to be developed (de Polo and Scrimshaw, 2012) 
owing to the complex matrix and the high variability in physicochemical characteristics (i.e., 
salinity, pH, OM) in marine systems, which influence metal speciation, bioavailability, and 
toxicity. The current version of the model neither accounts for changes in physiology or 
metabolism (Deruytter et al., 2013) of affected organisms, the active production of ligands, nor 
the potential bioavailability of organic Cu complexes (Smith et al., 2015). Despite these 
limitations, it is, however, generally acknowledged that the model can be used as a first 
approach to generate site-specific water quality criteria (WQC) and to develop preliminary 
water risk assessments for Cu (Niyogi and Wood, 2004; Smith et al., 2015). See Chapter 5 for 
more detail on the BLM.  
 
1.3.6. Determination of copper concentration and speciation in the marine 
environment 
Cathodic stripping voltammetry and ICP-MS analysis are well-established and powerful 
tools to accurately determine total dissolved Cu concentrations in various seawater samples 
(Campos and Van den Berg, 1994). Today, ICP-MS is usually the preferred method, despite 
having to remove the interfering salt matrix of seawater samples and needing to pre-concentrate 
the analyte prior to analysis. The salt removal and pre-concentration step is crucial for obtaining 
reliable results since the concentration of Cu in natural saline water samples is low and usually 
5 to 6 orders of magnitude lower than the concentration of the interfering major ions in seawater 
(Kuzmanovski, 2014). ICP-MS has many advantages over voltammetric techniques such as the 
capability of multi-element analysis (Campos and Van den Berg, 1994; Ashoka et al., 2009; 
Linge and Jarvis, 2009), high sample throughput, and the potential to automate sample 
preparation and analysis. In this study, an automated off-line seaFAST module was used to 
remove the matrix and pre-concentrate the analyte. The detailed description of this pre-
concentration procedure is given in Chapter 2 Section 2.4.1.2. As outlined in Chapter 2, the 
most common and widely used analytical techniques for studying Cu speciation in saline waters 
are adsorptive cathodic stripping voltammetry (AdCSV) (Campos and Van den Berg, 1992; 
Bundy, 2014; Kuzmanovski, 2014; Jacqout, 2013) and to a lesser extend anodic stripping 
voltammetry (ASV) (Garnier et al., 2004). These electrochemical methods enable the indirect 




determination of marine Cu-binding organic ligand concentrations ([L]) including their metal 
binding strengths (logK) but provide no information about the chemical structure of the 
prevalent Cu-binding ligands (Gledhill and Buck, 2012; Bundy, 2014). However, owing to the 
fact that different classes of organic ligands form Cu complexes of greatly varying stabilities 
(Kiaune and Singhasemanon, 2011), conditional stability constants (logK) can presumably be 
used as a first means to distinguish between different Cu-binding organic ligand classes in 
marine samples (Vraspir and Butler, 2009). Complete details of the methods including 
analytical procedures are given in Chapter 2 (Section 2.4.2) of this thesis.   
 
1.4. Outline of the thesis 
This thesis examines Cu speciation in four different marine systems around New Zealand 
(Fig. 1.7) in 8 chapters: Chapter 1 gives a general overview on the sources, sinks, distribution, 
biogeochemical cycling, complex speciation, toxicity, and bioavailability of Cu in the marine 
environment. Chapter 2 details the instrumentation and methodology used to achieve the 
research objectives stated in Chapter 1. Chapter 3 comprises a manuscript in preparation for 
submission to Marine Chemistry in 2019. This chapter describes the speciation and factors 
controlling the distribution of dissolved Cu from the coast, over the shelf, to the open ocean in 
the Hauraki Gulf (New Zealand). Chapter 4, a manuscript in preparation for submission to 
Chemical Geology in 2019, delineates organic Cu complexation at shallow hydrothermal vents 
around White Island/Whakaari (New Zealand) to evaluate the importance of these systems as 
sources of CuT to the photic zone of the ocean. This work is the first study of Cu speciation in 
shallow hydrothermal vents around New Zealand. Chapter 5 focuses on the effect of 
anthropogenically induced Cu contamination on Cu speciation, bioavailability, and toxicity. It 
focuses on the MV Rena shipwreck at the Astrolabe Reef in the Bay of Plenty (New Zealand). 
This chapter was submitted to Scientific Reports-Nature in 2018, has been revised in response 
to reviewer comments, and is again under review. Chapter 6, a study published in Science of 
the Total Environment in 2018, investigates the effect of salinity and DOC on Cu speciation 
and associated toxicity to blue mussel (Mytilus galloprovincialis) embryos by conducting a 
standard single-species 48 hours bioassay test. Chapter 7 examines the Cu mass-balance of the 
bioassay test described in the previous chapter in order to evaluate potential bias in calculated 
Cu toxicity thresholds of laboratory-based ecotoxicological studies, and derived Cu risk 
assessments for natural waters. This chapter was published in Environmental Toxicology and 
Chemistry in 2019. Chapter 8 serves as a discussion chapter, linking the results of the previous 
five experimental chapters (2 to 7) and summarizing the cognitive space of this thesis (Fig. 1.7). 




A discussion of prospective future research directions and upcoming research is also included 
in this last chapter.  
 
  








Figure. 1.7: A) Schematic of the cognitive structure of the thesis. Copper (Cu) is derived from natural and 
anthropogenic sources, and is more commonly known as a toxicant rather than a micronutrient to marine life. In 
the marine environment Cu exists as bioavailable free Cu ions (Cu2+) and various inorganic species (CuXIN), as 
well as non-toxic and non-bioavailable organic complexes (CuL). Organic complexes keep more than 99 % of the 
dissolved Cu stabilized in the water column, in its soluble form. Understanding the chemical speciation of Cu is 
thus critical for understanding Cu transport, bioavailability, and toxicity (Graphic created by Vanessa Zitoun). B) 
Location map of the four study areas investigated in this thesis. C3, C4, C5, and C6 refer to specific chapters 
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Scope of this chapter 
This chapter presents an overview of the fundamentals of instrumentation as well as the 
applications of various methods and analytical techniques required to achieve the research 
objectives stated in Chapter 1. It describes briefly methods for contamination-free laboratory 
work (i.e., collecting and preparing samples), trace-metal-cleaning procedures, the theory of 
stripping voltammetry, used to identify Cu speciation parameters, and Inductively Coupled 
Plasma-Mass Spectrometry (ICP-MS), used to determine total dissolved Cu concentrations 
([CuT]) at exceedingly low levels in various seawater samples. This information is required to 
(1) facilitate interpretation and understanding of the research outputs; (2) enable inter-
comparison of results between studies, and; (3) allow other researchers to replicate the study.  
 
2.1. Introduction 
In the early 1970s, technical advances in analytical chemistry and instrumentation (e.g., 
Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) was made commercially available 
in the late 1980s and stripping voltammetry saw many advances in the theory, methodology, 
and instrumentation in the early 1970s) with high sensitivities and low detection limits 
(Flemming and Trevors, 1989; Bruland and Lohan, 2003; Tercier-Waeber et al., 2012; Millero, 
2013) paved the way for marine chemists to improve their understanding of concentrations, 
distributions, speciation, and associated chemical behaviours of trace metals in the marine 
environment (Bruland and Lohan, 2003). However, the relatively low concentrations of trace 
metals in natural saline waters, commonly in the nanomolar range, compared to their 
omnipresence in the environment (Protti, 2001) (e.g., airborne dust, rust, paint, antifouling 
agents, brass fittings, and galvanized material (US EPA, 1996; Bruland and Lohan, 2003; 
Richter, 2003)), complicated contamination-free analysis of marine trace metal samples on a 
ship or in the laboratory. Consequently, along with the development of powerful analytical 
techniques came the recognition and appreciation of the importance of using trace-metal-clean 
techniques in all stages of sampling and laboratory work, including equipment and reagent 
preparation, sample collection and handling as well as sample storage, testing and analysis (US 
EPA, 1996; Bruland and Lohan, 2003; Arnold et al., 2009; Sander et al., 2009; Leal et al., 2016) 
to produce reliable and consistent trace metal data. This chapter, therefore, describes the current 
state of the art of common analysis techniques and procedures crucial for contamination free 
trace metal measurements in marine waters.  
 




2.2. Trace-metal-clean working procedures  
Strict trace-metal-clean working procedures (Sander et al., 2009; Powell, 2015; Leal et 
al., 2016) were adopted throughout all studies discussed within this thesis to avoid and minimize 
Cu contamination (i.e., low systematic error) in order to obtain reliable Cu data. Test tubes, 
Teflon vials, high-density polyethylene (HDPE) bottles, and low-density polyethylene (LDPE) 
bottles (Nalgene) were acid-cleaned prior to usage following conventional trace-metal-clean 
procedures as described by Sander et al. (2009), Powell (2015), and Leal et al. (2016). In brief, 
the labware (i.e., tubes, vials, and test bottles) was initially soaked in a 2 % Citranox® detergent 
(Alconox Inc. New York, USA) bath for at least one week to remove any organic residues and 
then rinsed five times with distilled water. The labware was then transferred to a 50 % v/v 
hydrochloric acid (HCl) (Analytical grade; Scharlau; 37 %) bath for four weeks and rinsed three 
times with deionised water from a Milli-Q® (Millipore Academic) system (≥ 18 MΩ cm at 21 
± 1 °C). Afterwards, the labware was soaked in a 1% quartz distilled HCl (q-HCl) bath for at 
least one week, followed by a Milli-Q rinse (n=3). Finally, tubes, vials and sample bottles were 
dried in a clean laminar flow bench with a HEPA (High Efficiency Particulate Air) system or 
filled with 0.1 % q-HCl and stored inside two resealable plastic bags (Ziplock) until used.  
Acid cleaned labware that was previously used for open ocean trace metal work can be 
considered ‘pre-cleaned’ and, therefore, underwent a shortened cleaning procedure: Rinsing of 
the labware with Milli-Q, followed by a seven-day soaking step in 10 % quartz distilled nitric 
acid (q-HNO3; Ajax Finechem; 70 %; UNIVAR) prior to storage.  
During all phases of sampling and laboratory work, protective clothing (i.e., nontalc 
gloves, coat, hair net, and foot covers) was worn to avoid contamination of the samples during 
collection, handling, and analysis (US EPA, 1996; Sander et al., 2009).   
 
2.3. Reagents and chemicals 
Sample manipulation, handling and reagent preparation was performed in a clean laminar 
flow bench with a HEPA system at room temperature (21 ± 1 °C) (Sander et al., 2009). The 
water used for the preparation of reagents and dilutions was purified by distillation followed by 
a deionization step using a Milli-Q® system (Millipore Academic) (Powell, 2015). Analytical 
grade HCl and HNO3 were purified by sub-boiling distillation using a quartz apparatus (Campos 
and Van den Berg, 1994; Powell, 2015).  
External calibration standards for the Quadrupole Inductively Coupled Plasma-Mass 
Spectrometer (q-ICP-MS) analysis, and the High-Resolution Sector Field Inductively Coupled 
Plasma-Mass Spectrometer (HR-SF-ICP-MS) analysis, were prepared via a serial dilution of a 




commercially available SPEX CertiPrep multi-element standard (NIST traceable) in 0.3 M 
(Ashoka et al., 2009) and 1.5 M (Bown et al., 2017) q-HNO3, respectively.  
For voltammetric measurements, an aqueous stock solution containing 0.025 M 
salicylaldoxime (Acros Organics; SA: 98 %) was prepared in 0.1 M q-HCl and stored at 4 °C 
for up to 8 weeks (Campos and Van den Berg, 1994). Copper standard solutions (i.e., 1 µM to 
100 µM) were prepared by appropriate dilution of an atomic absorption spectrometry standard 
(Spectrosol®: 0.00001 M) in 1 % q-HCl. The pH buffer solution with a pH of 8.2 ± 0.2, 
contained 1 M boric acid (Arcos Organics; H3BO3: 99.99 %) and 0.35 M trace-metal grade 
ammonia (Suprapur, Merck; NH4OH).  
Reagents and chemicals were prepared and stored in acid-cleaned Teflon or LDPE bottles. 
Measurements of pH were done using a Thermo Scientific Orion glass electrode calibrated 
against NBS pH buffers 4, 7 and 9. 
 
2.4. Analytical methods and equipment 
Fit for purpose, sensitive instrumental techniques have to be applied to quantify the low 
concentrations of total dissolved metals (< 0.2 µm) in marine waters and to evaluate their 
speciation parameters. In this study, Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) 
and stripping voltammetry were used as the analytical techniques-of-choice for determining 
concentration and speciation of Cu, respectively, in various natural marine water samples. 
 
2.4.1. Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) 
Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) is a technique commonly 
used to quantify total dissolved metal concentrations (< 0.2 µm) within an aliquot of a sample 
solution. This analytical technique was developed as a powerful tool for the simultaneous 
determination of multiple elements at mM and nM levels (Campos and Van den Berg, 1994; 
Ashoka et al., 2009; Linge and Jarvis, 2009). During this study two different ICP-MS systems 
were used - an Quadrupole Inductively Coupled Plasma-Mass Spectrometer (q-ICP-MS) and a 
High-Resolution Sector Field Inductively Coupled Plasma-Mass Spectrometer (HR-SF-ICP-
MS). The q-ICP-MS was used for diluted (i.e., salinities < 2), low matrix samples with nominal 
total dissolved Cu levels ([CuT]) above 1.5 nM (detection limit of the instrument) after dilution 
(Linge and Jarvis, 2009). Samples with nominal [CuT] below the detection limit of the q-ICP-
MS were analysed using an automated off-line seaFAST pre-concentration module (Bown et 
al., 2017) before being analysed with the HR-SF-ICP-MS. 
 




2.4.1.1. Quadrupole Inductively Coupled Plasma-Mass Spectrometry (q-ICP-MS) 
The Agilent 7500ce q-ICP-MS equipped with an octopole collision cell and an 
autosampler (Fig. 2.1) was tuned according to the manufacturer’s recommendations for robust 
conditions to minimize interferences and instrumental drift during the analysis run. For detailed 
information on sample preparation and operating conditions of the instrument see Talbot and 
Weiss (1994), Ashoka et al. (2009), and Wolf and Adams (2015). 
 
 
Figure. 2.1: Agilent 7500ce Quadrupole Inductively Coupled Plasma-Mass Spectrometer (q-ICP-MS) coupled 
with an autosampler (Picture was taken by D. Baar, University of Otago, Dunedin, New Zealand).  
 
 
Prior to analysis, samples (2 to 3 mL) were transferred into acid-cleaned ICP-MS vials, 
where they were diluted with 2 % v/v q-HNO3 to final salinities < 2 in order to prevent clogging 
of the sample introduction system and to minimize high-matrix-signal-interferences during the 
q-ICP-MS run (Linge and Jarvis, 2009). Sample acidification was essential to match sample 
and calibration standard matrices (Wolf and Adams, 2015), as well as to prevent metal species 
in solution from readily adsorbing onto the vial walls. External calibration standards were 
prepared via a serial dilution of a SPEX CertiPrep multi-element standard in 2 % v/v q-HNO3. 
In order to assess possible matrix effects and instrumental drift during the run, samples were 
spiked off-line with an internal multi-element standard (Linge and Jarvis, 2009; Wolf and 
Adams, 2015). Finally, samples were placed into the autosampler following an arrangement 
from the lowest to the highest nominal Cu concentration to avoid carry-over contamination 
during the analysis run.  
For quality control, several samples, method blanks, spiked samples, and a certified 
reference material, i.e. NASS-5 (National Research Council, Canada), were periodically 
analysed (in triplicates) throughout the run as described above. Obtained data was dilution and 




blank corrected to receive accurate analyte levels in the undiluted sample. Method blanks were 
constantly below the detection limit of the instrument, which illustrated that Cu contamination 
from chemicals, sample handling, and the procedure was negligible for all studies reported in 
this manuscript. The reference seawater had a certified value of 4.67 ± 0.72 nM for [CuT] and 
a measured [CuT] of 3.78 ± 1.1 nM. Repeated measurements of a spiked seawater sample 
showed a relative standard deviation (RSD) of 2.6 %. The precision of the method was thus 
acceptable. Recovery of the spiked samples was > 92 %. These results confirmed that the q-
ICP-MS measurements were able to precisely and accurately determine [CuT] in marine water 
samples with Cu concentrations > 1.5 nM after dilution. Consequently, this analysis technique 
was used to measure [CuT] of samples of the present thesis.  
 
2.4.1.2. High-Resolution Inductively Coupled Plasma Mass Spectrometry (HR-SF-ICP-MS) 
Samples with [CuT] < 1.5 nM, which were below the Cu detection limit of the q-ICP-MS 
(< 1.5 nM after a 10x or 15x dilution), were analysed using an automated off-line seaFAST 
(Elemental Scientific Instruments) pre-concentration system (Fig. 2.2 A) (Bown et al., 2017) 
combined with a subsequent trace metal analysis by a Nu Attom HR-SF-ICP-MS (Fig. 2.2 B). 
The method detection limit was ~0.2 nM for [CuT]. A detailed description of the method and 




Figure. 2.2: Automated off-line seaFAST pre-concentration system (A) combined with a Nu Attom High 
Resolution Sector Field Inductively Coupled Plasma-Mass Spectrometer (HR-SF-ICP-MS) (B). 
 
 
Acidified (~1.7 pH with q-HCl) samples (15 mL) were transferred into acid-cleaned 
polytetrafluoroethylene (PTFE) vials. From this, samples were UV-oxidized for at least 12 h in 
A)                                       B)     




order to destroy any strong organic Cu-complexing ligands, naturally present in solution, which 
otherwise cannot be out-competed by the chelating groups of the implemented resin (Nobias-
chelate PA1) within the seaFAST system (Bown et al., 2017). The irradiation step was executed 
using a photoreactor with a 400 W medium pressure mercury lamp. Once UV-oxidized, samples 
were transferred to the seaFAST system where they were individually pre-concentrated on a 
chelating resin, after pH adjustment of the samples with basic ammonium acetate (NH4Ac) 
solution to a pH of 5.8 ± 0.2. At this pH, the trace metals of interest in the sample complex with 
the chelating resin and are thus quantitatively removed from their seawater matrix. The resin 
column was then rinsed with a weak (0.05 M) NH4Ac solution to remove the bulk of the 
interfering major ions, such as Na+, Cl- and Ca2+. This step was followed by the elution of the 
trace metals of interest from the resin into pre-cleaned destination vials, by passing 1.0 mL of 
1.5 M q-HNO3 solution over the resin column (Biller and Bruland, 2012; Middag et al., 2015). 
The eluent acid was spiked off-line with Rh (10 ng/g) in order to highlight any aspiration 
problems, matrix effects, or instrumental drifts (i.e., drifts in sensitivity) during the ICP-MS run 
(Middag et al., 2015). The matrix removal and pre-concentration of the samples using the 
seaFAST system resulted in a pre-concentration factor of 10. This pre-concentration factor was 
verified via the addition of an internal standard (Lu and In to a final concentration of 5 nM for 
both elements) to each sample and standard solution prior to the extraction process (Middag et 
al., 2015). After the pre-concentration step, samples were subjected to a 10 x dilution with the 
eluent acid to bring the Cu concentration back into the practical measurement range for the 
subsequent HR-SF-ICP-MS analysis. The system was calibrated using standard additions of a 
SPEX multi-element standard (Cu addition between 0 to 50 nM) to seawater of low metal 
concentrations, producing a 5-point calibration line (Middag et al., 2015). For quality control, 
method blanks (i.e., Milli-Q), as well as certified reference materials (i.e., SLEW-3 and NASS-
6 from the National Research Council, Canada; SAFe D1 from GEOTRACES), were analysed 
multiple times. Calibration standards, blanks, and the reference materials were subjected to the 
same sample pre-concentration procedure as described above. Finally, samples were analysed 
with the HR-SF-ICP-MS using wet plasma at a resolution setting of 4000. Obtained metal 
concentrations were corrected for the blank, and the pre-concentration/dilution factor to receive 
accurate analyte levels in the untreated sample. The procedural blanks showed no analytically 
significant Cu levels. 
Quantitative recovery on the resin was verified by comparing the slope of the calibration 
line obtained from the extracted seawater standards to standards additions done directly to 
untreated eluent acid (i.e., these samples were not passed through the extraction system) 
(Middag et al., 2015). Recovery of the [CuT] of the method was acceptable (> 94 %). 




Furthermore, the accuracy of the analytical technique was tested with SLEW-3 for runs in April 
and July 2016. NASS was unfortunately out of stock but was run at a later time (August 2016) 
using the same method to confirm the accuracy of the analysis technique on lower range 
samples. SAFe D1 was used for runs in 2018. SLEW-3 (reference value 24.39 ± 1.89 nM Cu) 
had a measured value of 24.64 ± 0.07 (n=2) nM Cu, NASS-6 (reference value 3.9 ± 0.39 nM 
Cu) was determined to be 3.56 ± 0.01 (n=2) nM Cu, and SAFe D1 (reference value 2.33 ± 0.11 
nM Cu) had a measured value of 2.24 ± 0.07 (n=6) nM Cu. The accuracy of the analytical 
technique was thus within an acceptable range. The quality control confirmed the suitability of 
the HR-SF-ICP-MS method to accurately determine low levels of [CuT] in marine water 
samples. Consequently, this analysis technique was used to measure [CuT] of samples of the 
present thesis. 
 
2.4.2. Stripping voltammetry  
To date, numerous techniques such as Ion Selective Electrodes (ISE), Diffusive Gradients 
in Thin Films (DGT), Ion Exchange Techniques (IET), and voltammetry (Florence, 1986; 
Wang, 2008) have been developed to determine metal speciation in aquatic systems directly or 
indirectly (Gerringa et al., 1995; Achterberg and Braungardt, 1999; Wang, 2008). While the 
ISE measures the free-metal-ion activity directly (Khopkar, 1998), voltammetric methods, 
DGTs and IETs yield indirect information on the concentration of the chemically available, 
labile analyte (i.e., the bioavailable metal-fraction ([M’])) in a water sample (Bakker and 
Pretsch, 2002). At present, stripping voltammetry is the preferred electrochemical tool for metal 
speciation analysis due to its simplicity, selectivity, and suitability to provide high quality data 
at ultra-low concentration levels (detection limit of 10-9 to 10-12 mol/L), particularly in saline 
waters (Florence, 1982; Aragay and Merkoçi, 2012; Justino et al., 2015). Further, the ability to 
distinguish between labile and nonlabile metal species including the determination of ligand 
concentrations ([L]) and conditional stability constants (K) of CuL-complexes is a significant 
advantage of voltammetric methods in the study of metal speciation and associated metal 
toxicity (Wang, 2008). 
Voltammetry is a common analytical method based on current-potential-response 
measurements in a three-electrode system - the working electrode, the reference electrode and 
the counter electrode, which is also known as the auxiliary electrode (Henze, 1990; Achterberg 
and Braungardt, 1999). The registered analytical signal is the change in the current-potential 
behaviour during a redox-reaction of a metal of interest at the working mercury (Hg)-electrode, 
which itself is immersed into an electro active solution containing an unknown concentration 




of a metal of interest (Henze, 1990; Protti, 2001). The reference electrode is a half cell with a 
known reduction potential and used as a reference for measuring and controlling the potential 
of the working electrode (Henze, 1990). The counter electrode serves as a source or sink of 
electrons to balance the current observed at the working electrode (Henze, 1990).  
The high sensitivity and selectivity of the electrochemical method is the result of the 
separation of the analytical technique into 2 steps - a pre-concentration step necessary to isolate 
the metal of interest from the matrix, followed by a so-called stripping step (Achterberg and 
Braungardt, 1999). The most frequently and widely used stripping methods for marine samples 
are anodic stripping voltammetry (ASV) and adsorptive cathodic stripping voltammetry 
(AdCSV) (Sander et al., 2011). AdCSV includes the addition of salicylaldoxime (SA), a well 
characterised synthetic organic ligand, to create a competitive equilibrium for the metal of 
interest with the natural ligands present in solution (Van den Berg, 1982; Kleint et al., 2015). 
ASV primarily measures weak metal-binding complexes (i.e., L2), while AdCSV can detect 
stronger metal-binding organic ligand complexes (i.e., L1) in solution (Wang, 2008).  
 
2.4.2.1. Anodic stripping voltammetry (ASV) 
ASV is an established speciation technique employed to detect free hydrated metal 
species (Mf) (e.g., Zn
2+, Cd2+, Pb2+, and Cu2+), which react directly with the Hg-electrode, as 
well as some weak inorganic-metal-complexes [MXIN] (e.g., Cu(CO3)
0) (Henze, 1990; Bruland 
et al., 2000; Hudson et al., 2003; Sander et al., 2007). Metals like Cu are soluble in mercury 
and hence can be retained on the surface of the Hg-cell under the formation of an amalgam.  
ASV consists of a two-step analytical technique, including (1) a pre-concentration step 
involving an anodic process (conditioning potential: -0.5 V) during which the labile Cu species 
discharges itself, followed by a subsequent accumulation onto the surface of the hanging Hg-
drop-electrode (HMDE) (Henze, 1990) - formation of an amalgam (Cu(Hg)), and (2) an 
electrolytic dissolution or so called stripping step at a positive-going potential scan      (-0.4 to 
0.02 V) during which the accumulated Cu is oxidised back into solution (Achterberg and 
Braungardt, 1999; Protti, 2001) and the voltammogram is recorded (Henze, 1990). Typical Cu-
oxidation-peaks are in the region of - 0.16 V.  
 
2.4.2.1.1. Theory of ligand titrations and metal-ligand complexation 
The theory behind ligand-titrations is described in detail in the publication of Bruland et 
al. (2000) and will only be explained here briefly. The Cu speciation in a water sample can be 
described as: 




[CuT] = [Cuf] + [CuXIN] + [CuLi]        (1) 
[Cu’] = [Cuf] + [CuXIN]         (2) 
 
where [Cu]T is the total dissolved Cu concentration; [Cuf] is the free Cu ion concentration (i.e., 
Cu2+); [CuXIN] is the concentration of Cu complexed by inorganic ligands such as Cl
-, OH- and 
SO4
-2 (Luoma, 1983; Campbell et al., 2002; Semeniuk et al., 2015); [Cu’] is the bioavailable 
Cu concentration, which according to the Biotic Ligand Model (BLM) is the sum of [Cuf] and 
[CuXIN] (Luoma, 1983; Campbell et al., 2002; Semeniuk et al., 2015), and; [CuLi] is the 
concentration of Cu complexed by natural organic ligands present in solution. Li represents 
chemically ill-defined organic ligands (Tessier and Turner, 1995), which are grouped into 
different discrete classes (i) to simplify the overall Cu speciation equation (Sander et al., 2015). 
Each discrete class (i) is distinguished by its individual conditional stability constant (K) (Buck 
et al., 2012), such that L1 is defined as the strongest ligand class (logKL1 values of 12-14) (Town 
and Filella, 2000) and L2-i etc. rank the subsequent weaker ligand classes (logKL2 values of 8-
12) of Cu (Powell, 2015; Sander et al., 2015). The conditional stability constant is a 
thermodynamic equilibrium constant for the formation of a CuL-complex and indicates the 
quantitative strength of the complexing species for a given set of conditions within a specific 
natural water sample (Wells et al., 2013). 
The theory behind the Cu ligand titration is based on the assumption of a 1:1 complexation 
stoichiometry (Apte et al., 1988; Powell, 2015), which can be written as:  
 
[CuT] - [Cuf] = [LT] - [L’] = [CuL]        (3) 
 
In expression (3), [LT] denotes the total dissolved ligand-concentration and [L'] represents the 
concentrations of the unreacted species.  
For samples with only one organic ligand reacting with Cu, the conditional stability 






           (4) 
 
The above-mentioned definition of K reveals that K is not a constant, but depends on the 
ambient conditions and concentrations of the competing species unique to each solution 
(Powell, 2015). K does not account for the side reactions of Cu with inorganic ligands (XIN) 
and complexation reactions of organic ligands with other cations (e.g., Ca2+ and Mg2+) present 
in solution (Coale and Bruland, 1988; Wurl and Min Sin, 2009). The extent of the side reactions 




of L with other metals are unknown in seawater and hence cannot be corrected for, but those 
reactions involving Cu and major inorganic ligands are known and can be modelled without 
difficulty (Van den Berg, 1982; Wurl and Min Sin, 2009). The overall side reaction coefficient 
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For detailed information regarding the derivation of the side reaction coefficient see Wells et al. 
(2013). In this study the inorganic side reaction coefficient, specific for each water sample with 
different chemical composition (e.g., alkalinity, pH, and major ion composition) (Van den Berg, 
1982), was determined using the ion-pairing model for seawater by C. M. G. Van den Berg 
(http://www.liv.ac.uk/%7Esn35/Documents/Useful_links.html, verified June 2018) (Sander et 
al., 2007). 
The ASV method only detects the [Cu’], as all other Cu-binding organic complexes are 
electrochemically inert. Equation 1 can, therefore, be rearranged to Equation 6. 
 
[CuLi] = [CuT] - [Cuf] - [CuXIN] = [CuT]-ip/S      (6) 
 
where ip is the recorded peak current of the voltammogram, and S is the analytical sensitivity. 
The sensitivity (S) is obtained as the slope of the linear portion of the Cu titration curve (Cu 
concentration vs corresponding peak height) and is sample specific (Powell, 2015). 
The overall shape of the titration curve indicates the extent and nature of organic Cu 
complexation in the test media (Ružić, 1982). A marked change in the gradient of the titration 
curve identifies the point of saturation of the Cu-complexing capacity of the natural ligands in 
solution (Apte et al., 1988; Gerringa et al., 1995; Powell, 2015). Beyond this point, the graph 
is linear and theoretically identical to a graph obtained when analysing a sample without ligands 
(e.g., UV irradiated aliquot of the test media) (Powell, 2015). At this point of change, the 
recorded peak current (ip), which depends on the accumulation time (Henze, 1990), is 
proportional to the amount of Cu accumulated on the Hg-electrode, which in turn is a function 
of the [CuT] in the test solution (Henze, 1990; Achterberg and Braungardt, 1999; Protti, 2001; 
Sander et al., 2007; Wang, 2008).  
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Using Equation 6 and 7, K and [LT] can be extracted from the slope and the intercept of the 
[CuL] vs [Cuf] curve using any of data fitting techniques embedded in the ProMCC software 
(Omanović et al., 2015). The total concentration of the non electroactive organic ligands present 
in the sample solution can also be roughly estimated by extrapolating the linear end of the 
titration curve (Cu concentration vs. corresponding peak height) to the x-axis (Van den Berg, 
1982; Apte et al., 1988; Powell, 2015). For more information regarding the ProMCC software 
tool and its data linearization and non-linear curve-fitting methods see Section 2.4.2.5 and 
Omanović et al. (2015). 
 
2.4.2.2. Adsorptive cathodic stripping voltammetry (AdCSV)  
AdCSV is a method used to determine metals that do not form an amalgam at the Hg-
electrode (e.g., Al, Ni, Cr, Fe, Co), but which form an electrochemically-active complex (e.g., 
CuALn
+) with a well-characterised organic ligand (AL) added to the sample (Ružić, 1982; Van 
den Berg, 1982; Henze, 1990; Thomas and Henze, 2001; Powell, 2015). In this study, the 
synthetic reference ligand salicylaldoxime (SA) was used as the Cu-competing ligand, because 
the formation of the Cu(SA)x-complex in seawater is chemically well characterized and its 
detection sensitivity is better than for other known Cu-competing ligands (Wurl and Min Sin, 
2009; Powell, 2015). 
AdCSV is a frequently employed two-step analytical technique, which consists of (1) an 
establishment of a competing equilibrium between SA and any ambient Cu-binding organic 
ligands present in solution, followed by a subsequent deposition of the electroactive complex 
(Cu(SA)x) to the hanging Hg-drop-electrode at a fixed negative potential (-0.15 V) (Powell, 
2015), and (2) a stripping step (characteristic voltage scan -0.15 to -0.6 V) of the Cu(SA)x-
complex from the Hg-cell by reducing the Cu2+ in the adsorbed complex to Cu+ after a quiescent 
time of 5 s (Powell, 2015). Typical Cu-reduction-peaks are in the region of -0.2 to -0.4 V. 
 
2.4.2.2.1. Theory of the ligand-titration method - competitive exchange with an added 
ligand  
The theory behind the AdCSV technique is described in detail in the publications of 
Campos and Van den Berg (1994), Gerringa et al. (1995), as well as Sander et al. (2005) and 
hence will only be addressed briefly in the present manuscript. The addition of the synthetic 
organic ligand (SA) transforms the Cu mass-balance of a solution as follows: 
 
[CuT] = [Cuf] + [CuXIN] + [CuLi] + [Cu(SA)x]       (8) 
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where [SA'] represents the concentrations of the competing ligand not complexed with Cu. 
Based on a competing equilibrium, the concentration of the Cu(SA)x-complex is then 
calculated by Equation 10.  
 








         (11) 
 
Equation 11 includes the side reaction coefficient of the Cu(SA)x-complex (αCu(SA)x), but 
disregards the side reaction coefficient αCuXIN, as the side reactions of inorganic ligands are 
assumed to be negligible when compared to the excess of SA added to the test media (Powell, 
2015). In this study, the side reaction coefficient of the Cu(SA)x-complex and its conditional 
stability constant (KCu(SA)x) were determined using defined conditions in the ion-pairing model 
for seawater by C. M. G. Van den Berg.  
Cuf, CuXIN, and Cu(SA)x are electrochemically active and thus contribute to the analytical 
determination of the AdCSV method (Wang, 2008). However, due to the high side reaction 
coefficient of the Cu(SA)x-complex, [Cuf] and [CuXIN] are both negligible. The Cu mass-
balance in Equation 8 can thus be written as: 
 
[Cu(SA)x] = ([CuT] - [CuL])         (12) 
 
The linear part of the AdCSV-titration-curve corresponds to total dissolved Cu 
concentrations at which the Cu complexation capacity of the natural organic ligands in solution 
is saturated (Gerringa et al., 1995). At this point, the detected current (ip) is proportional to the 
amount of Cu(SA)x accumulated on the electrode surface, which itself is proportional to the 
concentration of Cu(SA)x in the test solution (Thomas and Henze, 2001; Powell, 2015). The 
current measured during the stripping step is also proportional to the corresponding sensitivity 
(S) of the analytical method, which yields expression 13:  
  
[Cu(SA)x] = ip/S = ([CuT] - [CuL]) = [Cuf] αCu(SA)x      (13) 




The free Cu ion concentration ([Cuf]) is then calculated from the analytical determination using 
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The speciation parameters can be extracted from the [CuL] vs [Cuf] curve using a variety 
of data-fitting methods, such as the Langmuir/Gerringa transformation, the Ružić/Van Den 
Berg transformation, and the Scatchard transformation included in the ProMCC software 
(Omanović et al., 2015).  
 
2.4.2.3. Apparatus and instrumental settings 
The voltammetric technique is based on a three-electrode system (Fig. 2.3). The working 
electrode in this study and routinely used for Cu speciation analysis was a controlled hanging 
Hg-electrode (HMDE), while a platinum wire served as the counter electrode, and an Ag|AgCl|3 
M KCl electrode functioned as the reference electrode.  
 
 
Figure. 2.3: Schematic of the voltammetric system used in this study. 
 
 




The electrode cell was controlled by a Metrohm 663 VA Stand connected to a PGSTAT10 
(Eco Chemie) potentiostat in combination with an IME 663 module (Eco Chemie) interfaced 
with a GPES v4.9 software (Fig. 2.3). The system was operated in a differential pulse mode at 
room temperature. Instrumental settings were adopted from Sander et al. (2007) and were 
adjusted to the following values: 
 
Table 2.1: Instrumental settings used during voltammetric measurements. 
 
Parameters ASV AdCSV 
Purge time [s] 200 200 
Conditioning Potential [V] -0.5 -0.15 
Duration [s] 10 – 120 10 – 120 
Deposition potential [V] -1.4  
Duration [s] 1  
Equilibration time [s] 5 5 
Modulation time [s] 0.05 0.05 
Interval time [s] 0.1 0.1 
Potential scan [V] -0.4 – 0.02 -0.15 – -0.6 
Step potential [V] 0.00195 0.00195 
Modulation amplitude [V] 0.04995 0.04995 
Hg-drop size 3 3 
 
ASV: anodic stripping voltammetry; AdCSV: adsorptive cathodic stripping voltammetry. 
 
2.4.2.4.   Experimental procedure and sample preparation 
2.4.2.4.1.   Total dissolved copper (CuT) analysis 
Filtered (0.2 µm) and acidified (with q-HCl to 1.7 ± 0.2 pH) aliquots (4 mL) of individual 
samples were separately transferred into acid-cleaned Teflon vials. Samples were then UV-
digested (Photoreactor with a 400 W medium pressure Hg-lamp) for at least 12 h in order to 
remove any ambient organic Cu-complexing ligands in solution (Kleint et al., 2015; Powell, 
2015). Once UV-oxidized and cooled down to room temperature, samples were individually 
pipetted into trace-metal-clean and previously conditioned voltammetric cups. Samples were 
then buffered to pH 8.1 ± 0.2 using 50 µL of a 1 M borate buffer and trace-metal grade NH4OH. 
The volume of NH4OH used was in the range of 15-45 µL, depending on the extent to which 
the sample was initially acidified (Powell, 2015). This step was followed by the addition of SA 
to a final concentration of 25 µM. The sample was then left for 20-30 min to allow the 
complexation of Cu with the synthetic ligand to complete, i.e. formation of the 
electrochemically-active Cu(SA)x-complex (Kleint et al., 2015). The total dissolved Cu 
concentration in each sample was subsequently determined by AdCSV.  




Prior to analysis, samples were deaerated with N2 for at least 2 min (Campos and Van den 
Berg, 1994; Protti, 2001) to remove reactive dissolved oxygen from solution. Prolonged 
purging with N2 and the maintenance of an N2-blanket above the sample improved the 
sensitivity of the voltammetric determination (Louis et al., 2009; Henze, 2013) and avoided the 
evaporation of the sample during measurement. Nitrogen was also used to provide pressure to 
the Hg-electrode. During deposition, the electro-active Cu(SA)x-complexes were absorbed 
onto a fresh Hg-drop at an applied potential of -0.15 V. Deposition times were kept constant 
for aliquots of the same sample, but ranged from 10-120 s for different samples according to 
the [CuT] in the unspiked sample. Samples with low initial [CuT] required longer deposition 
times to produce smooth and stable voltammograms with distinctive peaks, while short 
adsorption times were adhered to for samples with high initial [CuT] in order to avoid electrode 
saturation issues. Samples were stirred during deposition with a PTFE rotating rod to facilitate 
the pre-concentration step of the electro-active complexes onto the Hg-electrode. After the 
deposition step, the solution was left quiescent for 5 s (i.e., equilibrium time) without stirring. 
From this, samples were scanned in the differential pulse mode from -0.15 to -0.60 V with a 20 
mV/s pulse rate and a 50 mV modulation amplitude. Afterwards, the change in the stripping 
current due to the redox reactions of the Cu(SA)x-complex (i.e., peak height) was recorded. 
Every measurement was repeated three times, each with a freshly generated Hg-drop (Kleint et 
al., 2015), to assure a good reproducibility of the peak height within ± 5 % RSD. After the first 
measurement, a standard addition procedure of a known Cu standard was used to determine the 
[CuT] of the tested sample (Henze, 1990). The pH of each sample, before and after analysis, 
was monitored in aliquots using a GonDO PL-700AL pH meter calibrated against NBS pH 
buffers 4, 7 and 9 to ensure that the pH was maintained during analysis. A pH in the region of 
8-8.3 was necessary to assure an efficient electrode reaction without noisy electrode signals 
(Protti, 2001) as well as to prohibit the dissociation of the Cu(SA)x-complex at pH levels < 6 
(Campos and Van den Berg, 1994). 
Finally, each voltammogram was baseline corrected (i.e., subtraction of the stripping 
response in the absence of accumulated Cu on the working electrode) and the linear standard 
addition curve was plotted - added Cu concentrations vs corresponding normalized peak 
currents. The [CuT] of each sample, i.e. the x-intercept, was then evaluated by dividing the 
intercept (I) with the slope (S) of the standard addition curve (Fig. 2.4). 
 
[CuT] = I/S           (15) 
 






Figure. 2.4: Example of a standard addition curve using AdCSV for a reference seawater sample (SLEW-3). The 
method was implemented using 25 µM SA at a deposition potential of -0.15 V. Extrapolation of the linear trend-
line to the x-axis, as depicted by the dashed line, gives a crude estimate of the ([CuT]) in the reference sample.   
 
 
The obtained [CuT] were then dilution corrected to receive accurate analyte levels in the 
undiluted sample. The detection limit of the method was 0.1 nM for [CuT].  
The accuracy of the voltammetric method was assessed by measuring [CuT] (Kleint et al., 
2015; Powell, 2015) in a certified reference material, i.e. SLEW-3. After repeated 
measurements of the UV-irradiated SLEW-3 (n=4), the [CuT] was determined to be 23.24 ± 
0.64 nM with a RSD of 2.8 %. The analytical error for SLEW-3 was within ± 4.7 % of the 
reference value. Cu contamination from chemicals, sample handling and the procedure itself 
was hence negligible. The precision of the method was evaluated by multiple measurements 
(n=4) of the [CuT] of a test seawater sample with a measured [CuT] of 3.44 ± 0.05 nM and a 
RSD of 1.5 %. The recovery of the analysis techniques was evaluated on spiked samples, 
resulting in a recovery between 93-107 %. Accuracy, precision, and recovery of the analytical 
technique were acceptable, suggesting that the AdCSV method is able to accurately determine 
[CuT] in seawater samples (Powell, 2015). 
 
2.4.2.4.2.   Cu-speciation measurements and analysis: 
Samples for ASV were thawed in a fridge over 1-2 days at 4 °C and then allowed to reach 
room temperature (21 ± 1 °C). Ten mL of a sample was then pipetted into an acid-cleaned 
quartz titration cell, followed by the addition of 100 µL trace-metal-clean borate buffer to 
maintain the sample pH at 8.0 ± 0.2 during analysis. From this, a 12 point Cu titration series of 
an atomic adsorption spectrometry Cu standard, in the range of 0-500 nM, was performed 
following a logarithmic scale (Garnier et al., 2004; Louis et al., 2009). The added Cu 




concentration was varied between samples, depending on the initial [CuT] and the expected 
ligand concentration of the sample (Sander et al., 2007). Cu-additions were pipetted into the 
same vial and equilibration times of 1.5 h were met between each ASV measurement (n=3) and 
subsequent Cu-spike (Louis et al., 2009). Voltammetric measurements were made using a -0.5 
V conditioning potential for 10-90 s, followed by a deposition potential of -1.4 V for 1 s (Louis 
et al., 2009). This strong negative potential allows the removal of surfactants, which may 
otherwise produce artefacts at the Hg-electrode surface and thus result in inaccuracies of the 
Cu-binding parameters (Louis et al., 2008 and 2009). The potential was scanned from -0.4 to 
0.02 V with a 20 mV/s pulse rate and a 50 mV modulation amplitude. 
For the AdCSV method, 4 mL aliquots of a thawed sample were separately transferred 
into 8 to 12 acid-cleaned and pre-conditioned Teflon vials. Conditioning of the PTFE vials was 
executed for 48 h using seawater with the same Cu concentrations as used in the titration run to 
prevent any Cu adsorption to the vial walls during the equilibration step. Afterwards, 100 µL 
of 1 M borate buffer was added to each vial, followed by geometrically spaced and increasing 
Cu-additions (range of 0-500 nM) to each sample aliquot. Cu-additions were typically 
performed from the lowest to the highest Cu concentration to minimise the risk of potential 
carry-over-contamination. A 20 min equilibration period was then implemented to allow the Cu 
to bind with the natural organic ligands present in solution. Subsequently, SA - the competing 
ligand - was added to each vial at a final concentration of 5 μM. The concentration of SA in the 
media was controlled by the desired titration window but was always well in excess of the 
[Cu2+] and other trace metals in solution able to form stable complexes with SA (Sander et al., 
2007; Kleint et al., 2015; Powell, 2015). The samples were then left to equilibrate for at least 
12 h until the competing equilibrium between the added ligand (SA) and any natural Cu-binding 
ligands in solution was established (Powell, 2015), which resulted in stable CuSA-peaks 
(Sander et al., 2007). Once equilibrated, samples were analysed multiple times (n=3) with the 
AdCSV method using the instrumental parameters given in Table 1 and as described for the 
total dissolved Cu measurement. Titrations reported here were performed at a pH of 8.0 ± 0.2, 
making a direct comparison of Cu speciation parameters possible (Sander et al., 2005). To avoid 
carry-over-contamination of samples, voltammetric analysis started with the low Cu samples 
and then continued with high Cu samples.The conditioned voltammetric quartz cell was rinsed 
between titrations of the same sample using Milli-Q (Campos and Van den Berg, 1994). For 
cleaning the system in between different samples, the electrode and the cell were rinsed with 
0.5 M q-HCl followed by a Milli-Q rinse. Furthermore, constant temperature was maintained 
(Protti, 2001) and instrumental settings were kept constant during the analysis.  




Once the ASV and AdCSV titrations were completed, a polynomial baseline subtraction 
was applied for each voltammogram to determine the accurate peak height for each potential 
scan (Coale and Bruland, 1988; Omanović et al., 2010). Peak height was chosen as the 
characteristic signal value and was further used for the calculations of at-equilibrium speciation 
parameters (i.e., [CuXIN], [Cu
2+], [L] and K) of each solution using the ProMCC software 
(Omanović et al., 2015). Several measurements of different sample aliquots of the same sample 
repeatedly gave the same titration curve, which confirmed that the two implemented 
voltammetric methods were able to determine precisely the Cu speciation parameters in tested 
seawater samples. As an additional quality assurance mechanism titration points were back-
calculated, using the obtained speciation results, with the simulation feature embedded in the 
ProMCC software (Wells et al., 2013; Pižeta et al., 2015). Back calculations indicated a good 
agreement between experimental and simulated titration data points.  
 
2.4.2.5.  Mathematical methods to analyse voltammetric data 
The ProMCC software (https://sites.google.com/ site/mccprosece/download; Omanović 
et al., 2015) was used to calculate the Cu complexation characteristics (i.e., [CuXIN], [Cu
2+], 
[L] and logK) for a given sample from a titration curve. The ProMCC software incorporates 
three complementary data fitting methodologies - (1) Langmuir/Gerringa transformation (Fig. 
2.5 B); (2) Ružić/Van Den Berg transformation (Fig. 2.5 C), and; (3) the complete complexation 
fitting model - to describe the concentration and binding strength of metal-complexing ligands 
in a particular seawater sample (Omanović et al., 2015; Pižeta et al., 2015). To estimate reliable 
metal-speciation parameters, ProMCC uses a numerical approach based on the Morel tableau 
(Hudson et al., 2003; Sander et al., 2011; Pižeta et al., 2015).   
 
 
Figure. 2.5: Titration data sets for 1L and 2L-models represented in four different manners within the ProMCC 
software: A) original titration curve; B) Langmuir/Gerringa transformation; C) Ružić/Van Den Berg 
transformation, and; D) Scatchard transformation. [M]f is the free metal-concentration and [ML] is the 
concentration of the metal-ligand-complex (Omanović et al., 2015).  
 
 




The Ružić/Van den Berg linearization method, based on the Langmuir isotherm (Eq. 16), 
is the most commonly used and most precise linearization method for one ligand systems 











          (16) 
 
The Ružić/Van den Berg linearisation transformation produces a linear relationship between 
[Cuf]/[CuL] vs [Cuf] (Fig. 2.5 C) from which the total ligand concentration ([L]) can be 
calculated using the inverse of the slope, while the conditional stability constant can be obtained 
with K = (α slope)/y-intercept (Omanović et al., 2010; Powell, 2015).  
For direct fitting of multi-ligand systems, a non-linear fitting method is favoured (Sander 
et al., 2007; Omanović et al., 2010; Powell, 2015). A widespread and common data treatment 
for non-linear curve fitting techniques was pioneered by Gerringa (Gerringa et al., 1995) and is 
generally referenced as the Langmuir/Gerringa transformation method (Omanović et al., 2010). 
The Langmuir/Gerringa equation is described in Equation 17, which can easily be extended for 
additional ligands if needed (Sander et al., 2007; Omanović et al., 2010; Powell, 2015).  
 








…        (17) 
 
The Langmuir/Gerringa transformation produces a curved shaped plot of [CuL] vs [Cuf], (Fig. 
2.5 B) from which [L] and K can be obtained (Omanović et al., 2010; Powell, 2015).  
Several studies have shown that the Scatchard transformation consistently produced 
insufficient results for both stability constants and ligand concentrations relative to the other 
fitting methods (Apte et al., 1988). The Scatchard transformation is hence not discussed in this 
manuscript and is also not included as a mathematical model in the ProMCC software. 
Nevertheless, a scatchard plot is a good tool to visually identify the number of ligand classes 
present in a tested sample. This mathematical transformation is, therefore, visualized as a plot 
in the ProMCC software (Fig. 2.5 D) to facilitate the selection of the correct complexation 
model on which data will be fitted, i.e. one-, two- or three-ligand model (Omanović et al., 2015).  
In this study, the widespread and commonly used complete complexation fitting model 
was utilized to calculate the Cu speciation parameters of a specific sample. The methodology 
of the complete complexation fitting model is based on solving the true mass-balance equilibria 
(a matrix based optimization of mass balance equations using Morel's tableau) of all 
components included in a particular system (Omanović et al., 2015). For fitting data using the 
complete complexation model a PROSECE code is implemented in the ProMCC software. 




Shortly, PROSECE combines speciation calculation subroutines and iterative optimization 
loops as a fitting methodology (Omanović et al., 2015). The matrix-based speciation calculation 
is using the Newton–Raphson optimization method for solving mass balance equations, 
according to predefined Morel tableau definitions, which represent all chemical reactions 
present in a specific system (Omanović et al., 2015). The optimization subroutine (based on 
modified simplex) adjusts selected parameters and thus results in a new set of parameters for 
each new speciation calculation (Omanović et al., 2015). This process is iteratively repeated 
until a minimal fitting error is reached. 
  
2.4.2.6. Limitations of voltammetric analysis techniques 
While AdCSV remains an indispensable tool for evaluating [Cu’], [L], and logK values, 
it is clear that this method suffers from several limitations that can lead to significant 
misrepresentation of Cu complexation parameters in seawater samples (Jacquot, 2013; Powell, 
2015). Some of the major issues and uncertainties of the electrochemical method are listed 
below: 
 
(1) The voltammetric technique works under the assumption that natural organic ligands 
exist in well-defined classes, which can be operationally distinguished and measured 
independently from each other (Town and Filella, 2000; Whitby, 2016). However, in 
complex and heterogeneous natural saline waters it is much more likely that a continuum 
of organic ligands exists, i.e. ‘ligand-soup’, without specific partitioning into different 
ligand classes (Town and Filella, 2000; Wells et al., 2013; Whitby, 2016).  
 
(2) Data fitting methods embedded in the ProMCC software are model simplifications 
based on the assumption that metal-ligand complexation processes occupy a 1:1 metal-
ligand stoichiometry (Omanović et al., 2010), even though multidentate binding 
properties of organic ligands could be expected and might be more realistic (Tipping, 
1998). 
 
(3) Speciation values obtained using the ProMCC software represent weighted averages of 
mixtures of many different organic ligands, thereby complicating the differentiation and 
calculation of individual K and [L] when multiple ligands are present in tested water 
samples (Wells et al., 2013).  
 




Advances in current analysis techniques, including the development of modelling procedures 
with fewer assumptions and less room for selective bias, are necessary to unravel the 
uncertainties regarding Cu speciation parameters (Whitby, 2016). 
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Scope of this chapter 
This chapter focuses on Cu speciation and factors controlling the distribution of Cu, in all 
its forms, from the coast to the open ocean in the Hauraki Gulf region, north-eastern New 
Zealand. Cu complexation processes are of prime importance to the overall biogeochemistry of 
Cu in the marine environment and the community structure of phytoplankton, since Cu 
bioavailability underpins the role of Cu as an essential nutrient and governs its toxicity. Even 
though speciation studies are known to be pivotal to the understanding of marine 
biogeochemical processes of Cu and other trace metals, trace metal speciation studies around 
New Zealand are scarce owing to the technical challenges and costs of trace metal speciation 
measurements. The present work, therefore, focuses on the distribution and speciation of 
dissolved Cu, as an example transition metal, along a shelf-to-ocean transect from the Hauraki 
Gulf to the open ocean. This work will provide insight into the environmental fate of Cu and 
expand our knowledge of Cu complexation processes in the South Pacific Ocean.  
 
 
Figure. 3.A: Schematic of the cognitive space that Chapter 3 fills in the thesis. This chapter examines Cu 
speciation and factors controlling the distribution of dissolved Cu from the coast, over the shelf, to the open ocean 
(Graphic created by Vanessa Zitoun).  





Information on the distribution and speciation of bioactive trace metals, such as copper 
(Cu), is of critical importance for understanding the biogeochemical cycling of trace metals in 
the ocean and their effect on the physiology and community structure of phytoplankton in the 
water column. Hence, this work examined both the distribution and the speciation of total 
dissolved Cu (CuT) along a cross-shelf (CS) transect from the Hauraki Gulf (north-eastern New 
Zealand) to the open ocean in autumn 2015 and 2016. This work is the first detailed study of 
Cu speciation and complexation in the region of the Hauraki Gulf and the western part of the 
Pacific Ocean. Total dissolved Cu was analysed using an automated off-line seaFAST 
(Elemental Scientific Instruments) pre-concentration module combined with a Nu Attom High-
Resolution Sector Field Inductively Coupled Plasma-Mass Spectrometer (HR-SF-ICP-MS), 
while Cu speciation was assessed with adsorptive cathodic stripping voltammetry (AdCSV) 
with salicylaldoxime (SA) as the competing ligand. Hydrographic conditions, CuT distribution, 
and Cu speciation parameters were temporally relatively similar across the CS-transect during 
both sampling periods. Total dissolved Cu concentrations in the upper 10 m ranged from 0.32 
to 1.16 nM. CuT profiles showed a nutrient-scavenging hybrid type element distribution with 
surface depletion and linear increasing concentrations with depth. Throughout the working area 
organic ligands (LT) bound ~ 99.7 % of the CuT, i.e. [LT] exceeded [CuT] at all depth across all 
stations, buffering free ionic Cu concentrations ([Cu2+]) to picomolar levels (0.001 to 0.195 
pM). Consequently, organic ligand complexation kept the [Cu2+] well above the Cu deficiency 
threshold and below the Cu toxicity threshold reported for marine microorganisms. Estimated 
conditional stability constants (logK) were relatively uniform (ranged between 11.4 and 13.6) 
in the working area, indicating that the chemical nature of prevalent Cu-binding ligands is 




 with depth, and logK values similar to those known for ligands excreted by 
marine microorganisms, suggest a common and presumably biological source (i.e., ligand 
production by phototrophic and photosynthetic microorganisms) of prevalent organic ligands 
in the euphotic zone of the Hauraki Gulf region. Poor correlations of [LT] with chlorophyll a 
(chl-a), dissolved organic carbon (DOC), and particulate organic carbon (POC) concentrations 
(both POC and DOC are part of the marine ligand pool) indicated either that (1) the distribution 
and concentration of the organic ligands reflect the distribution of different source species; (2) 
LT has various allochthonous and autochthonous sources, some of which are still unknown, or; 
(3) different Cu-binding ligands have different chemical properties, such as multidentate 
binding or non-specific metal binding affinities (i.e., competition of several metals for the same 




ligand binding sites). The latter statement is supported by the lack of a statistically significant 
correlation between [LT] and [CuT], which demonstrates the importance to chemically 
characterise organic ligands in the marine environment. Further, prevalent local [LT] maxima 
in intermediate and deep waters above the seafloor, as well as the variability in the [Cu2+] 
profiles likely reflect sources and sinks from remineralised sinking organic matter (OM), 
resuspended benthic inputs, or lateral advected inputs from the coast and shelf. The poor 
correlation of [LT] and [Cu
2+] with measured abiotic and biotic parameters suggest that there is 
no simple relationship between Cu speciation parameters and environmental factors in the 
working area. This output raises interesting questions about how Cu speciation is controlled in 
the Hauraki Gulf region. The current work provides a first insight into the environmental fate 
of Cu in the Hauraki Gulf and expands our knowledge of Cu complexation processes in the 
South Pacific. A greater focus on the characterization of the chemical structure of organic 
ligands, the identification of their sources, and the quantification of factors and processes 
controlling Cu speciation using appropriate emerging analytical techniques (e.g., stable isotope 
geochemistry and High Performance Liquid Chromatography (HPLC) analysis) could produce 
a more complete understanding of Cu dynamics in the marine environment and should be 
included in future research.  
 
3.1. Introduction 
3.1.1. Speciation in natural saline waters  
Urbanisation, industrialization, and agricultural intensification have produced a 
measurable increase in the concentration of trace metals in the marine environment (Mann et 
al., 2002; Williams and Hall, 1999). These anthropogenic inputs are a cause of concern, because 
the window between trace metal sufficiency and toxicity can be narrow (Mann et al., 2002; 
Sander et al., 2015). Copper (Cu) is one example, whilst being an essential component of 
various enzymatic pathways, respiratory proteins, and oxidases of biota (Barón et al., 1995), 
excess Cu concentrations are known to retard organism’s vital processes until a lethal 
concentration is reached (Kiaune and Singhasemanon, 2011). However, for a trace metal to 
have toxic or bio-limiting effects to biota, it must be present in a bioavailable form, a form 
generally associated with the free metal-ion concentration ([Mf]), rather than the total dissolved 
metal concentration ([MT]) (Anderson and Morel, 1978; Brand et al., 1986; Kozelka and 
Bruland, 1998). In the case of Cu, free Cu2+ concentrations ([Cu2+]) > 1 pM (Brand et al., 1986) 
in the natural marine environment have been shown to adversely affect some Archaea (Amin 
et al., 2013; Glass and Orphan, 2012; Jacquot et al., 2014) and phytoplankton species (Annett 




et al., 2008; Brand et al., 1986; Guo et al., 2010; Mann et al., 2002; Morel et al., 1978), while 
Cu2+ levels ≤ 0.01 pM (≤ 0.2 pM for ammonia-oxidizing Archaea (Amin et al., 2013; Jacquot 
et al., 2014)) have been found to be bio-limiting to several different microorganisms 
(Maldonado et al., 2006; Peers et al., 2005; Sunda and Huntsmann, 1995). Consequently, it is 
important to determine the chemical speciation (i.e., the variety of chemical forms in which a 
trace metal can occur in a system (Bruland and Lohan, 2003)) of bioactive trace metals in order 
to understand their toxicity, reactivity, and biogeochemical behaviour in the marine 
environment.  
The chemical speciation equation of total dissolved Cu (CuT) in seawater can be written 
as CuT = Cu
2+ + CuXIN + CuL, where Cu
2+ is the free, hydrated Cu ion, CuXIN is the fraction of 
Cu weakly complexed to inorganic ligands, and CuL is the fraction of Cu-complexed to natural 
organic ligands. In seawater, Cu speciation is dominated by strong complexation with natural 
organic ligands (Bruland et al., 2014; Bruland et al., 2000; Buck et al., 2012; Kiaune and 
Singhasemanon, 2011; Whitby et al., 2018), which stabilize Cu in the dissolved form and thus 
alleviate Cu limitation or reduce Cu toxicity to affected organisms (Gledhill et al., 1999; Leal 
et al., 1999). Approximately 89 to 99 % of the CuT in seawater exists as stable, organic 
complexes throughout the water column (Buck et al., 2007; Coale and Bruland, 1990; Donat 
and Van den Berg, 1992; Kiaune and Singhasemanon, 2011; Kozelka and Bruland, 1998; 
Moffett et al., 1990; Moffett, 1995; Moffett and Dupont, 2007; Tang et al., 2001; Van den Berg 
et al., 1987), resulting in bioavailable Cu concentrations ([Cu’]) (i.e., Cu’ = Cu2+ + CuXIN) 
below 1 pM, a level below the toxic threshold of many marine microorganisms, for most open 
ocean and unpolluted coastal areas (Brand et al., 1986; Buck and Bruland, 2005; Buck et al., 
2007; Heller and Croot, 2015; Kiaune and Singhasemanon, 2011; Kozelka and Bruland, 1998; 
Moffett et al., 1997; Tang et al., 2001). [Cu2+] can, however, increase to potentially sub-lethal 
and toxic levels when the Cu complexation capacities of organic ligands are saturated in the 
water column (Mann et al., 2002; Moffett et al., 1997). 
The extent of Cu complexation processes with organic ligands depends on the ligand 
concentration ([L]) and their complex stability (logK) with Cu. Owing to analytical and 
methodological restrains, stability constants of Cu-binding ligands in seawater are typically 
divided into two ligand classes, even though it is likely that there is a continuum of organic 
ligands present (Heller and Croot, 2015). The first ligand class, referred to as L1, generally 
characterizes strong ligands with logK values between 12 and 14 (Town and Filella, 2000), 
whereas the stability constants of weaker organic ligands, i.e. L2, range from 8 to 12 (Vraspir 
and Butler, 2009). Although little is known about the chemical identity of the heterogeneous 
marine Cu-binding organic ligand pool (Whitby and Van den Berg, 2015), field and laboratory 




studies found a strong link between L1 and thiols (e.g., glutathione and cysteine), as well as L2 
and humic substances (HS: humic and fulvic acids) (Buck et al., 2007; Donat et al., 1994; 
Laglera and Van den Berg, 2003; Moffett and Dupont, 2007; Whitby et al., 2017; Whitby and 
Van den Berg, 2015). Strong Cu-binding organic ligands are found at concentrations (usually 
< 2 nM (Coale and Bruland, 1988; 1990)) generally equal to, or higher than, the [CuT] of 
ambient surface seawater and are thus responsible for most of the Cu complexation in the 
surface waters of the open ocean (Boyle et al., 1977; Heller and Croot, 2015; Moffett and 
Dupont, 2007; Thompson et al., 2014; Whitby, 2016). With increasing depth, [L1] and total 
ligand concentrations ([LT] = [L1] + [L2]) typically decrease, while free [Cu
2+] increase (up to 
0.7 pM), suggesting that strong Cu-binding organic ligands are of biological origin rather than 
derived from refractory compounds (Coale and Bruland, 1988; 1990; Mann et al., 2002; Moffett 
et al., 1990; Moffett and Dupont, 2007).  
Concentrations and binding capacities of Cu-binding organic ligands are usually not 
uniform throughout the water column (Coale and Bruland, 1988; Mann et al., 2002). They vary 
with physical (e.g., weather, atmospheric deposition, stratification, currents, and water mixing 
processes), biological (e.g., phytoplankton activity), and geochemical processes (e.g., 
photodegradation, remineralisation of organic matter (OM) at depth and (reversible) scavenging 
on sinking particles), as well as continental (i.e., river and groundwater flux), atmospheric, 
hydrothermal, and lithogenic (i.e., resuspended material from sediments and diffusion from 
sediments) Cu fluxes and ligand inputs. The sum of these factors results in spatial and temporal 
variability in [L] and [Cu2+] over three dimensions and time (Buck et al., 2017; Heller and 
Croot, 2015; Little et al., 2018; Mann et al., 2002; Moffett et al., 1990; Moffett, 1995), which 
complicates any generalisation of Cu fluxes, cycling, speciation, bioavailability, and toxicity, 
and inhibits good model predictions for natural saline waters. 
In addition to controlling bioavailability to marine organism, organic complexation also 
influences CuT distribution in the water column by retaining Cu in the dissolved phase, which 
reduces precipitation and scavenging, two major Cu sinks in the global ocean (Bruland et al., 
2000; Bruland et al., 2014; Kiaune and Singhasemanon, 2011; Whitby et al., 2018). In surface 
waters [CuT] are generally between 0.2 to 2 nM and typically increase with depth, attributed to 
biological uptake in the surface ocean and remineralisation at depth combined with organic L-
complexation, scavenging onto particles, and sedimentary input (Boyle et al., 1977; Heller and 
Croot, 2015; Little et al., 2018; Moffett and Dupont, 2007; Thompson et al., 2014; Whitby, 
2016). As a result, CuT typically displays a hybrid distribution between a scavenged and a 
nutrient like vertical depth profile in marine waters (Little et al., 2018).  




3.1.2. Aim of the study 
Although the distribution of trace metals has been intensively studied in several ocean 
basins, comparatively little data is currently available on trace metal speciation, metal-binding 
ligands, and their driving processes in marine systems (Bundy, 2014). It is well established in 
the marine chemistry community that trace metal speciation is critical to determine and 
understand the environmental fate of trace metals in marine ecosystems, but many aspects of 
Cu speciation (e.g., bioavailability, toxicity) and especially trace metal complexation (e.g., 
ligand sources, chemical identity of ligands, and the biogeochemical behaviour of ligands) are 
still either not known or only poorly understood. This lack of knowledge indicates that more 
progress has to be made in the field of trace metal speciation. The current study focuses on Cu 
to evaluate transition metal speciation and associated metal-ligand complexation processes 
along a coast-to-open ocean transect in subtropical waters. The overall aim was to increase the 
global dataset of Cu speciation and thus offer new insight into Cu speciation processes in the 
marine environment. These data will likely improve current understanding of the factors that 
influence [L] and [Cu2+] in the marine environment and clarify the implications Cu speciation 
may have on phytoplankton communities and the wider ocean biogeochemical cycling of Cu 
(Little et al., 2018; Whitby, 2016). To advance current knowledge, this work examined both the 
distribution and the speciation of Cu, across a cross-shelf (CS) transect from the Hauraki Gulf 
to the open ocean (north-eastern New Zealand). Six stations were sampled under trace-metal-
clean conditions to obtain detailed vertical water column profiles during two cruises of the 
National Institute of Water and Atmospheric Research (NIWA) on the RV Tangaroa in May 
2015 (TAN1506) and April 2016 (TAN1604) (Table 3.1). Total dissolved Cu concentrations 
([CuT]) were determined by sample pre-concentration using an offline seaFAST system coupled 
with a High-Resolution Sector Field Inductively Coupled Plasma-Mass Spectrometer (HR-SF-
ICP-MS), while Cu speciation was evaluated using adsorptive cathodic stripping voltammetry 
(AdCSV) with salicylaldoxime (SA) as the synthetic reference ligand.  
 
3.2. Materials and methods  
3.2.1. Study site 
Seawater samples were collected during a cross-shelf (CS) transect from the Hauraki Gulf 
to the open ocean (north-eastern New Zealand), during two oceanographic cruises lead by 
NIWA on the RV Tangaroa in May 2015 (TAN1506) and April 2016 (TAN1604) (Fig. 3.1). 
The Hauraki Gulf region was chosen as a study site due to (1) its proximity to Auckland, New 




Zealand’s largest and fastest growing city, which as a consequence leads to high trace metal 
discharges into the Gulf (Aguirre et al., 2016; Zeldis et al., 2004), and (2) the fact that shelf-
break regions are characterised by high primary and secondary productivity of phytoplankton 
and meso-zooplankton, due to CS mixing processes (i.e., upwelling and terrigenous input) 
(Wollast, 2002; Zeldis, 2004; Zeldis et al., 2004). Both factors make the relatively narrow (< 
40 km) New Zealand shelf (Murphy et al., 2001; Zeldis et al., 2004) a good study region to 
evaluate the concentration and distribution of CuT, Cu
2+, as well as L and discuss the potential 
effects of Cu speciation (i.e., risk assessment) on the productive biomass of the working area.  
 
 
Figure. 3.1: A) Location map of the Hauraki Gulf region showing sampling sites for B) TAN1506 and C) 
TAN1604 along the cross-shelf (CS) transect. Circles (●) indicate stations sampled for trace metals only, while 
stars ( ) represent stations sampled for both trace metals and ligands. The grey arrow in A) reflects the south-
eastward flowing East Auckland Current (EAUC). 
 
 
Sampling stations consisted of six trace metal stations for TAN1506 and TAN1604, 
including six ligand stations for TAN1506 and three ligand stations for TAN1604, to give a 
spatial overview of [CuT] and Cu speciation parameters in the region (Table 3.1). The same 
stations were sampled during TAN1506 and TAN1604 and serve as “repeat-stations” for future 
sampling expeditions. The sampling sites were located along a northern CS-transect, i.e. from 




the shelf (CS2, ~60 m bottom depth) across the shelf-break to the inner abyssal waters (CS25, 
~3250 m bottom depth) of the Hauraki Gulf region (Fig. 3.2; Table 3.1).  
 
 
Figure. 3.2: Bathymetric cross section of the cross-shelf (CS) transect in the Hauraki Gulf region from the shelf 
(CS2 and CS7) over the shelf-break (CS10), the shelf slope (CS14), and the continental rise (CS19), to the open 
ocean (abyssal: CS25). Yellow lines represent trace metal stations (n=6), while stars ( ) indicate stations sampled 
for both trace metals and Cu-binding organic ligands (n=3) during TAN1506 and TAN1604. 
 
 
Up to 12 depths, including surface, intermediate, and deep water masses, were sampled to a 
maximum depth of 2400 m. Water samples were usually collected with closer sample spacing 
in the upper 100 m of the water column, compared to deeper waters. 
 
Table 3.1: Locations of stations sampled during the TAN1506 (May, 2015) and TAN1604 (April, 2016) 
cruises across the cross-shelf (CS) transect in the Hauraki Gulf region, north-eastern New Zealand.  
Cruise Station Latitude Longitude 
Total depth 
(m) 
# TM # Ligand 
TAN1506 CS2 -36° 11.15  174° 54.92 60 4 4 
TAN1506 CS7 -35° 46.88  175° 9.80 149 6 6 
TAN1506 CS10 -35° 32.32  175° 18.73 453 7 7 
TAN1506 CS14 -35° 12.90  175° 30.64 1058 8 10 
TAN1506 CS19 -34° 48.63  175° 45.52 1803 8 8 
TAN1506 CS25 -33° 22.8  176° 36.0 3250 8 10 
TAN1604 CS2 -36° 11.18  174° 54.93 48 4 - 
TAN1604 CS7 -35° 46.97   175° 9.63 136 7 7 
TAN1604 CS10 -35° 32.69   175° 18.62 439 9 - 
TAN1604 CS14 -35° 12.84   175° 30.62 1210 12 12 
TAN1604 CS19 -34° 48.40   175° 45.31 1879 12 - 
TAN1604 CS25 -33° 22.53  176° 23.36 2695 12 12 
        TM: trace metal; #: number of samples; -: no samples taken. 
 




Stations were sampled for detailed vertical trace metal profiles of the water column 
along the south-eastward flowing East Auckland Current (EAUC). The EAUC is highly 
variable (e.g., velocities and temperatures) and influences the continental slope on the north-
east coast of New Zealand’s North Island down to ~2000 m water depth (Chiswell et al., 2015; 
Stanton and Sutton, 2003). Additionally, the EAUC re-circulates subtropical surface waters in 
several eddy structures, thereby impacting mixed-layer depths and water-mass formation 
(Chiswell et al., 2015; Roemmich and Cornuelle, 1990; Stanton and Sutton, 2003). The main 
water masses that are important in the working area are Subtropical Water (STW) in the upper 
water column, Antarctic Intermediate Water (AAIW) at intermediate depths, and South Pacific 
Central Water (SPCW) in deep basin waters (Chiswell, 2000). These water masses have distinct 
temperature-salinity characteristics, which allows their differentiation in the water column 
(Chiswell, 2000; Heath, 1973). 
 
3.2.2. Hydrological water column profiles - sample collection and sampling 
procedure 
Salinity, temperature, dissolved oxygen (DO), and fluorescence (a proxy for 
phytoplankton biomass) were measured with a Sea-bird electronics (SBE) 911plus CTD with a 
12 x 10-L SBE 32 rosette water sampler. The CTD was deployed at 70 stations during 
TAN1506 and at 149 stations during TAN1604 along the CS-transect for high resolution data, 
including the 6 stations sampled with the trace-metal-clean rosette for CuT and Cu speciation 
data (Fig. 3.2). Seawater for particulate organic matter (POM) (i.e., particulate phosphorus 
(PartP), particulate nitrogen (PartN), and particulate organic carbon (POC)), dissolved organic 
carbon (DOC), dissolved nutrients (i.e., dissolved reactive phosphorus (DRP), ammonium- 
nitrogen (NH4-N), and nitrate-nitrogen (NO3-N)), and chlorophyll a (chl-a) concentrations were 
sampled from the SBE sampler bottles using acid-washed silicone tubing. Sample aliquots for 
POM measurements were then filtered on-board through a pre-combusted GF/F 25 mm filter, 
rinsed with 4 mL 0.1 M H2SO4 and subsequently stored frozen (-20 °C). Samples reserved for 
dissolved nutrients and chl-a analysis were filtered on-board through Whatman GF/F filters 
using a low vacuum (< 200 mm Hg). Nutrient samples were analysed on board, while filters 
reserved for chl-a analysis were folded and placed in 1.5 mL cryovials at -80 °C until analysis 
at NIWA (Wellington, New Zealand). Samples for DOC analysis were acidified to pH 2 to 
remove inorganic carbon and stored in glass tubes at 4 °C until analysis in the land-based 
laboratory at NIWA.  
 




3.2.3. Trace metal sample collection and sampling procedure 
A vertical profile sampling method was employed at all sampling stations, and special 
emphasis was put on trace-metal-clean sampling of the entire water column to avoid 
contamination from air borne particles and from the ship itself. Trace-metal-clean sample 
collection, storage methodologies, and analysis procedures have been implemented following 
conventional trace-metal-clean protocols as explained by Sander et al. (2009), Cutter and 
Bruland (2012), Powell (2015), and Leal et al. (2016). Prior to use, sample bottles were cleaned 
after the protocol of Powell (2015) and Leal et al. (2016) and were subsequently double-bagged 
in resealable plastic bags (Ziplock) for transport.  
During the TAN1506 cruise, vertical water sampling was performed using pre-cleaned 
(0.3 M quartz distilled hydrochloric acid (q-HCl)) single Teflon lined 10 L PVC Niskin 
samplers (General Oceanics Inc.) with external plastic coated springs, which were deployed at 
6 sites to collect samples for shore-based Cu speciation (n=3) and trace metal (n=6) analysis 
(Fig. 3.1 B; Table 3.1). At the beginning of the cruise, the trace-metal-clean rosette 
malfunctioned and was unable to trigger the closure of the Niskin bottles. Hence, from then on 
Niskin bottles were deployed using a manual messenger system with up to 5 Niskin samplers 
and 4 coated messenger weights attached along a Dyneema rope (marked every 10 m with 
coloured tape). The rope was weighted down with the malfunctioning trace-metal-clean rosette, 
which was still able to record temperature and pressure data. Two to three casts were performed 
at each station in order to obtain a full vertical water column profile to depths of up to 1740 m. 
During the TAN1604 cruise, seawater samples for shore based Cu speciation (n=3) and trace 
metal (n=6) analysis (Fig. 3.1 C; Table 3.1) were collected using 12 pre-cleaned Teflon-coated 
PVC 12 L GO-FLO bottles (General Oceanics Inc.) mounted on a trace-metal-clean rosette 
system and deployed on a Dyneema rope. GO-FLO bottles were triggered electronically at their 
predefined depths during the upcast. 
Directly upon recovery, the Niskin samples and GO-FLO bottles were covered with 
resealable plastic bags and transported into a class-100 clean container fitted with a HEPA 
(High Efficiency Particulate Air) filter system. Samples were subsequently connected to an N2 
(0.5 bar of 0.1 μm filtered N2) pressure filtering system (0.2 μm cartridge-filter (AcroPak, 
Supor)) connected to acid-cleaned polytetrafluoroethylene (PTFE) tubing. Sample aliquots for 
Cu speciation measurements (500 mL) and trace metal quantification (60 mL) were directly 
collected into acid-cleaned low density polyethylene (LDPE) or high density polyethylene 
(HDPE) bottles after five rinses with the sampled seawater. Samples dedicated for speciation 
work were immediately double bagged and stored frozen at -4 °C until on shore analysis at the 
University of Otago, New Zealand. For details on the effect of freezing on Cu speciation see 




Section 3.3.3. Sub-samples for trace metal analysis were directly acidified to pH ~ 1.7 on-board 
with q-HCl to a final concentration of 0.024 M HCl. Sample bottles were then stored in two 
resealable plastic bags (Ziplock) at ambient temperature in the dark until analysis in a land-
based laboratory. Analysis of the samples took place in 2018 and thus sample storage varied 
between 2 to 3 years.  
 
3.3. Sample analysis 
3.3.1. Assessment of chemical and biological parameters 
POM samples were analysed using a Vario EL 111 CHN analyser (Elementar 
Analysensysteme GmbH, Hanau, Germany) following standard combustion techniques (APHA 
4500N/P and MAM 01-1090). Chlorophyll a pigments on the filters were extracted in 90 % 
acetone with subsequent analysis of the extract using spectrofluorometry standard methods 
(A*10200H). Dissolved nutrients were quantified using simultaneous auto-analysis with an 
Astoria analyser (NO3-N method: QuikChem Method 31 -107-04-1-A; NH4-N method: 
QuikChem Method 31-107-06-1-1-B, and; DRP method: QuikChem Method 31-115-01-1-I), 
while samples for DOC were analysed with a high temperature catalytic oxidation total organic 
carbon analyser (method: APHA5310B). 
 
3.3.2. Assessment of total dissolved Cu concentrations ([CuT]) 
Total dissolved Cu concentrations were determined on shore using an automated off-line 
seaFAST pre-concentration system (Biller and Bruland, 2012; Bown et al., 2017; Middag et al., 
2015) combined with a subsequent trace metal analysis by High-Resolution Sector Field 
Inductively Coupled Plasma-Mass Spectrometry (HR-SF-ICP-MS) as described in Chapter 2 
Section 2.4.1.2 and by Biller and Bruland (2012) as well as Middag et al. (2015). Trace metal 
analysis for the TAN1506 samples was conducted at the Royal Netherlands Institute of Sea 
Research (NIOZ; Netherlands) using an Element 2 HR-SF-ICP-MS, while TAN1604 samples 
were analysed at the Trace Metal Centre of the University of Otago (New Zealand) using a Nu 
Attom HR-SF-ICP-MS. Limit of detection (3 x standard deviation of the blank) was determined 
to be 0.1 nM Cu. Quantitative Cu recovery on the resin was acceptable with ~95 % for 
TAN1506 and TAN1604. The accuracy of both analysis runs was validated by analysis of a 
reference standard (SAFe D1; GEOTRACES), which gave results within 2 % of the certified 
value (SAFe D1: reference value of 2.33 ± 0.11 nM, and measured value (n=6) of 2.24 ± 0.07). 




Multiple (n=25) CuT measurements of an in-house standard resulted in a method precision of 
± 2 %.  
 
3.3.3. Assessment of Cu speciation 
Appropriate storage of metal speciation samples, which avoids changes in speciation 
parameters pending analyses, is still a concern in chemical oceanography (Buck et al., 2012). 
So far, several studies (Buck et al., 2012; Capodaglio et al., 1995; Nelson, 1985) reported 
changes in measured values of [L] and/or logK for weak and strong ligands after freezing at        
-20 °C, while other studies (Bruland et al., 2000; Sander et al., 2005) reported no major 
differences in Cu speciation results between fresh and frozen (at -4 °C and -20 °C) samples. 
The effect of freezing seawater samples on ambient metal speciation thus merits further 
evaluation of fresh versus frozen samples. Freezing of samples dedicated for speciation work 
appears to be non-ideal, but for now, it is the most suitable storage technique to prevent 
degradation of natural organic complexing ligands in water samples (Wu and Luther, 1995). 
Additionally, freezing accommodates long storage periods pending analyses, which is 
necessary since sample analysis by stripping voltammetry is a slow process (Buck et al., 2012). 
In this study, ligand-samples were stored frozen at -20 °C and analysed within 2 to 3 years of 
sample collection. Buck et al. (2012) showed that frozen samples were indistinguishable from 
fresh samples after a 10-month storage period, but changes in speciation may occur after longer 
storage periods and results obtained after long storage should, therefore, be discussed cautiously 
(Cotte et al., 2018). Further, it has to be pointed out, that samples in this study were thawed for 
Fe speciation analysis (not discussed within this manuscript), and re-frozen within 1 day of 
thawing for later Cu speciation analysis. No speciation data is available to our knowledge 
regarding the viability of samples after repeated thawing and freezing procedures, which calls 
for more detailed assessments.  
In total, 55 samples were dedicated to the study of Cu speciation. Only samples of stations 
collected during both cruises (i.e., CS7, CS14, and CS25) were analysed for comparison 
purposes. Cu speciation was measured at the University of Otago by adsorptive cathodic 
stripping voltammetry (AdCSV) in the presence of salicylaldoxime (SA) as the competing 
ligand (Buck et al., 2007; Kleint et al., 2015; Sander et al., 2011; Van den Berg, 1982). AdCSV 
is a method commonly applied for Cu ligand titrations in seawater, and a complete description 
of the voltammetric apparatus, the sample preparation procedure, sample analysis, and data 
modelling can be found in Chapter 2 Sections 2.4.2.1 to 2.4.2.5.  
 




3.3.4. Statistical analysis 
Pearson’s correlation and one-way analysis of variance (ANOVA) were used to examine 
the effect of abiotic and biotic parameters on [CuT] and estimated Cu speciation parameters. 
The level of statistical significance was adjusted to p ≤ 0.05. Statistical analysis was performed 
using the computing environment R version 3.1.2. Comparison of [CuT] with other parameters 
and trace metal data was used to determine possible [CuT] outliers, which were excluded from 
statistical analysis unless stated otherwise. Separating coastal (i.e., station CS7) from open 
ocean water (i.e., station CS25) samples, and surface (i.e., above 200 m) from deep water (i.e., 
below 200 m) samples, resulted either in statistically insignificant outputs or the small sample 
size reduced the power of the statistical result. Consequently, the results from these two 
statistical comparisons were neglected in the result, discussion, and conclusion sections.   
 
3.4. Results 
3.4.1. Hydrography - Physical, chemical and biological depth profiles 
During both sampling periods, the waters within the Gulf showed strong thermo-haline 
stratification with a surface mixed layer (SML) ranging from 50 to 100 m (Fig. 3.3 and 3.4). 
Along the TAN1506 and TAN1604 CS-transect, the coldest surface waters were found inshore 
(~19 °C), while the warmest temperatures were measured at the open ocean station (~22 °C). 
Near surface salinities followed the same trend as temperature, being less saline inshore (~35.5) 
and more saline offshore (~35.7). Highest phytoplankton concentrations were detected during 
TAN1506 and TAN1604 over the inner and mid shelf with fluorescence values up to 0.6 mg/m3 
and a chlorophyll maximum at about 20 m depth at CS7; 50 m depth at CS14, and 100 m depth 
at CS25. Dissolved oxygen (DO) concentrations were highest at the air-sea interface and 
followed the trend of the biological biomass, showing high concentrations at the surface and a 
decrease with depth with a pronounced oxygen minimum zone near the seabed. Vertical depth 
trends of temperature, salinity, DO, and fluorescence were similar during both cruises (see 
supplementary Figs. S.3.1 to S.3.3).  
The extent of each prevalent water mass in the Hauraki Gulf region was evaluated with 
the help of the salinity and temperature profiles in Figure 3.3 and 3.4 (Heath, 1973). The high 
salinity (> 34.4 ppt) and high temperature STW extended to depths of 50 to 100 m in the 
working area. The second layer, the AAIW, with characteristic salinities of 34.3 to 34.4 ppt 
(Heath, 1973), extended until approx. 1000 m water depth, which was underlain by the SPCW 




over the 1000 to 3000 m depth range. Within the SPCW, with characteristic salinities of ~ 34.75 
ppt (Heath, 1973), the temperature decreased with increasing depth.  
 
 
Figure. 3.3: Section plots of salinity, temperature, dissolved oxygen (DO), and fluorescence of the cross-shelf 
(CS) transect in the Hauraki Gulf region during TAN1506. A) Section plots for the whole depth profile down to 
2750 m. B) Zoomed in section plots for the upper water column (500 m). Figures were created using the Ocean 
Data View program (https://odv.awi.de, 2018).  
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Figure. 3.4: Section plots of salinity, temperature, dissolved oxygen (DO), and fluorescence of the cross-shelf 
(CS) transect in the Hauraki Gulf region during TAN1604. A) Section plots for the whole depth profile down to 
2750 m. B) Zoomed in section plots for the upper water column (500 m). Figures were created using the Ocean 
Data View program (https://odv.awi.de, 2018).  
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Surface concentrations of DOC were higher at the mid shelf (CS14) and open ocean 
station (CS25) compared to the inner shelf station (CS7), while POM concentrations, dissolved 
nutrients, and chl-a values generally decreased along the CS-transect. NH4-N showed a slight 
increase in surface concentration along the shelf-to-open ocean transect during TAN1604. DOC 
and NH4-H had higher surface concentrations during TAN1604 relative to TAN1506. At CS7 
POM concentrations at the surface were greater during TAN1506 than during TAN1604, and 
higher during the TAN1604 sampling relative to TAN1506 at CS25. Surface concentrations of 
NO3-N were slightly higher at the mid shelf (CS14) during TAN1506 relative to TAN1604. At 
CS25 concentrations of dissolved nutrients in the upper water column were below detectable 
levels for DRP, NH4-H, and NO3-N during TAN1506, and DRP and NO3-N during TAN1604. 
Surface chl-a values were generally higher during TAN1506 than during TAN1604.  
DOC, POM, and chl-a generally showed highest values in the surface waters and 
decreased with depth (Table 3.2 and Figs. S.3.1 to S.3.3). The vertical depth profiles of DOC 
showed a sharp increase in DOC concentrations at 30 m at CS7, at 30 to 50 m and 750 m at 
CS14, and at 100 m, 1000 m, and 2750 m at CS25 during both sampling periods. Irrespective 
of the sampling period, POM concentrations were relatively dynamic in the upper 200 m and 
remained relatively constant in the water column below 200 m. DRP and NO3-N profiles 
showed an increase in concentrations with water depth, while the NH4-N concentration stayed 
relatively constant throughout the water column. Chl-a, DRP, NH4-N, and NO3-N had relatively 
constant values within the upper 60 to 100 m for TAN1506 and TAN1604. DOC, dissolved 
nutrients, and POM showed very little, if any, variation between the three different water 
masses. 




Table 3.2: Data for dissolved organic carbon (DOC), dissolved nutrients (i.e., dissolved reactive phosphorus (DRP), ammonium-nitrogen (NH4-N), and nitrate-nitrogen 
(NO3-N)), particulate organic matter (POM) (i.e., particulate phosphorus (PartP), particulate nitrogen (PartN), and particulate organic carbon (POC)), and 
chlorophyll a (chl-a < 20 µM) for 3 stations (CS7, CS14, and CS25) sampled during TAN1506 and TAN1604 in the Hauraki Gulf region, north-eastern New Zealand. 
All data as supplied by NIWA. 
 
   TAN1506  TAN1604 
Station 
Depth DOC POC DRP NH4-N NO3-N PartP PartN Chl-a DOC POC DRP NH4-N NO3-N PartP PartN Chl-a 
m mg/L mg/L µM/L µM/L µM/L µg/L µg/L µg/L  mg/L mg/L µM/L µM/L µM/L µg/L  µg/L µg/L 
CS7 0 - - - - - - - 0.46 - - - - - - - - 
CS7 10 756 0.039 0.129 0.062 0.113 1.15 10.40 0.47 864 0.042 0.097 0.562 0.097 0.90 9.45 0.28 
CS7 20 740 0.042 0.097 0.062 0.113 1.40 10.50  920 0.032 0.097 0.531 0.081 0.95 7.85 0.35 
CS7 30 768 0.040 0.129 0.031 0.129 1.10 10.35 0.46 1011 0.041 0.097 0.593 0.081 1.00 8.75 0.33 
CS7 50 675 0.049 0.161 0.156 0.161 1.25 9.35 0.43 844 0.036 0.097 0.624 0.097 1.00 8.65 0.33 
CS7 70 - - - - - - - 0.38 - - - - - - - - 
CS7 90 - - - - - - - 0.10 - - - - - - - - 
CS7 100 692 0.011 0.710 0.125 1.951 0.50 4.65 - 700 0.005 0.355 0.562 1.032 0.35 2.10 0.09 
CS7 130 786 0.014 0.839 0.156 2.516 0.45 3.50 - 704 0.004 0.549 0.624 1.887 0.20 1.15 0.02 
CS14 10 - - 0.129 0.094 0.177 - - - 1323 0.032 0.065 0.593 0.081 0.75 5.55 0.11 
CS14 20 - - 0.129 0.094 0.145 - - - 1086 0.037 0.065 0.593 0.081 0.75 4.75 0.12 
CS14 30 - - 0.129 0.125 0.161 - - - 1540 0.028 - - - 0.70 6.35 0.12 
CS14 50 - - 0.161 0.125 0.242 - - - 1498 0.027 0.226 0.687 0.597 0.65 6.95 0.125 
CS14 100 - - 0.387 0.031 1.210 - - - 1044 0.013 0.226 0.593 0.839 0.40 3.10 0.13 
CS14 200 - - 0.484 0.031 1.484 - - - 731 0.004 0.452 0.593 1.758 0.15 2.15 - 
CS14 500 - - 1.162 0.031 3.822 - - - 937 0.005 1.227 0.624 4.225 0.20 1.30 - 
CS14 750 - - 1.614 0.031 5.306 - - - 1059 0.007 - - - 0.10 2.50 - 
CS14 1000 - - 1.840 0.031 6.032 - - - 819 0.005 1.776 0.593 6.354 0.10 2.20 - 
CS25 0 870 0.020 - - - 0.35 6.15 0.13 - -  -  -  - - - - 
CS25 10 725 0.024 <0.03 <0.03 <0.01 0.30 7.30 0.11 - - <0.03 0.718 <0.01 - - - 
CS25 30 817 0.039 <0.03 <0.03 <0.01 0.45 5.45 0.14 1185 0.025 <0.03 0.749 0.016 0.80 7.85 0.08 
CS25 50 809 0.028 <0.03 <0.03 <0.01 0.50 4.85 0.18 1090 0.016 0.032 0.687 0.016 0.80 8.90 0.1 
CS25 70 947 0.026 - - - 0.85 8.50 0.18 - - - - - - - - 
CS25 90 1283 0.035 - - - 0.80 8.10 0.20 - - - - - - - - 
CS25 100 - - 0.161 <0.03 0.371 - - - 1375 0.024 0.161 0.749 0.242 0.45 5.60 0.14 
CS25 200 - 0.015 - - - 0.15 2.30 - 869 0.022 0.387 0.780 1.129 0.40 3.40 - 
CS25 500 - 0.007 1.195 <0.03 3.726 0.10 1.85 - 977 0.021 1.162 0.718 4.000 0.25 3.30 - 
CS25 750 - - 1.550 <0.03 4.919 - - - 1195 0.016 1.324 0.718 4.822 0.20 1.95 - 
CS25 1000 - - 2.002 <0.03 6.032 - - - 1269 - 1.711 0.655 6.080 - - - 
CS25 1500 - - - - - - - - 899 0.007 2.260 0.718 7.225 0.20 1.40 - 
CS25 2000 - - - - - - - - 718 0.007 2.195 0.624 7.757 0.10 1.70 - 
CS25 2752 - - - - - - - - 1509 0.008  -  - -  0.15 2.30 - 
-: no samples taken/analysed. 




3.4.2. Total dissolved Cu concentrations ([CuT]) 
The [CuT] in the upper 10 m of the Hauraki Gulf region was in the range of 0.43 to 1.08 
nM for TAN1506, and in the range of 0.32 to 1.16 nM for TAN1604 (Fig. 3.5).  
 
 
Figure. 3.5: Panels A) and B) show measured [CuT] of all trace metal samples taken along the cross-shelf (CS) 
transect during TAN1506 and TAN1604, respectively. Figures were created using the Ocean Data View program 
(https://odv.awi.de, 2018). C-E) Vertical depth profiles of [CuT] for CS7 (C); CS14 (D), and CS25 (E). Triangles 
(▲) represent stations sampled during TAN1506, while circles (●) indicate stations sampled during TAN1604. 
Open symbols represent possible outliers. Horizontal error bars illustrate the analytical error of the HR-SF-ICP-
MS analysis. If no horizontal error bar is shown, the error is smaller than the symbol size 
 CS7                  CS14                     CS25 




Surface concentrations were, in general, higher at the near shore and shelf stations relative 
to the open ocean stations (Fig. 3.5; Tables 3.3 and S.3.1.). At CS7, the trend in [CuT] with 
depth for the TAN1506 samples was relatively consistent with the [CuT] trend measured in the 
TAN1604 samples (Fig. 3.5 C). Both vertical profiles showed a nutrient-scavenging hybrid type 
depth profile with a local CuT surface maximum of up to 1.16 nM, a CuT drop to ~ 0.42 nM at 
20 m, followed by an increase of CuT from ~ 0.42 to 0.53 nM between 20 and 130 m. Measured 
[CuT] of the station CS14 (Fig. 3.5 D) and station CS25 (Fig. 3.5 E) showed a dynamic shift in 
the [CuT] for the upper 10 m during the two consecutive cruises. Station CS14 showed higher 
[CuT] during TAN1604 (0.70 nM) compared to TAN1506 (0.42 nM), while station CS25 
showed higher [CuT] during TAN1506 (0.96 nM) relative to TAN1604 (0.32 nM). However, 
given that the 10 m sampling depth is within the SML, contamination from the ship is most 
probable and thus surface CuT data should be interpreted with caution. Below 10 m, CuT 
patterns and concentrations remained relatively homogenous and gradually increased with 
depth (Fig. 3.5 D-E). Vertical CuT profiles for station CS14 and station CS25 illustrate typical 
depth profiles of a nutrient-scavenging hybrid type element, with enrichment or depletion of 
the surface waters followed by a gradual concentration increase with depth due to the 
predominance of remineralisation processes over scavenging processes in deep waters. There 
was no difference in CuT levels within the three water masses. 
 
3.4.3. Cu speciation 
The calculated and estimated parameters for Cu speciation are listed in Table 3.3 (see also 
supplementary Figure S.3.4). Using a detection window of αCuSA = 41378 (log αCuSA = 4.62) 
and a SA concentration of 5 µM, the voltammetric data of the current study showed the best fit 
with a one-ligand model. The fitting of each titration data for a two-ligand-system failed with 
the complete complexation fitting model in the ProMCC software. It has to be noted that the 
analysis of voltammetric data can, however, become difficult when only one analytical window 
is used and two or more ligands are present in solution - which is more than likely for complex 
marine environmental samples - particularly if the logK values of the different ligands are too 
close together to resolve discrete ligand classes (Sander et al., 2011; Wells et al., 2013). Due to 
the restricted sample volume, the superior multiple-analytical-window approach (Sander et al., 
2011; Wells et al., 2013) could not be implemented. Estimated [L] in the current study are thus 
interpreted as [LT] = [L1] + [L2] +…+ [Li] rather than reflecting the concentration of only one 
distinct ligand class. 




Table 3.3: Total dissolved Cu concentration ([CuT]) and Cu speciation data for 3 stations sampled during TAN1506 and TAN1604 in the Hauraki Gulf region, north-
eastern New Zealand. Standard deviations for CuT illustrate the analytical error of the implemented measuring technique. Cu speciation parameters were computed using the 
complete complexation-fitting model embedded in the ProMCC software (Omanović et al., 2010). Errors in [LT] and logK represent the fitting error of the complete 
complexation-fitting model in the ProMCC software (Omanović et al., 2015).  
 
 TAN1506 TAN1604 
Station Depth (m) CuT (nM) LT (nM) logK CuXIN (pM) Cu
2+ (pM) Cu’ (pM) CuT (nM) LT (nM) logK CuXIN (pM) Cu
2+ (pM) Cu’ (pM) 
CS7 10 1.08 ± 0.04 37.4 ± 5.8 12.0 ± 0.1 0.75 0.03 0.78 1.16 ± 0.04 44.4 ± 10.5 11.5 ± 0.1 2.06 0.08 2.14 
 20 0.46 ± 0.02 6.4 ± 1.8 12.7 ± 0.3 0.41 0.02 0.42 0.42 ± 0.01 32.1 ± 9.9 12.0 ± 0.1 0.35 0.01 0.36 
 30 0.39 ± 0.02 6.8 ± 2.6 12.3 ± 0.3 0.75 0.03 0.78 0.43 ± 0.02 32.1 ± 7.2 12.0 ± 0.1 0.35 0.01 0.36 
 50 0.38 ± 0.01 nd nd nd nd nd 0.45 ± 0.01 19.8 ± 5.9 11.5 ± 0.2 2.04 0.08 2.12 
 75 - - - - - - 0.50 ± 0.02 14.3 ± 3.2 12.6 ± 0.2 0.20 0.01 0.21 
 90 - - - - - - 0.47 ± 0.03 11.8 ± 3.6 12.3 ± 0.2 0.51 0.02 0.53 
 100 0.52 ±0.03 16.8 ± 3.4 12.7 ± 0.4 1.74 0.07 1.81 - - - - - - 
 110 - - - - - - 0.49 ± 0.01 21.0 ± 3.6 12.0 ± 0.1 0.65 0.03 0.67 
 130 0.53 ± 0.02 5.9 ± 1.7 12.3 ± 0.2 1.16 0.05 1.20 - - - - - - 
CS14 10 0.42 ± 0.01 20.6 ± 2.2 12.4 ± 0.1 0.20 0.01 0.20 0.70 ± 0.01 11.3 ± 2.4 12.0 ± 0.1 1.66 0.07 1.73 
 20 0.41 ± 0.01 8.8 ± 1.3 13.6 ± 0.2 0.03 0.001 0.03 - - - - - - 
 25 - - - - - - 0.39 ± 0.01 20.9 ± 3.6 11.5 ± 0.1 1.54 0.06 1.61 
 30 0.47 ± 0.01 nd nd nd nd nd - - - - - - 
 50 0.48 ± 0.01 14.0 ± 4.5 12.3 ± 0.2 0.46 0.02 0.48 0.42 ± 0.01 25.8 ±10.6 11.7 ±0.2 0.86 0.03 0.89 
 100 0.46 ± 0.01 3.0 ± 0.3 13.2 ± 0.1 0.32 0.01 0.33 0.45 ± 0.01 8.8 ± 3.0 12.1 ± 0.2 0.99 0.04 1.03 
 150 0.45 ± 0.01 7.5 ± 2.4 12.4 ± 0.2 0.58 0.02 0.60 0.53 ± 0.01 11.7 ± 1.7 12.6 ± 0.1 0.26 0.01 0.27 
 200 0.47 ± 0.01 3.7 ± 1.0 12.6 ± 0.2 0.83 0.03 0.87 0.48 ± 0.01 10.0 ± 5.2 11.6 ± 0.3 3.35 0.13 3.48 
 350 - - - - - - 0.60 ±0.01 15.8 ± 3.2 12.0 ± 0.1 1.75 0.07 1.82 
 500 1.52 ± 0.04 10.1 ± 1.8 13.0 ± 0.2 0.48 0.02 0.50 0.74 ± 0.02 6.5 ±2.9 12.5 ± 0.3 1.11 0.04 1.15 
 650 - - - - - - 0.81 ± 0.04 25.2 ± 13.6 11.6 ± 0.4 2.22 0.09 2.31 
 750 0.91 ± 0.05 9.1 ± 2.8 12.2 ± 0.2 1.63 0.07 1.70 - - - - - - 
 800 - - - - - - 0.96 ± 0.03 47.7 ± 15.5 11.8 ± 0.2 0.85 0.03 0.89 
 900 0.97 ± 0.03 14.5 ± 4.9 12.2 ± 0.2 1.12 0.04 1.17 - - - - - - 
 1000 - - - - - - 0.67 ± 0.01 34.2 ± 10.3 12.0 ± 0.2 0.53 0.02 0.55 
CS25 10 0.96 ± 0.02 9.2 ± 1.7 12.8 ± 0.1 0.46 0.02 0.48 0.32 ± 0.01 7.4 ± 3.3 12.2 ± 0.3 0.69 0.03 0.71 
 20 0.42 ± 0.02 13.0 ± 2.3 12.6 ± 0.4 0.23 0.01 0.24 - - - - - - 
 25 - - - - - - 0.37 ± 0.01 42.3 ± 11.6 11.7 ± 0.2 0.44 0.02 0.46 
 30 0.36 ± 0.01 13.9 ± 3.3 12.4 ± 0.1 0.26 0.01 0.27 - - - - - - 
 50 0.39 ± 0.01 10.9 ± 1.8 12.1 ± 0.1 0.66 0.03 0.69 0.54 ± 0.01 23.6 ±6.9 11.4 ± 0.1 2.14 0.09 2.22 
 75 - - - - - - 0.55 ± 0.01 nd nd nd nd nd 
 100 0.37 ± 0.01 19.0 ± 4.9 12.2 ± 0.2 0.32 0.01 0.33 0.49 ± 0.01 25.9 ± 8.4 11.8 ± 0.2 6.90 0.03 6.93 
 150 0.43 ± 0.01 21.5 ± 3.4 12.2 ± 0.2 0.32 0.01 0.33 - - - - - - 
 250 0.56 ± 0.01 4.9 ± 0.6 11.9 ± 0.1 0.58 0.02 0.60 0.59 ± 0.02 14.6 ± 4.6 12.0 ± 0.2 1.09 0.04 1.13 
 500 0.69 ± 0.02 9.2 ± 4.4 12.3 ± 0.2 0.97 0.04 1.01 0.81 ± 0.02 6.3 ± 0.6 11.9 ± 0.1 4.90 0.20 5.09 
 750 0.79 ± 0.02 6.7 ± 0.9 12.7 ± 0.2 0.63 0.03 0.65 0.92 ± 0.02 15.4 ± 5.4 12.0 ± 0.2 1.50 0.06 1.56 
 1000 1.07 ± 0.03 17.6 ± 5.4 12.2 ± 0.2 0.93 0.04 0.96 - - - - - - 
 1500 - - - - - - 2.24 ± 0.05 nd nd nd nd nd 
 2000 - - - - - - 3.28 ± 0.08 24.5 ± 8.9 12.5 ± 0.3 1.08 0.04 1.12 
 2400 - - - - - - 1.54 ± 0.03 7.4 ± 3.3 12.2 ± 0.3 0.69 0.03 0.71 
LT: Total organic ligands; logK: conditional stability constant of the CuL-complex; CuXIN: Cu complexed to inorganic ligands; Cu2+: free Cu ion; Cu’: bioavailable Cu (sum of 
CuXIN and Cu2+); -: no samples taken; nd: not determined. Possible [CuT] outliers are highlighted in italic and bold. 




During both sampling periods, ligand concentration estimates were in the range of 2.9 to 
37.4 nM for samples obtained during TAN1506 and 6.3 to 47.7 nM for samples collected during 
TAN1604 (Table 3.3; Fig. 3.6). Complex stability values were similar across the three different 
stations in both sampling years with average values of 12.4 ± 0.4 for TAN1506 and 11.9 ± 0.4 













Figure. 3.6: Vertical depth profiles of estimated A) logK values with dotted lines showing the mean; (B) ligand 
concentrations, and; (C) free Cu2+ ion concentrations for CS7 (top); CS14 (middle), and CS25 (bottom). IA-C) 
Section plots for the whole depth profile. IIA-C) Zoomed in section plots for the upper water column (140 m). 
Triangles (▲) represent stations sampled during TAN1506, while circles (●) indicate stations sampled during 
TAN1604. Horizontal error bars represent the standard deviation of the mean of the three fitting procedures (i.e., 
Langmuir transformation, Ružić/Van den Berg transformation, and Scatchard transformation) used in the ProMCC 




[LT] in the surface waters (above 10 m) followed the order of CS7 > CS14 > CS25 for both 
sampling periods with [LT] being 4 to 6 times higher at CS7 relative to CS25. Ligand 
concentrations were lower in the surface waters for station CS14 during TAN1604 and station 
CS25 for both sampling years relative to the [LT] in the underlying water column. Generally, 
[LT] decreased with depth, but showed sharp increases in [LT] at 100 to 150 m for all samples 
obtained during TAN1506 and at 25 to 50 m, 100 to 150 m, as well as 500 to 1000 m for all 
samples collected during TAN1604. Comparison between the two sampling periods showed 
that [LT] and their vertical distribution were temporarily relatively similar. Irrespective of the 
sampling period, [LT] were also always in excess of the [CuT] (Fig. 3.7). Consequently, the 
derived parameters of [Cu2+] using αinorg (αinorg was calculated using the ion-pairing model for 
seawater by Van den Berg) (Sander et al., 2015) were very low ([Cu2+] during TAN1506: 0.001 
to 0.069 pM; and [Cu2+] during TAN1604: 0.008 to 0.195 pM) in the working area. On average 
99.9 ± 0.1 % and 99.7 ± 0.1 % of the CuT were bound to organic ligands present in the water 
column for TAN1506 and TAN1604, respectively.  





Figure. 3.7: Correlation between [CuT] and corresponding [LT] for samples collected during TAN1506 (▲) and 
TAN1604 (●). For all samples which plot above the 1:1 dashed diagonal line, one can assume that all available 
CuT is complexed by prevalent organic ligands. Error bars indicate the uncertainty of the ProMCC fitting procedure 
for [LT] and the error (± SD) of the HR-SF-ICP-MS technique for [CuT]. Open symbols represent [L] estimated 
from possible CuT outliers. 
 
 
[Cu2+] were 1.6 times higher during TAN1506 and 3 times higher during TAN1604 for the top 
10 m at the near shore station (CS7) relative to the open ocean station (CS25) (Table 3.3; Fig. 
3.6). Further, samples collected during TAN1604 showed generally higher surface [Cu2+] 
compared to samples obtained during TAN1506. Even though the [Cu2+] differed in the two 
sampling periods, the vertical depth trend was relatively similar for both sampling years with 
local [Cu2+] maxima at CS7 between 30 to 50 m and at 100 m, at CS14 at 200 m and between 
650 to 800 m, and at CS25 at 50 m and 500 m. These maxima are not associated with maxima 
in [CuT] but reflect lower estimates of logK. Cu speciation parameters showed very little, if any, 
variation between the three different water masses.  
 
3.5. Discussion 
Physical, chemical, and biological factors are critical in determining the ultimate 
concentration and distribution of CuT and associated Cu speciation parameters in the marine 
environment. Teasing apart the influencing factors and establishing their relative importance 
for Cu speciation is a complex undertaking, but an essential one to improve the understanding 
of bioavailability and biogeochemical cycling of Cu in the water column.  
 
3.5.1. Hydrography - Physical, chemical and biological depth profiles 
The near surface waters along the CS-transect during both sampling cruises showed 
relatively warm temperatures (19 to 22 °C) owing to surface water intrusion across the shelf 




break of subtropical oceanic water of the EAUC as described by Zeldis et al. (2004). Thermal 
stratification was strong in the working area with a thermocline situated at 50 to 100 m, flat 
across the shelf. This finding was also reported by Zeldis (2004) during earlier sampling trips 
of the Hauraki Gulf region in late summer/autumn. The development of a thermocline is a 
typical phenomenon of the northeast shelf region of New Zealand in late summer caused by 
changes in wind stress, changing from north-westerlies to south-easterlies over the shelf of the 
Hauraki Gulf (Chang et al., 2003; Zeldis, 2004). Surface salinities were less saline inshore and 
more saline offshore, indicating a fluvial input at the inner shelf stations, which extends out to 
the outer shelf (Chang et al., 2003). This explanation is consistent with higher concentrations 
of POM and POC found at CS7 relative to CS25, as POM and POC in marine systems 
commonly originate from riverine input. Additionally, DRP concentrations in the surface 
waters of the working area were similar in range to measurements made in summer in the Firth 
of Thames (0.097 to 800.258 µM/L; S. Nodder, NIWA, unpublished data), therewith supporting 
the assumption of fluvial input to the Hauraki Gulf. NH4-N and NO3-N levels from the working 
area were substantially higher than in the Firth of Thames, where summer surface water 
concentrations of these nutrients have been shown to range from less than 0.02 to 0.03 µM/L 
(S. Nodder, NIWA unpublished data). This output hints towards additional natural or 
anthropogenic sources of NH4-N and NO3-N to the marine waters of the working area, such as 
groundwater, atmospheric deposition, inorganic-fertilizer, or animal- and septic-waste (Wieben 
et al., 2013).  
Coastal low-salinity waters with low nutrient concentrations and the introduction of low-
nutrient subtropical oceanic waters of the EAUC are known to create oligotrophic conditions 
in the working area during late summer/autumn (Chang et al., 2003; Zeldis, 2004). It is thus no 
surprise that chl-a concentrations of the current study during late summer/autumn were up to 3 
to 6 times lower at the inner shelf (< 0.6 mg/m3) compared to values measured by Zeldis (2004) 
and Chang et al. (2003) during upwelling and deep mixing processes in spring, when 
phytoplankton growth is fuelled by ascending macronutrients from deep waters. Measured chl-
a levels were consistent with concentrations obtained by earlier studies in the working area 
during late summer (Chang et al., 2003), confirming that only a minor biomass of 
phytoplankton can be supported by oligotrophic shelf waters (with a Redfield ratio < 16; 
Redfield et al., 1963) with most of the phytoplankton consisting of oligotrophic-adapted 
heterotrophic assemblages of picophytoplankton, nanoflagellates, and dinoflagellates (Chang 
et al., 2003; Zeldis, 2004). As expected, DO concentrations are positively correlated with chl-
a (TAN1506: R2=0.63, F(1,6)=10.11, p=0.02; TAN1604: R2=0.51, F(1,9)=9.29, p=0.01) 




owing to the net production of DO by phytoplankton. DO levels gradually decreased with depth 
due to respiration processes by marine organisms and the decay of OM. The pronounced oxygen 
minimum zone near the seabed is a common autumn feature in the region of the Hauraki Gulf 
caused by respiration of accumulated OM delivered to the deep water column by the previous 
spring-summer phytoplankton bloom and by riverine discharge (Zeldis et al., 2013).  
PartP (TAN1506: R2=0.84, F(1,7)=36.54, p<0.001) and PartN (TAN1506: R2=0.69; 
F(1,7)=15.54; p<0.01) showed evidence for a significant positive correlation with chl-a during 
TAN1506, which is expected as the PartN and PartP pool are directly associated with 
phytoplankton cells (Yoshimura et al., 2007) and chl-a is known to be the most abundant 
chlorophyll pigment in marine photosynthetic algae (Ramaraj et al., 2013). However, there was 
no evidence for a significant correlation between phytoplankton biomass and PartN (p=0.055) 
or PartP (p=0.081) during TAN1604, hinting towards an additional source of PartP and PartN, 
such as riverine input or suggests the presence of phytoplankton species with different 
chlorophyll pigments in their cells (i.e., chl-b, chl-c, chl-d; Ramaraj et al., 2013). Surprisingly, 
chl-a was not correlated to either NO3-N (TAN1506: p=0.68; TAN1604: p=0.11), NH4-N 
(TAN1506: p=0.34; TAN1604: p=0.48), or DRP (TAN1506: p=0.08; TAN1604: p=0.86), 
suggesting that chl-a levels in the Hauraki Gulf region are determined by factors other than 
those three dissolved nutrients.  
Both POC and DOC are part of the marine OM pool, which includes products of active 
and passive marine primary production (living or nonliving particles) (Maciejewska and 
Pempkowiak, 2014), and have thus higher concentrations in the upper water column of the 
working area. The commonly higher concentration of the OM in the upper ocean were generally 
facilitated by the stratified water column (Hansell and Carlson, 2014). Consequently, it is no 
surprise that chl-a was correlated with POC concentration (p < 0.05), even though there is a 
great deal of unexplained variance in the data (R2 < 0.8) (TAN1506: R2=0.57, F(1,7)=9.13, 
p=0.02; TAN1604: R2=0.46, F(1,9)=7.65, p=0.02). Interestingly, there was no evidence for a 
significant correlation between DOC and chl-a (TAN1506: p=0.36; TAN1604 p=0.80) in the 
working area. This finding is in line with data reported in previous studies of oligotrophic open 
ocean regions (Hansell and Carlson, 2014), suggesting that phytoplankton is not the main 
source of DOC in the working area. DOC occurs from the local breakdown of phytoplankton, 
zooplankton and other living material as well as from terrigenous input introduced to the shelf 
zone from riverine sources (e.g., Firth of Thames (Sikes et al., 2009)). A large number of 
different biotic and abiotic processes can additionally change the level and distribution of DOC 
in the water column, including grazing, biological oxidation, POC degradation, photochemical 




oxidation, resuspension of sediments, and dissolution of, or adsorption onto, sinking particles 
(Hansell and Carlson, 2014; Tanoue, 1993). The interplay of these various allochthonous and 
autochthonous factors and processes complicate the relationship between DOC and chl-a. 
However, DOC concentrations were higher at CS25 than at CS7 suggesting that the EAUC may 
be an important factor influencing DOC concentrations and dynamics in the working area. 
DOC, POC, and POM generally decreased from the surface downwards to the bottom owing to 
bacterial decomposition, biological assimilation, and mineralisation of OM. However, depth 
profiles of DOC showed a sharp increase in DOC concentration at 30 m at CS7, at 30 to 50 m 
and 750 m at CS14, and at 100 m, 1000 m, and 2750 m at CS25 during both sampling periods. 
Possible causes include DOC input from rivers and the shelf margin (i.e., sediment 
resuspension) in the upper water column, and particle dissolution as well as sedimentary input 
in deep waters below 750 m. The large depth spikes in DOC concentration can also be explained 
by slowly sinking OM following local phytoplankton blooms in spring and summer. 
Nevertheless, without a molecular characterisation of the DOC pool using appropriate emerging 
analytical methods (e.g., High Performance Liquid Chromatography-Mass Spectrometry 
(HPLC-MS)), the sources and dynamics of DOC cannot be confined (Boiteau et al., 2013). 
The hydrological conditions of the working area underpin the concentration, the vertical 
as well as horizontal distribution, and the speciation of Cu in the water column. In autumn, the 
oceanography of the Hauraki Gulf region is dominated by riverine input and the EAUC, which 
has significant implications for the geochemistry of Cu in the inner shelf and the coastal zone. 
However, more data of seasonal and annual variations in the water column during months of 
strong stratification, riverine input, upwelling, and mixing are necessary to gain a full 
understanding of the biotic as well as abiotic processes and factors influencing and controlling 
the budget, transport, bioavailability, and dynamics of Cu in this area of the South Pacific 
Ocean.  
 
3.5.2. Total dissolved Cu in the water column 
There are no previous CuT data in this region of the South Pacific for comparison, but the 
[CuT] in the surface waters of the Hauraki Gulf region with 0.43 to 1.08 nM for TAN1506 and 
0.32 to 1.16 nM for TAN1604 were consistent with concentrations measured by Thompson et 
al. (2014) for surface waters in the Tasman Sea, but a little higher (~ 18 %) than those previously 
reported by Jacquot et al. (2013) as well as Roshan and Wo (2018) for surface waters in the 
eastern tropical South Pacific ([CuT] of ~ 0.26 to 0.95 nM in the upper 200 m). The greater 
[CuT] in the region of the Hauraki Gulf relative to other samples measured in the South Pacific 




may be explained by the location of the working site within the Auckland catchment area. CuT 
values of the current study are lower than those measured in the Central and North Pacific where 
surface concentrations reach concentrations as high as 3.5 nM (Boyle et al., 1977; Moffett and 
Dupont, 2007; Whitby et al., 2018) owing to greater fluvial and atmospheric input of trace 
metals at northern middle latitudes (Boyle et al., 1977). In the working area, [CuT] in the upper 
10 m of the water column were higher for near shore relative to shelf stations, which could be 
attributed to their proximity to Cu sources, such as continental shelves, major rivers (e.g., Firth 
of Thames (Sikes et al., 2009)), atmospheric deposition, urban runoff (Boyle et al., 1977; 
Bruland et al., 2014; Jacquot et al., 2013), and marine infrastructure (e.g., Cu based antifouling 
paint) (Whitby, 2016).  
The structure of the CuT distributions displayed nutrient-scavenging hybrid type profiles 
(i.e., surface depletion, subsurface scavenging, and linear increase with depth (Jacquot and 
Moffett, 2014)) for the shallow near-shore to open ocean stations. This trend is consistent with 
CuT data collected earlier by Moffett and Dupont (2007) and Whitby et al. (2018) in the North 
Pacific as well as Jacquot et al. (2013) in the tropical South Pacific. The local surface maxima 
found at some stations are to our knowledge so far only reported by Moffett and Dupont (2007) 
and likely reflect spatial proximity to CuT sources, higher CuT input, or possible contamination 
from the ship in the SML. The absence of a pronounced CuT surface maximum in the euphotic 
zone is indicative of stations with high biological productivity and associated high assimilation 
of CuT by phytoplankton or points towards extensive particle scavenging (living and dead 
particulate material) processes near the surface (Boyle et al., 1977; Bruland and Lohan, 2003; 
Heller and Croot, 2015; Jacquot et al., 2013; Roshan and Wu, 2018). At CS25 the surface 
minimum of CuT during TAN1604 is associated with higher DOC, POC, PartN, and PartP 
values, confirming the above mentioned association between CuT surface minima and particle 
scavenging processes in the upper water column. As expected, higher [CuT] in the surface 
waters were associated with higher chl-a concentrations, suggesting that Cu plays an important 
role in regulating oceanic primary productivity and biological functions in the working area. 
The prevalent dynamic spatial variations of near surface [CuT] between stations can likely be 
explained by changes in Cu sources, input, and biogeochemical cycling. However, without 
information on local aeolian Cu deposition, fluvial input, and fluxes from shelf sediments it is 
not possible to constrain the origin and fate of CuT in the surface waters of the Hauraki Gulf 
region. 
Consistent with the literature, CuT showed a gradual and nearly linear concentration 
increase with depth, illustrating a characteristic nutrient-scavenging hybrid depth profile 




(Bruland and Lohan, 2003; Jacquot and Moffett, 2015; Takano et al., 2014). Hybrid type trace 
metal profiles are generally driven by microbial decomposition, remineralisation, scavenging, 
dissolution, and oxidation processes of sinking particles in mid waters (Bruland et al., 2014; 
Heller and Croot, 2015). The observed decrease in [CuT] at CS14 and CS25 near the seafloor 
for TAN1604 is indicative of Cu scavenging processes attributed to resuspended sediments. 
Some parameters such as depth, salinity, DRP, and NO3-N during TAN1504, and also depth, 
temperature, salinity, DO, chl-a, PartP, and DRP during TAN1604, had an effect on the [CuT] 
(p < 0.05) in the working area (Table 3.4), but as highlighted by the R2 value only a small 
proportion of the variance in [CuT] could be explained by these parameters. These outputs 
suggest that the biogeochemical cycling of Cu in the region of the Hauraki Gulf is rather 
intricate and dependent on the interactions between various interrelated physical, chemical, and 
biological properties of the water column. The high variability in the correlations between [CuT] 
and physical, chemical, and biological parameters is not a surprise, as there are multiple water 
masses (i.e., stratification) with various histories present in the working area. Nevertheless, the 
significant correlation between [CuT] and salinity, temperature, and DO indicates some extent 
of mixing between these water masses. However, these findings may be limited by the small 
sample size, which impedes unequivocal statements on the correlation between 
physicochemical parameters and CuT concentrations and distributions. Therefore, any results 
need to be interpreted with caution. Consequently, the environmental driving forces of CuT in 
the region of the Hauraki Gulf are yet to be fully elucidated. Nevertheless, the spatial and 
temporal similarities of the vertical [CuT] profiles at the three stations, and the hydrographic 
similarities during both sampling years, suggest that the CuT dynamics along the CS-transect 
are controlled by common factors and processes.  
More data are needed to enhance our understanding of the factors and process driving the 
budget and cycling of Cu in the Hauraki Gulf. There are still many unanswered questions, but 
samples collected during both cruises for Fe-isotope analysis, zooplankton quantification, 
evaluation of prokaryote abundance and community composition, and deployed sediment traps 
are thought to enable the identification and quantification of Cu sources (i.e., differentiation 
between biogenic, authigenic, and lithogenic trace metals) in the working area. These additional 
datasets are currently being processed and may lead to a fuller understanding of the geochemical 
fate (e.g., transport, sorption, oxidation, precipitation, and degradation processes) of Cu in the 
marine environment. 




Table 3.4: Pearson’s correlation between the measured physical, chemical, and biological parameters and the estimated Cu speciation values of samples collected 
along = the cross-shelf (CS) transect (station CS7, CS14, and CS25) during TAN1506 and TAN1604 in the Hauraki Gulf region, New Zealand. Data were processed 
with R version 3.1.2. Numbers in bold indicate correlations with R2 > 0.8 or p ≤ 0.05.  
 
    TAN1506 
  R2 p-value 
  CuT LT logK CuXIN Cu2+ Cu' CuT LT logK CuXIN Cu2+ Cu' 
Depth  0.44 0.17 0.07 0.33 0.33 0.33 <0.01 0.60 0.31 0.01 0.01 0.01 
Temperature 0.28 0.06 0.04 0.67 0.67 0.67 0.06 0.44 0.55 <0.01 <0.01 <0.01 
Salinity 0.30 0.05 0.05 0.69 0.69 0.67 0.05 0.50 0.50 <0.01 <0.01 <0.01 
DO 0.03 0.15 <0.01 0.20 0.20 0.20 0.59 0.22 0.94 0.17 0.17 0.17 
Fluorescence <0.01 0.16 0.01 0.04 0.04 0.04 0.95 0.21 0.76 0.57 0.57 0.57 
Chl-a 0.22 0.17 0.22 0.59 0.59 0.60 0.41 0.58 0.53 0.22 0.23 0.23 
POC 0.03 0.04 0.02 0.60 0.61 0.61 0.65 0.62 0.75 0.02 0.02 0.02 
DOC <0.01 0.03 0.28 0.44 0.44 0.44 0.88 0.67 0.21 0.10 0.10 0.10 
PartN 0.01 0.09 <0.01 0.18 0.18 0.18 0.81 0.44 0.89 0.29 0.29 0.29 
PartP <0.01 0.05 <0.01 0.14 0.14 0.14 0.92 0.59 0.90 0.37 0.37 0.37 
DRP 0.42 0.02 0.05 0.50 0.50 0.50 <0.01 0.58 0.39 <0.01 <0.01 <0.01 
NH4-N 0.05 0.02 0.02 <0.01 <0.01 <0.01 0.34 0.58 0.57 0.73 0.73 0.73 
NO3-N 0.42 0.02 0.05 0.48 0.48 0.48 <0.01 0.54 0.39 <0.01 <0.01 <0.01 
   TAN1604 
Depth  0.61 <0.01 0.36 <0.01 <0.01 <0.01 <0.01 0.71 <0.01 0.79 0.91 0.91 
Temperature 0.53 0.10 0.42 <0.01 0.02 <0.01 <0.01 0.19 <0.01 0.99 0.55 0.85 
Salinity 0.36 0.10 0.36 <0.01 0.03 <0.01 <0.01 0.19 <0.01 0.82 0.51 0.97 
DO 0.63 0.08 0.40 <0.01 <0.01 <0.01 <0.01 0.25 <0.01 0.97 0.77 0.82 
Fluorescence 0.1 0.23 0.09 <0.01 0.06 0.03 0.18 0.04 0.21 0.73 0.32 0.48 
Chl-a 0.67 0.21 0.14 0.09 0.33 0.09 <0.01 0.21 0.33 0.44 0.10 0.43 
POC 0.13 0.27 0.29 <0.01 <0.01 <0.01 0.11 0.03 0.02 0.94 0.86 0.80 
DOC 0.03 0.02 0.09 0.07 0.02 0.09 0.48 0.53 0.24 0.28 0.60 0.23 
PartN 0.14 0.41 0.40 <0.01 <0.01 <0.01 0.10 <0.01 <0.01 0.98 0.80 0.75 
PartP 0.19 0.29 0.33 0.02 0.03 0.06 0.05 0.02 0.02 0.55 0.51 0.32 
DRP 0.57 0.05 0.33 <0.01 0.03 <0.01 <0.01 0.38 0.01 0.93 0.55 0.91 
NH4-N 0.01 <0.01 0.02 0.25 0.03 0.25 0.65 0.96 0.54 0.03 0.50 0.03 
NO3-N 0.18 0.06 0.31 0.05 0.01 0.03 0.06 0.32 0.02 0.38 0.64 0.49 
CuT: Total dissolved Cu; LT: total organic ligands; logK: conditional stability constant of the CuL-complex; CuXIN: Cu complexed by inorganic ligands; Cu2+: Free Cu ion; Cu’: 
bioavailable Cu (sum of CuXIN and Cu2+); DO: dissolved oxygen; Chl-a: chlorophyll a; POC: particulate organic carbon; DOC: dissolved organic carbon; PartN: particulate 
nitrogen; PartP: particulate phosphorous; DRP: dissolved reactive phosphorus; NH4-N: ammonium-nitrogen; and NO3-N: nitrate-nitrogen.  




3.5.3. Cu speciation in the water column 
3.5.3.1. Distribution and concentration of Cu-complexing ligands  
This is the first time that Cu-binding organic ligands have been measured in the region of 
the Hauraki Gulf. In this study, we were unable to detect two different Cu-binding ligand classes 
(distinguished by different conditional stability constants) in contrast to other studies in the 
open ocean (e.g., Thompson et al., 2014; Whitby et al., 2018). A possible explanation is that a 
second ligand class was either missing, as reported previously by Coale and Bruland (1988 and 
1990) as well as Heller and Croot (2015), or could not be identified owing to the fact that ligands 
with similar logK values are difficult to resolve within one single analytical detection window 
(Jacqout and Moffett, 2015). By using one detection window, estimated [L] and corresponding 
logK values generally reflect weighted averages of all ligands present within that window 
(Miller and Bruland, 1997). The reason behind the here reported absence of a second ligand 
class is unclear and estimated [L], and logK values of the current study were, therefore, 
interpreted as weighted averages of a continuum of ligands present, i.e. [LT] = [L1] + [L2] +…+ 
[Li] and logK = logK1 + logK2+…+ logKi, rather than referring to one specific ligand class.  
Estimated concentrations of LT were in the range of 2.9 to 37.4 nM for TAN1506 as well 
as 6.3 to 47.7 nM for TAN1604, which are comparable to [LT] measured in samples of the 
Atlantic Ocean, Southern Ocean, and the Pacific Ocean (Heller and Croot, 2015; Whitby et al., 
2018). It is interesting to note that studies which only reported estimates of one strong Cu-
binding ligand class (logK values of 12.5 to 14.1) usually had ligand concentrations of up to 6 
fold lower than the current study, indicating missing or unresolved weaker ligand classes 
(Heller and Croot, 2015). Higher [LT] were usually found in the upper 250 m suggesting either 
a biological origin or a riverine source of ligands. A further argument for the autochthonous or 
allochthonous (i.e., riverine) origin of ligands in the upper water column is the fact that surface 
[LT] were higher at CS7 relative to CS25, following the chl-a values and POC concentration 
trends. Moreover, [LT] consistently exceeded [CuT] in the euphotic zone, which is usually 
indicative of an autochthonous production of ligands to mitigate or enhance Cu2+ uptake 
(Thompson et al., 2014). Biological uptake, bacterial utilisation, and/or photodegradation of 
ligands (Moffett et al., 1990; Thompson et al., 2014, Buck et al., 2017) in the surface waters 
may account for the relative depletion of LT in the upper 10 m at CS7 and CS14 during 
TAN1604 as well as at CS25 during both cruises (Thompson et al., 2014). Organic ligands were 
also commonly found in intermediate and deep waters above the seafloor, likely reflecting a 
source from remineralised sinking OM (as proposed for iron binding organic ligands 
(Fukushima et al., 1996; Ghantous et al., 1998)), resuspended benthic inputs, or lateral advected 




inputs from the shelf (Coale and Bruland, 1990; Jacquot and Moffett, 2015). At depth, [LT] still 
exceeded [CuT] down to 1000 and 2000 m, but generally by reduced margins. Conditional 
stability constants of the prevalent CuL-complexes were uniformly distributed throughout the 
water column across the three stations during both sampling cruises with mean profile values 
of 12.5 ± 0.4 for TAN1506 and 11.9 ± 0.4 for TAN1604. The uniformity of the logK values 
suggests that the prevalent organic ligands are possibly composed of similar compounds 
throughout the study area and across all depths. 
Ligand concentrations in the working area had a statistically significant correlation with 
fluorescence (R2=0.23; F(1,16)=4.75; p=0.04), POC (R2=0.27; F(1,16)=5.96; p=0.03), PartN 
(R2=0.41; F(1,16)=11.15; p=0.004), and PartP (R2=0.29; F(1,16)=6.75; p=0.02) during 
TAN1604, while abiotic and biotic parameters were statistically independent of the [LT] during 
TAN1506 (Table 3.4). The significant correlation between [LT] and fluorescence during 
TAN1506 indicates that some fraction of the organic ligand pool in the water column consists 
of absorbing and fluorescing complexes, such as HS and proteins (Wu et al., 2001). Organic 
ligands in the working area were also correlated with POC, PartN, and PartP, but only a minor 
amount of the variance in the [LT] was explained by these three variables, suggesting that the 
marine organic ligand pool has additional sources. Moreover, the lack of a significant 
correlation between [LT] and chl-a, which is a proxy of the phytoplankton biomass, suggest that 
chl-a type phytoplankton is not the only source of organic ligands in the region of the Hauraki 
Gulf. More details about the sources of organic ligands in the working area are given in Section 
3.5.3.3. Even though there is a great deal of unexplained variance in the data, samples collected 
during TAN1604 revealed a statistically significant correlation between logK and depth (R2= 
0.36; F(1,16)=8.95; p<0.01), temperature (R2= 0.42; F(1,16)=11.56; p<0.01), salinity 
(R2=0.36; F(1,16)=8.90; p<0.01), DO (R2= 0.40; F(1,16)=10.68; p<0.01), POC (R2=0.29; 
F(1,16)=6.42; p=0.02), PartN (R2= 0.40; F(1,16)=10.83; p<0.01), PartP (R2=0.33; 
F(1,16)=7.73; p=0.01), DRP (R2=0.33; F(1,16)=8.03; p=0.01), and NO3-N (R
2=0.31; 
F(1,16)=7.33; p=0.02) (Table 3.4). There was no evidence for a statistically significant 
correlation between logK values and measured physical, chemical, and biological parameters 
during TAN1506. These outputs indicate that despite hydrographic similarities along the CS-
transect during both cruises Cu speciation parameters seem to be driven and controlled by 
different and interrelated environmental factors. Consequently, the understanding of the biotic 
and abiotic factors influencing Cu speciation in the working area remains a challenging task. 
However, the small sample size reduced the power of the statistical output and thereby might 
have limited the detection of a true effect for TAN1506. Knowledge about the effects of 




physicochemical processes on [L] and logK values is still in its infancy, and more samples and 
studies are needed to validate any further assumptions. 
 
3.5.3.2. Distribution and concentration of the free Cu ion (Cu2+)  
The voltammetric measurements of the current study showed that CuT is strongly and 
uniformly complexed throughout the region of the Hauraki Gulf with ~ 99.7 % of the CuT in 




previously observed in various coastal seawater and open ocean samples collected around the 
world (Buck et al., 2007; Bruland et al., 2014; Coale and Bruland, 1988; Jacquot and Moffett, 
2015; Moffett and Dupont, 2007; Thompson et al., 2014; Whitby et al., 2018). The high [LT] 
and relatively strong organic complexation stabilities of the prevalent ligands (TAN1506: 12.5 
± 0.4; TAN1604: 11.9 ± 0.4) reduced the Cu2+ level in the upper 10 m of the working area to 
values of 0.018 ± 0.011 pM during TAN1506 and 0.058 ± 0.028 pM during TAN1604 with 
higher Cu2+ values of up to 0.069 pM and 0.195 pM at greater depths for samples collected 
during TAN1506 and during TAN1604, respectively. These values depict a ~3 fold variation 
in [Cu2+] with depth and sampling year and are in good agreement with Jacquot et al. (2013), 
who determined similar [Cu2+] (0.003 to 0.134 pM) in the eastern South Pacific. This 
approximately 3 fold change in [Cu2+] values might not be significant chemically, but it may 
have an effect on marine biota since the margin between Cu2+ toxicity and necessity is quite 
narrow, and early life stages are usually the most vulnerable to metal toxicity or metal limitation 
(Fitzpatrick et al., 2008; Jakimska et al., 2011).  
The vertical depth profile of [Cu2+] cannot be explained by a change in 
[LT]
[CuT]
 (Fig. 3.8). 
Generally, [Cu2+] should increase with depth as [L] approaches [CuT] (Heller and Croot, 2015; 
Jacqout and Moffett, 2015; Thompson et al., 2014, Whitby et al., 2018), but evidently this is 
not the case for TAN1506 and TAN1604. Cu2+ concentrations within the water column showed 
some variability suggesting (1) active remineralisation and rapid turnover of OM from the 
productive surface waters leading to higher [Cu2+] with depth (Jacqout et al., 2013; Jacqout and 
Moffett, 2015); (2) resuspended sediment particles, i.e. benthic inputs, acting as a source of 
organic ligands and thereby buffering [Cu2+] in the overlying water column (Jacqout and 
Moffett, 2015); (3) laterally advected inputs from the coast and shelf resulting in local 
subsurface maxima of [Cu2+] (Jacqout and Moffett, 2015); or (4) significant differences in 
chemical properties of prevalent Cu-binding ligands (Jacqout et al., 2013; Moffett and Dupont, 
2007) (e.g., multidentate binding capacities, and non-specific metal affinities of ligand binding 




sites). However, during both sampling periods, no evidence for statistically significant 
correlations (R2 ≥ 0.8; p ≤ 0.05) between [Cu2+] and measured physical, chemical, and 
biological parameters were found, with the exception of depth (R2=0.33; F(1,15)=7.55; 
p=0.01), temperature, (R2=0.67; F(1,9)=18.36; p<0.01), salinity (R2=0.69; F(1,9)=20.21; 
p<0.01), POC (R2=0.61; F(1,6)=9.28; p=0.02), DRP (R2=0.50; F(1,15)=15.27; p<0.01), and 
NO3-N (R
2=0.48; F(1,15)=13.83; p<0.01) for TAN1506 (Table 3.4). The poor correlation (R2 
< 0.8) between [Cu2+] and abiotic as well as biotic parameters suggest that there is no simple 
relationship between [Cu2+] and remineralisation, ligand complexation, and scavenging 
processes in the marine system. Instead, the partitioning of Cu in the water column is likely 
reflected by a competition and interaction of the above mentioned processes. Additionally, the 
magnitude of remineralisation, complexation, and scavenging is not well known in seawater 
(Coale and Bruland, 1990), which exacerbates any further assumptions without more data.  
 
3.5.3.3. Possible sources and sinks of Cu-complexing ligands 
Free Cu ion concentrations in the current study were poised right between the toxic 
threshold value of 10-11 M (Brand et al., 1986; Moffett et al., 1997) and the limiting threshold 
value of ~ 10-14 to 10-15 M reported for several marine phytoplankton species (Maldonado et al., 
2006; Peers et al., 2005) - consistent with most open ocean settings. It is important to note that 
the above mentioned values are commonly cited as the ‘critical Cu thresholds’, although they 
are species dependent and might be very different for other marine organisms. The [Cu2+] in 
the water column of the Hauraki Gulf region was maintained at non-toxic and non-limiting 
levels, predominantly by complexation of Cu2+ to organic ligands, which effectively buffered 
the marine system against changes in [Cu2+]. Organic ligands are believed to have 
phytoplankton and bacterial origin (Croot et al., 2000; Jacqout and Moffett, 2015; Moffett et 
al., 1990; Moffett and Dupont, 2007) due to generally higher [L] in the photoactive zone of the 
upper water column (Moffett and Dupont, 2007; Thompson et al., 2014). A further compelling 
argument for the autochthonous production of ligands in the surface waters is that the relative 
[LT] compared to [CuT] (i.e., 
[LT]
[CuT]
) (Fig. 3.8) decreased with depth, which is in good agreement 
with data obtained by Thompson et al. (2014). Laboratory experiments with marine 
microorganisms have shown that Cu-stressed cyanobacteria (e.g., Synechococcus), 
dinoflagellates (e.g., Amphidinium carterae), and coccolithophores (e.g., Emiliana huxleyi) 
produce Cu-binding exudates with logK values in the order of 10 to 13.3 (Croot et al., 2000; 
Leal et al., 1999; Moffett et al., 1990; Moffett and Brand, 1996; Vasconcelos et al., 2002), a 
range of logK values remarkably similar to those estimated for the samples of the Hauraki Gulf 




and other natural marine systems using voltammetric techniques (Coale and Bruland, 1988; 
Coale and Bruland, 1990; Moffett and Dupont, 2007; Thompson et al., 2014; Whitby et al., 
2018). Current literature, therefore, suggests that cyanobacteria, dinoflagellates, and 
coccolithophores, which also compose a large proportion of the photosynthetic and 
phototrophic biomass in the region of the Hauraki Gulf (Chang et al., 2003), are the main 
producers of Cu-binding ligands in the euphotic zone of the marine environment (Croot et al., 
2000; Leal et al., 1999; Thompson et al., 2014). Estimated [LT] in the current study did, 
however, not correlate well with chl-a concentrations measured along the CS-transect during 
both sampling years, thereby supporting previous data obtained by Thompson et al. (2014) as 
well as Coale and Bruland (1990). There are several potential explanations for this missing 
correlation between [LT] and chl-a: 
 
(1) The distribution and concentration of L reflect the distribution of different source 
species containing several different types of chlorophyll pigments. Given the 
complexity of phytoplankton assemblages and activities in the region of the Hauraki 
Gulf (Baltar et al., 2018 submitted; Chang et al., 2003; Zeldis et al., 1995), it is quite 
possible that different phytoplankton species produce different amounts of Cu-binding 
ligands with different chemical properties, and [L] would, therefore, not have a trend 
with total productivity or chl-a concentration (Coale and Bruland, 1990). 
 
(2) LT could have other additional sources, such as chemoautotrophic microorganisms 
(e.g., bacteria) (Klevenz et al., 2012) or ligands of terrestrial origin (i.e., allochthonous) 
introduced to shelf zone from stormwaters and riverine sources (DePalma et al., 2011; 
Sander et al., 2015; Whitby, 2016) (e.g., Firth of Thames (Sikes et al., 2009)). Other 
sources (allochthonous and autochthonous) of marine organic ligands, which are not 
yet known or identified, could also add to the marine Cu-binding ligand pool (Whitby, 
2016) of the Hauraki Gulf region. Nevertheless, despite their chemical differences, 
allochthonous and autochthonous organic ligands cannot be differentiated owing to 
their similar Cu complexation properties (i.e., consistent complexing sites/functional 
groups) (Sohn and Weese, 1986; Whitby et al., 2018). 
 
(3) Different Cu-binding ligands have different chemical properties. It is well established 
that ligand source and related quality are more important in determining Cu 
complexation processes in natural marine environments than [L] (e.g., Cooper et al., 
2014; Deruytter et al., 2015) owning to different Cu-binding affinities and capacities 




of different Cu-binding ligands (Coale and Bruland, 1990, Sander et al., 2015; Town 
and Filella, 2000). It is thus no surprise that the [LT] of the current study were weakly 
correlated (R2 ≥ 0.8) with DOC, POM, chl-a, and [CuT]. Ligand-quality as a major 
player in Cu speciation processes is explained in more detail in Chapter 5. Further, 
only a small fraction of DOC and POM act as ligands and can complex metals, the 
poor correlation of [LT] with DOC and POM concentration in the water column was 
thus expected. Moreover, it is more than possible that not all phytoplankton is able to 
produce ligands and [LT] would, therefore, not correlate well with the chl-a 
concentration.  
 
The excess ligand production usually decreased with depth, with the exception of some local 
[LT] maxima in the mid and deep water column near the seabed. The decrease of [LT] with 
depth might be explained by degradation processes presumably through bacterial utilisation 
(Thompson et al., 2014) or by biological oxidation and uptake (Coale and Bruland, 1990). 
Subsurface maxima of [LT] likely reflect a ligand source from remineralised sinking OM 
(Fukushima et al., 1996; Ghantous et al., 1998; Jacqout and Moffett, 2015; Thompson et al., 
2014, Buck et al., 2017) or lateral advected inputs from the shelf (Coale and Bruland, 1990; 
Jacquot and Moffett, 2015). Resuspended sediments could also represent a source of organic 
ligands to the overlying waters (Skrabal et al., 1997; Jacquot and Moffett, 2015), although the 
majority of studies have indicated that only weak complexes are derived from sediments (logK 
< 9) (Thompson et al., 2014).  
 





Figure. 3.8: Vertical depth profiles of 
[LT]
[CuT]
 for A) CS7; (B) CS14, and; (C) CS25. Triangles (▲) represent stations 
sampled during TAN1506, while circles (●) indicate stations sampled during TAN1604.  
 
 
Values for logK were uniformly distributed throughout the water column across the three 
stations during both sampling cruises with mean values of 12.5 ± 0.4 for TAN1506 and 11.9 ± 
0.4 for TAN1604, suggesting that LT could be composed of similar compounds throughout the 
study area (Fig. 3.6). Potential candidates for the marine Cu-binding ligand pool, with similar 
logK values as those estimated for the samples of the Hauraki Gulf, including humic and fulvic 
acids, and thiol compounds such as gluthatione, phytochelatins, cysteine and a number of 
related derivatives (e.g., Laglera and Van den Berg, 2003; Moffett and Brand, 1996; Semeniuk 
et al., 2015; Whitby and Van den Berg, 2015). The direct identification and characterisation of 
Cu-binding ligands in seawater are currently limited (Thompson et al., 2014; Vraspir and 
Butler, 2009), but indirect analyses of [L] and logK values via laboratory experiments of 
phytoplankton cultures enable the identification of some potential candidates. Nonetheless, 
without a proper chemical characterization of Cu-binding organic ligands in the working area 
it is difficult to speculate as to their nature. A natural progression for future work is, therefore, 
to provide additional information on the chemical properties of organic ligands in natural 
seawater samples using emerging analytical techniques such as high performance liquid 
chromatography-electrospray ionization mass spectrometry (HPLC–ESI-MS) or high 
performance liquid chromatography-inductively coupled plasma-mass spectrometry (HPLC–
ICP-MS) (Boiteau et al., 2013). Advances in these techniques would allow the identification of 




ligands and their sources in seawater samples, leading to a deeper understanding of the ultimate 
fate and the biogeochemical cycling of Cu in the marine environment. 
 
3.6. Conclusions 
It is well established that chemical speciation is the driving factor for understanding the 
biogeochemical cycling of trace metals in the ocean, as well as their bioavailability and 
associated toxicity to marine organisms (Van Briesen et al., 2010). The speciation of trace 
metals in seawater is maintained by various natural processes including scavenging, 
remineralisation, assimilation, and primarily organic complexation (Jacqout and Moffett, 
2015). However, the sources, distribution, and chemical nature of marine trace metal binding 
organic ligands and the factors influencing their complexation processes are still not fully 
understood (Thompson et al., 2014). This study, therefore, used Cu as a model transition metal 
to examine Cu speciation processes in the marine environment and therewith enhance current 
knowledge of the sources as well as the factors and processes influencing the fate of Cu in the 
ocean. Samples from a cross-shelf (CS) transect from the Hauraki Gulf to the open ocean (north-
eastern New Zealand) were analysed using AdCSV, a common voltammetric technique. This 
technique enables partial characterisation of the complex Cu-binding ligand pool via estimates 
of the conditional stability constants (logK) of the prevalent seawater CuL-complexes.  
Hydrographic conditions, [CuT], CuT distribution, and Cu speciation parameters were 
relatively homogenous at the three measured stations in the working area during both sampling 
periods. Total dissolved copper concentrations in the surface waters along the CS-transect were 
with 0.32 to 1.16 nM similar but ~ 18 % higher than [CuT] observed in other South Pacific 
samples (e.g., Jacquot et al., 2013; Roshan and Wo, 2018). The nutrient-scavenging hybrid like 
distribution of the CuT in the working area conformed to the general characteristics of CuT 
identified by other researchers - surface depletion, linear increase with depth, and subsurface 
scavenging (Jacquot and Moffett, 2015). CuT in the current study was also strongly and 
homogeneously complexed (> 99.7 %) throughout the water column along the CS-transect 
during both sampling periods. [LT] were in the range of 2.9 to 47.7 nM with logK values 
between 11.4 and 13.6. This finding shows that the majority of the CuT stayed soluble in the 
water column, which has significant implications concerning the toxicity, bioavailability, and 
the biogeochemical cycling of Cu in the region of the Hauraki Gulf. 
Excess [LT] in combination with relatively high conditional stability constants resulted in 
an optimal buffered Cu2+ range between 0.001 and 0.195 pM. As a result, ligand complexation 
prevented [Cu2+] from becoming deficient (i.e., inducing Cu limitation (Maldonado et al., 2006; 




Peers et al., 2005)) or toxic (Brand et al., 1986; Moffett et al., 1997; Jacquot and Moffett, 2015) 
to marine organisms in the working area. The general uniformity of the estimated logK values 
indicates that the chemical nature of prevalent Cu-binding ligands is similar across all depths 
and stations. High [LT] in the upper water column, together with logK values in the range of 
11.4 to 13.6, and the decrease of 
[LT]
[CuT]
 with depth, suggest a biological origin of organic ligands 
in the euphotic zone by phytoplankton (e.g., Amphidinium carterae and Emiliana huxleyi) and 
bacteria (e.g., Synechococcus) (Croot et al., 2000; Jacqout and Moffett, 2015; Moffett et al., 
1990; Moffett and Brand, 1996; Vasconcelos et al., 2002). However, the current study showed 
only a poor correlation between [LT] and measured chl-a, DOC, or POC concentration along 
the CS-transect during both sampling years, suggesting either that (1) different phytoplankton 
species produce different amounts of Cu-binding ligands; (2) LT has various allochthonous and 
autochthonous sources, some of which are still unknown, or; (3) different Cu-binding ligands 
have different chemical properties (Coale and Bruland, 1990; Jacqout et al., 2013; Moffett and 
Dupont, 2007; Sander et al., 2015; Town and Filella, 2000). The latter explanation was 
supported by the fact that there was no evidence for a statistically significant correlation 
between [CuT] and [LT], which hints towards significant differences in the chemical properties 
of prevalent Cu-binding ligands (Jacqout et al., 2013; Moffett and Dupont, 2007) (i.e., 
multidentate binding capacities) that were not revealed by the AdCSV data, which only yield 
conditional stability constants. This finding demonstrates the importance of chemically 
characterizing organic ligands. Further, the excess [LT] usually decreased with depth, with the 
exception of some local [LT] maxima in intermediate and deep waters above the seafloor, likely 
reflecting a source from remineralised sinking OM (Fukushima et al., 1996; Ghantous et al., 
1998), resuspended benthic inputs, or lateral advected inputs from the coast and shelf (Coale 
and Bruland, 1990; Jacquot and Moffett, 2015).  
The poor correlation between [LT] and [Cu
2+] with abiotic and biotic parameters suggests 
that there is no simple relationship between Cu speciation parameters and remineralisation, 
complexation, and scavenging processes in the working area. This output raises interesting 
questions about how Cu speciation is controlled in the region of the Hauraki Gulf. A multi-
faceted analytical approach, which combines voltammetric speciation measurements with 
emerging methods, such as stable isotope geochemistry and HPLC analysis, may be ideal to 
provide new insights into the sources and chemical natures of various organic ligands in the 
future. These additional techniques will likely reveal more of the marine Cu cycle and its drivers 
than either set of measurements would on their own (Thompson et al., 2014). Results of the 
current study provide a first overview of [CuT] and Cu speciation in the western part of the 




South Pacific, but more research is needed to identify ligand sources, characterise organic 
complexation processes, constrain process rates, and determine factors that drive the Cu 
dynamics in the working area in order to gain a more complete understanding of Cu cycling in 
the marine environment. 
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Scope of this chapter 
This chapter describes shallow hydrothermal vent systems and their importance as 
sources of bioactive trace metals to the photic zone of the ocean. It focuses on the shallow 
hydrothermal vents around White Island/Whakaari (New Zealand) and the biogeochemical 
processes within this extreme environment, with a special focus on Cu. The chapter also 
describes the complex speciation of Cu as well as possible organic and inorganic complexation 
mechanisms. To date, little is known on Cu speciation processes associated with shallow 
hydrothermal vents, despite the fact that they directly influence surface waters and the 
productive photic zone. This work is the first study of Cu speciation in a shallow hydrothermal 
vent system around New Zealand and, therefore, contributes to the global understanding of the 
importance of shallow marine hydrothermal vents and hydrothermally derived Cu regarding Cu 
input and cycling in the world’s oceans.  
 
 
Figure. 4.A: Schematic of the cognitive space that Chapter 4 fills in the thesis. This chapter examines Cu 






While most knowledge of trace metal export from submarine vents and their importance 
for the biogeochemical cycling and the bio-productivity in the upper ocean comes from studies 
of deep-sea hydrothermal systems, comparable studies on their shallow marine counterparts are 
rather rare. However, shallow marine hydrothermal systems are slowly gaining attractiveness 
in chemical oceanography and are becoming an exciting field of research as they are transitional 
in character between terrestrial sub-aerial volcanoes and deep-sea hydrothermal systems and 
discharge bioactive trace metals directly into the photic zone. These shallow systems may thus 
have a much more direct effect on the biogeochemistry and bioavailability of trace metals in 
the surface ocean relative to deep-sea vents. This study aimed to provide data to supplement 
the paucity of information about trace metal speciation, cycling, and transport processes in 
shallow marine hydrothermal vent systems.  
As such, low-temperature hydrothermal fluids and hydrothermally-influenced seawater 
samples from White Island/Whakaari (Bay of Plenty, New Zealand) were analysed for total 
dissolved Cu concentrations ([CuT]) using Inductively Coupled Plasma-Mass Spectrometry 
(ICP-MS), and Cu speciation (i.e., ligand concentrations ([L]), conditional stability constant 
(logK), and free Cu ion concentrations ([Cu2+])) using adsorptive cathodic stripping 
voltammetry (AdCSV) with salicylaldoxime (SA) as the complexing agent. On the basis of 
sulfide (0 to 6957 nM), total Hg (80 to 664 pM), and Mg (58.6 ± 0.7 mM) data it was shown 
that the whole region of the Bay of Plenty is influenced by extensive hydrothermal activity. 
Total dissolved Cu concentrations ([CuT]) (0.8 to 3.1 nM) in the working area were similar to 
ambient open ocean [CuT] and were thus relatively low compared to deep-sea hydrothermal 
vents. This output indicates that most emanating Cu is already removed from the water column 
owing to precipitation of sulfide minerals (e.g., chalcopyrite) or oxy-hydroxides in the 
subsurface or at the seabed, forming visible rock- and sediment covering crusts around the 
active vent sites. Only a minor amount of Cu remained soluble. Quantitative and qualitative 
voltammetric data convincingly indicated the presence of inorganic (logK of 11.9 ± 0.2) and 
organic ligands (logK of 12.6 ± 0.6) with concentrations of up to 33.6 ± 8.8 nM in samples 
characterized by hydrothermal input. Inorganic Cu complexation with inorganic sulfur species 
([L] ranging from 13.0 to 33.6 nM) predominated Cu speciation in the hydrothermal waters 
around White Island, while organic ligands ([L] ranging from 3.9 to 29.4 nM) contributed only 
a minor fraction to the soluble Cu pool. The prevalent ligands form CuL-complexes strong 
enough to stabilize ~ 99.9 % of the Cu in solution, allowing CuT to be transported into the 
surface waters of the working area. Even though the CuT flux into the ocean appears to be 




the biogeochemistry of the photic zone on a local scale and possibly throughout the distal 
oceans as a whole. However, no compelling evidence for this process was found in the current 
study owing to small sample size and extreme weather conditions during sampling. Further 
work needs to be done to elucidate the chemical nature of hydrothermally derived ligands and 
their importance in controlling the bioavailability and the geochemical behaviour of Cu around 
shallow hydrothermal vents, which is key to the understanding of the global oceanic Cu cycle.  
 
4.1. Introduction 
4.1.1. Shallow hydrothermal systems 
Shallow-marine hydrothermal vents, mostly related to oceanic island arc volcanism, are 
by definition active volcanic systems in the photic zone in water depths down to 200 m (Tarasov 
et al., 2005). Examples of volcanic activity at shelf depths include Kraternaya Bay in Russia 
(Tarasov, 2006), the Lesser Antilles Island Arc in the Caribbean, the Aeolian and Hellenic 
Island Arc in the Mediterranean (Aliani et al., 2004; Fitzsimons et al., 1997; McCarthy et al., 
2005; Price et al., 2013; Varnavas and Cronan, 2005; Dando et al., 2000; Kadar et al., 2012), 
the Tonga-Kermadec-Taupo volcanic arc system in New Zealand, and the New-Hebrides Arc 
in the South Pacific (Glasby, 1971; Pantin and Wright, 1994; Sarano et al., 1989) (Fig. 4.1).  
 
 
Figure. 4.1: Locations of confirmed and inferred shallow hydrothermal vents, volcanic islands, underwater 





In order for shallow-marine hydrothermal environments to develop, cold and oxic 
seawater needs to seep through cracks and fissures of the seafloor with subsequent exposure to 
subsurface temperatures of up to 325 °C (Fitzsimons et al., 1997; Tarasov et al., 2005) (Fig. 
4.2). The heat results in the formation of different minerals, fluid reduction of sulfate, fluid 
depletion of Mg at temperatures > 250 °C, and alkalinity decrease through seawater-rock 
interaction, producing acidic fluids with pH values as low as 3 (Bischoff and Seyfried, 1978; 
Seyfried and Ding, 1993; Kleint, 2016; Chen et al., 2016). Elevated temperatures and acidic pH 
lead to the dissolution (leaching) of silica, rare earth elements (REEs), and metals from the host 
rock (Seyfried and Ding, 1993; Kleint, 2016; Chen et al., 2016), enriching metals such as Fe, 
Cu, Hg, Mn, and Zn in the hydrothermal fluid (German and von Damm, 2006) with respect to 
their background content in ambient seawater (Tarasov, 2006; Kleint et al., 2015). Depending 
on temperature and pressure, phase separation may occur, separating the fluid into one volatile-
rich gas phase and a metal-rich brine phase (Bischoff, 1991; von Damm, 1995; Kleint, 2016; 
Holmes et al., 2017) (Fig. 4.2). As soon as the fluid reaches sufficient buoyancy, it begins to 
rise up towards the seafloor. During ascent, fluids undergo a variety of geochemical processes 
(e.g., cooling, mixing, and interaction with host rock) that can cause most of the trace metal 
load of the fluid to precipitate beneath the seafloor (Steele et al., 2009; Kleint, 2016). On 
reaching the seafloor, gas bubbles and fluids at temperatures from 10 to just above 100 °C 
(Tarasov, 2006; Kleint et al., 2015) emanate through cracks and fissures. The composition of 
the fluids and gases depend on the structure of the host rock, the in-situ pressure and 
temperature, as well as the water-rock reaction dynamics and pathways (Tarasov, 2006; Hawkes 
et al., 2015). The submarine geothermal activity of shallow-marine hydrothermal vents is 
usually characterised by diffuse fluid discharge and the occurrence of discrete bubble zones 
(Glasby, 1971), which are commonly rich in He, H2, H2S, CH4, and CO2
 (Kleint, 2016). The 
emanating diffuse fluid is then cooled and rapidly mixed with oxic seawater, resulting in the 
majority of trace metals being immediately precipitated or oxidated (Sander and Koschinsky, 
2011 and 2016; Holmes et al., 2017) to insoluble sulfide minerals or oxy-hydroxides, which 
form rock- and sediment covering crusts around the active vent sites (Kleint, 2016; Sander and 
Koschinsky, 2016; Holmes et al., 2017). Metals that are not directly precipitated in the vent 
vicinity are readily stabilized and become diluted on contact with seawater, with local 
concentrations remaining orders of magnitudes higher than those of the ambient ocean (Sander 






Figure. 4.2: Schematic of the geochemical setting and characteristic processes at shallow hydrothermal vents 
(adapted from Price and Giovannelli, 2017). 
 
 
In the fluid-seawater mixing zone, strong organic complexation and inorganic colloids 
stabilize trace metals in the dissolved phase and suppress their mineral formation, allowing 
them to be transported into the upper water column and possibly the photic zone (Sander et al., 
2007; Tivey, 2007; Hsu-Kim et al., 2008; Sander and Koschinsky, 2011 and 2016; Kleint, 
2016). Owing to their shallow water depths, shallow-marine hydrothermal vents emit trace 
metal-rich fluids directly into the photic zone, thereby acting as much more direct sources of 
biologically essential nutrients (e.g., Fe, Cu, Zn) or toxicants (e.g., Cu, Hg, As) (Kleint, 2016) 
into the surface ocean relative to deep-sea vents. Shallow vent systems may, therefore, directly 
influence photosynthetic communities (Kleint et al., 2015) on a local and regional scale. 
Complexed trace metals can also drift laterally, driven by the oceanic current regime, and in the 




thousands of kilometres away from their hydrothermal vent sources (Rudnicki et al., 1994; 
Rudnicki and Elderfield, 1993; Tarasov, 2006; Fitzsimmons et al., 2015; Resing et al., 2015; 
Kleint, 2016; Fitzsimmons et al., 2017). The concentrations of trace metals in the dissolved 
phase and their spatial distribution largely depends on, and is controlled by, complexation with 
organic and inorganic ligands or the formation of inorganic colloids (Bruland, 1989; German 
and von Damm, 2006; Sander et al., 2007; Findlay et al., 2015; Holmes et al., 2017) in 
hydrothermal fluids and in the surrounding water column and has to be thus studied on a sit-
by-site basis.  
 
4.1.2. Speciation and inorganic complexation of Cu in hydrothermal waters  
The complexation and stabilization of Cu with hydroxides and free inorganic sulfides 
dominates the inorganic chemical speciation of Cu in hydrothermal waters (Luther et al., 2001; 
Luther et al., 2002; Edgcomb et al., 2004; Luther and Rickard, 2005; Sander et al., 2007; Sander 
and Koschinsky, 2016). However, natural organic ligands have also been recognized to strongly 
stabilize Cu in the dissolved phase, thereby preventing a large fraction of Cu from forming 
insoluble inorganic precipitates around hydrothermal vents (Sander et al., 2007; Sander and 
Koschinsky, 2011 and 2016; Kleint, 2016). A model by Sander and Koschinsky (2011) 
demonstrated, under the assumptions of the model, that in the absence of ligands < 0.6 % of 
hydrothermally-derived Cu may stay in solution, in contrast to 4.2 % when organic ligands are 
present.  
Organic ligands can be passively produced from grazing and bacterial re-mineralization 
of organic matter (OM) (Gledhill and Buck, 2012), or can be actively produced by terrestrial 
and marine organisms (Vraspir and Butler, 2009) to counteract or enhance Cu2+ uptake (Moffett 
and Brand, 1996; Albrecht-Gary and Cumbliss, 1998; Klevenz et al., 2012). However, in 
hydrothermal vent fluids it is still uncertain whether prevailing organic ligands are biological 
degradation products (passively produced), whether they have been actively synthesised by 
hydrothermal vent organisms, or whether they are abiotic molecules formed under 
hydrothermal conditions (Powell, 2015; Sander et al., 2007). Known natural Cu-binding ligands 
include thiols (i.e., glutathione, cysteine), humic and fulvic acids (i.e., degradation products of 
terrestrial and marine OM), or other low molecular weight compounds (Leal et al., 1999; Sander 
et al., 2007; Semeniuk et al., 2015; Whitby and Van den Berg, 2015; Kleint, 2016) with high 
stability constants of logK > 12 (Bundy et al., 2013; Sander et al., 2007; Sander and Koschinsky, 
2011). Sander et al. (2007) and Klevenz et al. (2012) showed that microorganisms at deep-sea 




elevated Cu concentrations and Cu-stress in the hydrothermal environment. Dissolved organic 
carbon (DOC) derived from microbial productivity (Dittmar and Stubbins, 2014; Hawkes et al., 
2015 and 2016) was also confirmed to act as a source of Cu-binding ligands around deep-sea 
hydrothermal vents. Both these sources may, therefore, also act as pools of organic ligands in 
shallow hydrothermal vent systems. So far, only one study has been published on organic 
complexation processes of Cu at shallow hydrothermal vent fields off the coast of Milos 
(Greece), Dominica (Lesser Antilles), and the Bay of Plenty (New Zealand) (Kleint et al., 
2015), suggesting a microbial source of organic ligands in shallow hydrothermal systems in 
addition to the dominant complexation of Cu by sulfides (Kleint et al., 2015). Ongoing studies 
are still trying to properly answer the questions of the chemical composition and origin of 
organic Cu-binding ligands around shallow hydrothermal vents. Nevertheless, it is widely 
recognized that Cu complexation with insoluble inorganic- and stable organic ligands is present 
around shallow hydrothermal vents and has important consequences on the nature of mineral 
deposits in the vent vicinity, on the physicochemical characteristics of the water column, on the 
geochemical behaviour of Cu (Kleint, 2016), on the global oceanic Cu cycling, on the Cu 
bioavailability, and on the local benthic, neritic, and pelagic biological community in the 
vicinity of hydrothermal activity (Tarasov, 2006; Sander and Koschinsky, 2011). 
 
4.1.3. Effects on the surrounding biological environment 
As a result of shallow water depth and light penetration (< 200 m), shallow marine 
hydrothermal vent discharges often reach into the upper photic zone, thereby creating a habitat 
for both chemosynthetic and photosynthetic organisms (Tarasov, 2006; Kleint et al., 2015; 
Chen et al., 2016). Extremophile organisms, which live in and around shallow-marine 
hydrothermal vent sites, are continuously exposed to extreme physical and chemical conditions, 
including elevated temperatures, chemical gradients, reduced gases, and high trace metal 
concentrations (Sander et al., 2007) with some of the trace metals (e.g., Fe, Zn) being essential 
micronutrients, while others are entirely toxic (e.g., Hg, As) (Hunter, 2008), or in the case of 
Cu, are both essential and toxic depending on the concentration (Bruland et al., 1991; Kleint et 
al., 2015). For instance, uncomplexed, inorganic free, hydrated Cu2+ concentrations ([Cu2+]), 
below 10-15 M have been shown to limit diatom growth (Sunda and Huntsmann, 1995), while 
amounts above 10-12 M have been documented to inhibit the viability of some phytoplankton, 
zooplankton, and microalgae species (Sunda et al., 1987; Sunda et al., 1990; Kiaune and 
Singhasemanon, 2011; Klevenz et al., 2012). The margin between trace metal sufficiency and 




(Fitzpatrick et al., 2008; Jakimska et al., 2011). Elevated trace metal discharge of vent fluids 
can thus present a potential positive or negative impact on ecosystems and their associated bio-
community as well as on primary production processes on a local scale (Chen et al., 2016). Of 
highest interest are hydrothermal systems which are shallower than the mixed layer depth (< 
150 m) (de Boyer Montégut et al., 2004; Hawkes et al., 2015), as they directly influence primary 
productivity in the surface ocean. Nonetheless, only scarce information is currently available 
on the level and role of metal speciation processes in shallow hydrothermal island arc systems 
(Kleint et al., 2015). Additionally, the importance of shallow hydrothermal vents in 
understanding biogeochemical cycling and fluxes of trace metals into the productive photic 
zone is generally understudied.  
  
4.1.4. Aim of the study 
Shallow-marine hydrothermal vents are easily accessible and can emit fluids directly into 
the photic zone, but only limited data regarding metal speciation and metal-complexing organic 
ligands have been published for these systems. In this study, the focus was on Cu to evaluate 
transition metal speciation and associated metal ligand complexation processes around shallow 
marine hydrothermal vents. This study further aimed to assess the importance of shallow 
hydrothermal vents as sources and sinks of Cu, and tried to identify the factors that influence 
the biogeochemical cycling of Cu in these systems. To answer these questions, several vent 
sites around White Island/Whakaari (New Zealand) were sampled and analysed for total 
dissolved Cu concentrations ([CuT]) and Cu speciation using mass spectrometry and sensitive 
electrochemical techniques, respectively. These measurements were accompanied by 
quantifications of sulfide (the term ‘sulfide’ used in this study includes dissolved HS- and S2-), 
total mercury (HgT), and Mg concentrations in order to identify and evaluate hydrothermal 
signatures, vent activity, and the degree of dilution of seawater with hydrothermal fluids within 
the working area (Kleint, 2016).  
 
4.1.5. Sampling site and geological setting 
White Island/Whakaari (37°31.19’ S, 117°10.85’ E) is New Zealand’s most active 
volcano within the Taupo Volcanic Zone (Sarano et al., 1989) in the back-arc basin of the 
Kermadec-Tonga subduction zone. The conical volcano is situated 50 km offshore from the 
North Island in the Bay of Plenty between the Tauranga Fault Zone to the west and the White 
Island Fault Zone to the east (Giggenbach and Glasby, 1977; Wright, 1992, Cole et al., 2000) 





Figure. 4.3: Simplified geological map of the Taupo volcanic zone in the Bay of Plenty, New Zealand, showing 
the location of White Island and other andesitic volcanoes (Whale Island and Volker Rocks (VR)) (modified from 
Cole et al., 2000). 
 
 
The active stratovolcano is estimated to be between 150,000-200,000 years old (Tait and 
Tait, 2001) and has probably been active for at least 16,000 years (Grange et al., 1992) with 
continuous outpouring of ash, magmatic fluids, steam and gas, as well as periods of heightened 
activity (i.e., eruptions) (Cole et al., 2000). The island currently covers a total area of 
approximately 238 ha with a 321 m elevation and rising 300 m from the seafloor (Letham-
Brake, 2013; Mayer et al., 2015). The surface of White Island is covered in andesite-dacite lava 
flows (Wilson et al., 1995), pyroclastic deposits (Cole et al., 2000), fumarolic areas (in which 
CO2 is the dominant gas (91 %) with admixtures of H2S, H2, CH4, N2, SO2, HCl, and minute 
amounts of C2H6 depending on temperature) (Giggenbach, 1975; Sarano et al., 1989), and 
metalliferous surface deposits containing high amounts of V, Cr, Fe, Co, Ni, Rb, Mg, Al, Mn, 
Zn, and Cu (Grace, 1975; Cole et al., 2000). Erosion and discharge of these elements give rise 
to an acidic stream (27 °C; pH 1.7) (Grace, 1975; Giggenbach and Glasby, 1977; Donachie et 
al., 2002) at Crater Bay (37°31.649’S, 177°11.497’E) to the southeast of the island, which is 
the main drainage of the crater floor into the surrounding sea (Grace, 1975).  
Underwater, the geothermal activity continues. To the north and east of the island 
stretches a zone of shallow hydrothermal vents characterized by both gas and liquid discharges 




with maximum temperatures of 18 to 55 °C (Tarasov, 2006) and pH values as low as 7.5 
(Brinkman and Smith, 2015). Venting occurs where volcanic clastic rocks, covered by thin 
white mats of sulfur and filamentous bacteria (Propp et al., 1994; Hocking et al., 2010), are 
exposed along fractures and fault scarps (Hocking et al., 2010). The hydrothermal vents 
discharge gases (CO2, N2, CH4, C2H6, H2, H2S) (Tarasov et al., 1999; Propp et al., 1992; Hocking 
et al., 2010; Brinkman and Smith, 2015) and clear high-chloride fluids (Glasby, 1971) that are 
chemically, thermally, and mineralogically different from ambient seawater, and more 
importantly act as sources of trace metals (e.g., Pb, Cd, Cu, Zn, Hg, Fe, Rb and Mn) (Glasby, 
1971; Dando et al., 1999) into the surrounding water column. The hydrothermal vent efflux 
combined with the volcanic aerosol deposition (dry and wet deposition) and the runoff of the 
acidic brine (Giggenbach and Glasby, 1977) increase the metal concentration in the water 
column and in the sediment in the vicinity of Whakaari (Grace, 1975; Giggenbach and Glasby, 
1977; Sarano et al, 1989). 
Soft sediments found at depths of 15 m around White Island consist of grey volcanic 
sands which are enriched in various metal elements (e.g. V (~180 mg/kg), Cr (~120 mg/kg), 
Mn (~550 mg/kg), Ni (~90 mg/kg), Co (~ 70 mg/kg), Fe (~3.4 mg/kg), Zn (~70 mg/kg) and Cu 
(~ 40 mg/kg)) (Grace, 1975; Propp et al., 1994). Studies of the water and hydrothermal fluid 
chemistry collected around White Island are scarce, but one study showed that the 
concentrations of S, K, Rb, Hg, Mg and Ca were higher than ambient seawater values 
(Brinkman and Smith, 2015). However, when compared to open water samples some trace 
element concentrations in the area of the volcanic region were either low, beneath the detection 
limit of the implemented analysis technique (e.g., Fe, Mn, As, Zn, and Cd) due to the necessity 
to dilute the samples, or were not measured at all (e.g., Cu) (Brinkman and Smith, 2015). It is 
uncertain whether the apparent variation in enrichment and depletion factors of some trace 
elements are due to co-precipitation of trace elements with iron(hydr)oxides and sulfides, 
whether bioaccumulation processes in organisms are responsible, or whether other physical 
and/or geochemical processes are the key drivers (Bryan and Langston, 1992). Metal 
concentrations in the sediment and the water column usually decreased with distance from the 
vent areas due to the dominance of metal precipitation in the direct vicinity of the geothermal 
activity (Giggenbach and Glasby, 1977; Propp et al., 1994) as well as prevailing mixing and 
dilution processes with the surrounding seawater. More studies on trace metal input, chemistry 
(i.e., speciation), and cycling around White Island/Whakaari are of interest and would help to 
increase the understanding of the diversity and abundance of local macro-, meio- and micro-
fauna as well as improve current knowledge of the biogeochemical role of shallow 




4.2. Materials and methods  
4.2.1. Sampling locations and sampling procedures 
Collection of water samples occurred over a period of two days, the 2nd and 3rd of 
December 2015. Sampling occurred during bad weather conditions with heavy surge (~ 3 m 
waves), which made sampling very difficult for the divers (e.g., struggling to hold position). 
Thus care must be taken when interpreting the data. A total of three shallow hydrothermal vents 
(VW, V1, and V2) at 8.8 to 14.5 m depth, and three control sites (CB, C1, and CC) were 
sampled around White Island/Whakaari and beyond in the Bay of Plenty (Fig. 4.4; Table 4.1).  
 
 
Figure. 4.4: Location map of White Island/ Whakaari in New Zealand's Bay of Plenty showing sampling sites for 
the "White Island Blitz" in December 2015. VW: an active vent on the western side of White Island, V1: moderate 
vent site; V2: moderate vent site; CB: Champagne Bay; CC: open ocean surface control, and; C1: surface control.  
 
 
Moderate diffuse hydrothermal vent sites (V1 and V2) were located off the north-eastern 
tip of Whakaari, while the vent site with visibly active venting was located on the north-western 
side of the island (VW). Vent sites with warm diffuse fluids and gas bubbles emerging from 
among boulders or out of the sand were sampled by SCUBA divers directly at the vent outflow 






Figure. 4.5: Shallow hydrothermal venting off the north-eastern tip of White Island/Whakaari in New Zealand's 
Bay of Plenty. Left) Vent samples were taken by SCUBA divers and collected in 5 L acid-cleaned collapsible 
cubitainers. Right) Shallow hydrothermal vents discharging gas bubbles and diffuse fluids into the water column. 
All pictures show boulders covered in sulfide minerals and metal oxides (Pictures were taken by S. Noonan during 
the sampling campaign in 2015).  
 
 
A “control” station with some distance from the diffuse hydrothermal vent seeps, and gas vents 
was sampled at Champagne Bay (CB) at 6 m depth north-east of the island (Sarano et al., 1989). 
The other two control sites (i.e., CC and C1) were chosen for distance to visible vent activity, 
and based on accessibility and weather conditions during sampling. To minimize and avoid 
hydrothermal input, both control sites were located on the western side of Whakaari due to the 
westerly flow of the East Auckland Current (EAUC) in the Bay of Plenty (Ridgway and Greig, 
1986). The open ocean surface control sample (CC) was taken at approx. 2 m depth at a point 
mid-way between White Island and mainland New Zealand over the continental shelf, whereas 
the surface control (C1) was taken at 2 m depth on the south-western side of the island.  
 
Table 4.1: Locations of sampling stations during the “White Island Blitz” in December 2015 
 






S E m m 
C1 Control 1 -37°31.3797 177°10.2863 13.5 2 
CC Coastal control -37°47.4836 177°04.2725 86 2 
CB SW* Champagne Bay Surface Water -37°31.005 177°11.647 6 0.3 
CB control Champagne Bay control -37°30.997 177°11.685 6 5.8 
VW SW Vent West Surface Water -37°30.7819 177°10.1635 14.5 0.3 
VW-2m 
Vent West sampled with 
distance from vent 
-37°30.7818 177°10.1634 14.5 12.5 
V1 Vent 1 -37°30.99415 177°11.6827 8.8 8.6 
V1-2m 
Vent 1 sampled with distance 
from vent 
-37°30.99415 177°11.6827 8.8 6.6 
V2 Vent 2 -37°31.002 177°11.7313 10.1 9.9 






Equipment and sample bottles (out of low-density polyethylene (LDPE)) used for trace 
metal sampling and storage were acid-cleaned prior to usage following conventional trace-
metal-clean procedures as described by Sander et al. (2009), Powell (2015), and Leal et al. 
(2016). Sample handling was conducted using trace-metal-clean standards (Ahlers et al., 1990). 
Samples deeper than 2 m were taken by SCUBA divers. A 5 L water sample was collected in 
an acid-cleaned collapsible cubitainer at each vent site, for analysis of total dissolved Cu (CuT), 
Cu speciation parameters, nutrients (i.e., ammonium, NOx (nitrogen oxides), and phosphate), 
Mg, sulfide, and total Hg (HgT) concentrations. Surface (0 to 2 m) samples were taken by means 
of a peristaltic pump connected to an acid-cleaned polyethylene tubing after 1 L of sample 
seawater had been passed through the tubing for rising. Samples were subsequently filtered in-
line through a 0.2 μm polycarbonate cartridge-filter (Acropak, Supor) and stored in pre-cleaned 
LDPE bottles after five rinses with the sampled seawater. Sample analysis for sulfide 
determination was carried out directly on board. Total dissolved trace metal sample bottles were 
stored in two resealable plastic bags (Ziplock) at ambient temperature in the dark until they 
were acidified to pH ~2 using quartz distilled hydrochloric acid (q-HCl, Analytical grade; 
Scharlau; 37 %) to a final concentration of 0.024 M q-HCl in the home laboratory at the 
University of Otago (New Zealand) under a class 100 laminar flow bench with a HEPA (High 
Efficiency Particulate Air) filter system. Bottles reserved for nutrient analysis were refrigerated 
and stored in the dark until analysis in the home laboratory. Sample bottles for HgT 
determination were placed into two resealable plastic bags (Ziplock) and were refrigerated until 
they were acidified in the home laboratory with 0.5 % (v/v) HCl. HgT samples were 
subsequently sent to C. Lamborg’s laboratory at the University of California for analysis. 
Sample bottles reserved for Cu speciation analysis were double-bagged and immediately frozen 
(-20 °C) and kept frozen until analysis in the home laboratory. Due to sample volume 
restrictions Cu speciation samples could only be taken for CB control, V1, V1-2m, and V2. 
 
4.2.2. Sample analysis 
4.2.2.1. Assessment of physicochemical parameters 
Temperature, salinity and depth were measured in-situ using a CTD XR 620. CTD were 
provided to the author by M. A. Sewell from the University of Auckland, New Zealand. Surface 
salinity was measured using an YSI Pro 30 salinity probe. Dissolved inorganic carbon and 
alkalinity data (see supplementary data) were used to calculate pHT values for each sample (2 
samples were taken at each station) at their in-situ temperature, salinity, and pressure using the 




Sample aliquots reserved for nutrient analysis were analysed at the University of Otago (New 
Zealand) using a Lachat QuikChem® 8500 Series 2 FIA auto analyser. Physicochemical 
parameters were obtained over two sampling periods (2/12/2015 and 3/12/2015).  
 
4.2.2.2. Assessment of sulfide concentrations 
Sulfide was measured on board using a vibrating gold microwire electrode in conjunction 
with rapid electrochemical cathodic stripping chronopotentiometry. The electrochemical 
measurements were recorded by an IviumStat electrochemical analyser (Ivium Technologies). 
A three-electrode cell was used containing a bare gold microwire working electrode, an iridium 
wire counter electrode, and a glass reference electrode containing Ag/AgCl/ 3 M KCl. 
Hydrodynamic modulation by vibration of the working electrode was necessary to obtain stable 
convection conditions, a thin diffusion layer, and a short deposition step (Aumond et al., 2012). 
The pre-concentration step of the method was performed through the application of a constant 
deposition current of -0.25 V with a subsequent stripping step using a reductive constant current 
from -0.25 to -1.1 V (Aumond et al., 2012). Samples were measured in duplicates. The replicate 
measurements (n=2) had relatively low standard deviations and thus oxidation of the samples 
was considered negligible (Table 4.3). A more detailed description of the method and procedure 
can be found in Aumond et al. (2012). Data were provided to the author by the analyst Prof. 
Van den Berg from the Liverpool University (England). 
 
4.2.2.3. Assessment of total mercury (HgT) concentrations 
Total mercury (HgT) was measured in filtered sample aliquots by cold vapor atomic 
fluorescence spectrometry (CVAFS). Details of the analytical method can be found in Bloom 
and Crecelius (1983) as well as Balcom et al. (2004). In brief, 50-100 mL of a sample was 
oxidized with bromine monochloride (BrCl) to release organically bound Hg as Hg2+ before 
reduction of free Cl, Br radicals, and molecules with hydroxylamine hydrochloride (ClH4NO). 
Hg2+ was then reduced to volatile Hg0 with stannous chloride (SnCl2) in an aspirator. Samples 
were subsequently quantified by dual Au-amalgamation CVAFS, a method which makes use 
of the Hg autofluorescence. Samples were measured in duplicates for quality assurance. 
Additionally, Au-coated columns were tested prior to each analysis batch to determine Hg0 
trapping efficiency. Procedural spike recovery was also determined several times throughout 
the run (Rolfhus et al., 2003) and blanks were performed before and during each analysis 




and Fitzgerald, 2001). Data were generated by Assoc. Prof. Lamborg from the University of 
California (Santa Cruz, USA) and were kindly provided to the author for use in this chapter. 
 
4.2.2.4. Assessment of total dissolved Mg and Cu (CuT) concentrations 
Total dissolved Mg concentrations were measured at the Trace Metal Centre of the 
University of Otago (New Zealand) using an Agilent 7500ce Quadrupole Inductively Coupled 
Plasma-Mass Spectrometer (q-ICP-MS) equipped with an octopole collision cell and an 
autosampler. The sensitivity of the q-ICP-MS methods was insufficient for total dissolved Cu 
(CuT) analysis, and thus [CuT] was determined with an automated off-line seaFAST (Elemental 
Scientific Instruments) pre-concentration module (Bown et al., 2017) combined with a Nu 
Attom High-Resolution Sector Field Inductively Coupled Plasma-Mass Spectrometer (HR-SF-
ICP-MS). Samples for the q-ICP-MS analysis were prepared according to conventional 
procedures as stated in Talbot and Weiss (1994), Ashoka et al. (2009), and Chapter 2 Section 
2.4.1.1 of this thesis. The procedural blanks (Milli-Q) showed no Mg contamination and the 
precision of the spiked samples (± 3 %) was within an acceptable range for Mg. A detailed 
description of the method and sample preparation procedure used for the [CuT] analysis with 
the seaFAST system in conjunction with the HR-SF-ICP-MS can be found in the literature 
(Biller and Bruland, 2012; Bown et al., 2017; Rapp et al., 2017) and in Chapter 2 Section 2.4.1.2 
of this thesis. The procedural blanks showed no analytically significant Cu levels and the 
accuracy (SLEW-3: reference value of 24.39 ± 1.89 nM, and measured value of 25.12 ± 0.49; 
NASS-5: reference value of 4.67 ± 0.72, and a measured value of 5.76 ± 0.02) as well as the 
recovery (117 %) of the method was within an acceptable range for Cu. 
 
4.2.2.5. Assessment of Cu speciation parameters 
Cu speciation parameters (i.e., binding strength of the organic Cu-complexing ligands 
(logK), concentration of organic ligands ([L]), and concentration of bioavailable Cu ([Cu’]) 
(sum of the concentration of free hydrated Cu ions ([Cu2+]) and the concentration of Cu weakly 
bound to inorganic ligands ([CuXIN])) were determined at the University of Otago (New 
Zealand) using adsorptive cathodic stripping voltammetry (AdCSV) with salicylaldoxime (SA) 
as the complexing agent (Van der Berg, 1982; Kleint et al., 2015; Cotte et al., 2018). 
Salicylaldoxime was used since the synthetic ligand has well characterized complexation 
parameters with Cu in seawater and its sensitivity allows the detection of subnanomolar ligand 
concentrations (Campos and Van den Berg, 1994; Kleint et al., 2015). Cu speciation 




potentiostat (Eco Chemie) in combination with an IME 663 module (Eco Chemie) and 
interfaced with a GPES v4.9 software. The three-electrode configuration included a hanging 
mercury drop electrode (HMDE) as the working electrode, an Ag|AgCl| 3 M KCl reference 
electrode, and a platinum counter electrode.  
Samples were thawed overnight and allowed to reach room temperature. Samples aliquots 
underwent a pre-treatment to remove acid volatile sulfides (AVS) from the sample solutions, 
which enabled the electrochemical measurement of Cu’ (Sander et al., 2007; Kleint et al., 2015; 
Cotte et al., 2018) in the hydrothermal and sulfide rich samples. AVS were removed by 
acidification of the samples to pH 2.0 with q-HCl and subsequent purging of the sample with 
high grade N2-gas for 2 hours (Sander et al., 2007; Kleint et al., 2015) prior to the 
complexometric titration. According to Rozan et al. (1999) metal (bi)sulfides, free sulfides, 
polysulfides, and elemental sulfur dissociate in solution at pH < 2.8 and are converted to H2S, 
which is removed by purging the sample with N2-gas (Sander et al., 2007). For comparison 
purposes, sample aliquots were measured before the acid pre-treatment, after the acid pre-
treatment, and after the acid pre-treatment with subsequent filtration (0.2 µm) to remove 
potential metal precipitates formed during the pre-treatment (Sander et al., 2007). Sample pH 
was then increased to ~8.2 ± 0.2 by addition of NH3 (AR Grade, LabServ, 28 %). For the Cu-
complexing ligand titrations, 12 aliquots (4 mL each) of a sample were separately transferred 
into pre-conditioned PTFE vials. Afterwards, 100 µL of a 1 M borate buffer (Arcos Organics; 
99.99%) was added to each aliquot, followed by increasing Cu additions of an atomic 
absorption Cu standard (Fisher Scientific) at logarithmic steps, ranging from 0 to 550 nM 
(Sander et al., 2007; Kleint et al., 2015). A 20 min equilibration period was implemented to 
allow the Cu to bind to natural organic ligands present in solution. Finally, SA (Acros Organics; 
SA: 98 %) was added to the aliquots at a final concentration of 5 μM. These conditions gave 
values of 9.55 and 14.97 for logK’CuSA and logβCu(SA)2 as well as values of 25 and 41120 for the 
inorganic side reaction coefficient (αinorg) and the side reaction coefficient for CuSA (αCuSA) (at 
a temperature 21 ºC, pH ~ 8.1, and salinity of 34 ppt). These values were calculated using the 
ion-pairing model for seawater by C. M. G. Van den Berg (http://www.liv.ac.uk/%7Esn35/ 
Documents/Useful_links.html, verified June 2018) and were used later on for Cu speciation 
calculations with the ProMCC software (Omanović et al., 2010). Sample aliquots were then left 
to equilibrate for a minimum of 12 hours, which was found to result in stable CuSA-peaks 
(Sander et al., 2007). Once equilibrated, samples were analysed with the AdCSV method using 
instrumental parameters adopted from Sander et al. (2007). This included the deaeration of the 
samples for 2 min with N2, a deposition at -0.15 V for 30 s, a cathodic scan from -0.15 to -0.6 




mode. Every measurement was baseline corrected (Omanović et al., 2010) and repeated three 
times.  
After completion of the titration, Cu speciation parameters of each sample were obtained 
using the one-ligand or two-ligand complete complexation-fitting model incorporated in the 
ProMCC software (https://sites.google.com/site/ mccprosece/download; Omanović et al., 
2010). Peak height was chosen as the characteristic signal value and was used for the 
calculations of at-equilibrium speciation parameters in the ProMCC software (Omanović et al., 
2015). 
It should be noted that current sampling systems and analysis procedures prevent the 
measurement of trace metal speciation under in-situ conditions (i.e., high temperature, low pH, 
high pressure, and reducing environment) (Sander et al., 2007). So far, voltammetric 
measurements only provide speciation data after recovery and filtration of a sample at ‘normal’ 
conditions, i.e. room temperature, pH of 8.0 ± 0.2, atmospheric pressure of 1 atm, and oxidising 
environment. Variations in the abiotic conditions, which can cause degassing, precipitation, and 
pH changes of a sample, may change the overall composition and speciation of a sample 
(Sander et al., 2007). This methodological limitation adds a level of uncertainty to the reliability 
of trace metal speciation data from laboratory-based measurements. However, without 
methodological and instrumental improvements (i.e., in-situ measurements), the best scientists 
can do so far is to provide a snapshot of speciation parameters of each sample under ‘normal’ 
conditions (Sander et al., 2007).  
 
4.2.3. Statistical analysis 
One-way analysis of variance (ANOVA) was used to examine the effect of temperature, 
salinity, pHT, and nutrient concentrations on [CuT], Cu speciation parameters, as well as sulfide, 
Mg, and HgT concentrations. The level of statistical significance was adjusted to p ≤ 0.05. 
Further, a Pearson’s correlation was carried out to evaluate the strength of the association 




4.3.1. Physicochemical parameters  
Table 4.2 displays an overview of the physiochemical parameters measured in-situ, on 




Table 4.2: Overview of the physicochemical parameters measured in-situ, on board, and later in the home 
laboratory (i.e., pHT (n=2), ammonium (n=2), nitrogen oxides (NOx) (n=2), and phosphate (n=2)) at the 
University of Otago (New Zealand). Illustrated pHT-values are calculated values based on DIC and alkalinity 
data (see supplementary data) using the refitted Mehrbach CO2 equilibrium constants (Mehrbach et al., 1973; 
Dickson et al., 2007). Errors for pHT indicate the uncertainty of the calculations, while errors for nutrients illustrate 
















C1 1/12/2015 2.0 17.4 34.7 8.07 ± 0.01 5.2 ± 0.3 13.9 ± 1.0 1.0 ± 0.4 
CC 3/12/2015 2.0 18.3 34.7 8.06 ± 0.01 12.9 ± 7.5 1.5 ± 1.3 1.5 ± 0.02 
CB SW 3/12/2015 0.3 - - - 7.2 ± 1.4 4.2 ± 1.5 0.2 ± 0.2 
CB 
control 
3/12/2015 5.8 - - - 7.9 ± 1.0 10.5 ± 7.0 1.2 ± 0.1 
VW SW  3/12/2015 0.3 17.4 33.9 7.92 ± 0.10 5.7 ± 0.9 7.9 ± 1.7 1.5 ± 0.5 
VW-2m 3/12/2015 12.5 17.3 33 8.07 ± 0.03 14.3 ± 0.1 16.5 ± 2.4 1.7 ± 0.6 
V1 
2/12/2015 7.5 17.3 34.5 6.74 ± 0.03 - - - 
3/12/2015 8.6 18.6  35.4  7.49 ± 0.03 210.3 ± 2.4 24.2 ± 2.1 1.7 ± 0.5 
V1-2m 
2/12/2015 6.6 20.9 34.0 7.98 ± 0.02 - - - 
3/12/2015 6.9 18.5  35.3  7.70 ± 0.34 11.9 ± 1.1 12.6 ± 6.8 1.4 ± 0.3 
V2 
2/12/2015 9.9 17.7 32.4 7.70 ± 0.20 - - - 
3/12/2015 9.6 17.9  34.9  7.30 ± 0.20 39.7 ± 0.7 8.1 ± 0.2 0.6 ± 0.5 
VW: active vent on the western side of White Island, V1: moderate vent site; V2: moderate vent site; CB: 
Champagne Bay; CC: open ocean surface control; C1: surface control; SW: surface water; NOX: Nitrogen oxides; 
- : Not sampled or not enough sample for analysis.  
 
 
Temperature and salinity were spatially relatively constant in the working area with 18.0 ± 1.0 
ºC and an average salinity value of 34.3 ± 0.9. Sample pHT for the control stations was 
consistent with normal present-day pH of seawater ~ 8.1. Lowest pHT values were found at the 
vent sites with, in the case of V1, increasing pHT values with increasing distance from the vent 
outflow. Nutrient concentrations were highest at V1 and usually followed the order of V1 > 
VW > V2. Nutrient concentrations decreased with distance from the vent sites.  
 
4.3.2. Sulfide concentrations 
Sulfide concentrations ranged from 0 to 6957 nM (Table 4.3), following the order of V1 
> CC > CB control > V1-2m > V2 > C1 > VW-2m > CB SW > VW SW. Sulfide-concentrations 
decreased at V1 and VW with distance from the source of the discharging fluid, which is 
expected due to concurrent dilution and mixing processes of the hydrothermal fluid with 







Table 4.3: Overview of CuT, Mg, HgT, and sulfide concentrations of the White Island. Samples were measured 
on board or on land in the home laboratory. Errors for CuT (n=1) and Mg (n=1) illustrate the analytical error of 
the implemented measuring technique, while the errors for HgT and sulfide indicate the ± SD of the sample 
duplicates (n=2).  
 
Sample ID 
CuT Mg HgT Sulfide 
nM mM pM nM 
C1 1.8 ± 0.3 58.6 ± 1.6 80.4 ± 3.5 7.2 ± 0.1 
CC 1.0 ± 0.2 57.7 ± 1.7 97.7 ± 2.5 400 ± 17.2 
CB SW 3.1 ± 0.5 58.8 ± 1.8 664.0 ± 49.4 1.7 ± 0.9 
CB control 1.7 ± 0.3 58.3 ± 1.8 72.8 ± 5.1 200 ± 9.1* 
VW SW 1.7 ± 0.3 59.3 ± 1.8 83.5 ± 6.4 0 
VW-2m 1.1 ± 0.2 57.6 ± 1.7 82.0 ± 1.1 3.1 ± 0.1 
V1 2.0 ± 0.3 59.7 ± 1.8 283.7 ± 8.0 6957 ± 146 
V1-2m 0.8 ± 0.1 59.2 ± 1.8 189.1 ± 16.5 138 ± 11.8 
V2 1.3 ± 0.2 58.2 ± 1.7 263.1 ± 20.9 24.0 ± 0.8 




4.3.3. Total Hg (HgT) concentrations 
HgT concentrations in the study area were between 72.8 and 664.0 pM, with HgT 
concentrations following the order of CB SW > V1> V1-2m > V2 > CC > VW SW > VW-2m 
> C1 > CB control (Table 4.3). As expected HgT concentrations decreased with distance from 
the vent sites.  
 
4.3.4. Total dissolved Mg and Cu (CuT) concentrations 
Mg concentrations were spatially relatively constant in the working area with an average 
concentration of 58.6 ± 0.7 mM. The highest [Mg] was found at V1 with 59.7 mM. The [CuT] 
around White Island/Whakaari were in the range of 0.8 to 3.1 nM. Total dissolved Cu 
concentrations at vents and control sites did not vary significantly from one another 
(F(1,7)=0.217, p=0.655). The highest [CuT] was found in the CB SW with 3.1 ± 0.5 nM. At 
V1, [CuT] decreased with distance from the vent site, which is expected due to dilution and 
mixing processes of the hydrothermal fluid with the surrounding seawater.  
 
4.3.5. Cu speciation parameters 
The presence of high (bi)sulfides or any other reduced inorganic sulfide species in the 
untreated samples of CB control, V2, V1, and V1-2m was confirmed by a voltammetric signal 
at approx. -0.55 V (e.g., Sander et al., 2007; Powell, 2015; Kleint, 2016; Cotte et al., 2018) (Fig. 




den Berg, 1999; Milanović et al., 2014; Cotte et al., 2018) or a FeS layer (Bura-Nakić et al., 
2011; Cotte et al., 2018) deposited on the Hg-electrode drop surface. A ‘shoulder’ (i.e., 
overlapping peak with the main Cu(SA)x reduction peak) was also observed at the left side of 
each CuSA peak (~ -0.25 V), which according to Sander et al. (2007) and Cotte et al. (2018) 
could be linked to Cu sulfide nanoparticles in solution. The height of the main Cu(SA)x peak 
decreased with additions of Cu (Fig. 4.6 A), suggesting that the sulfide species involved react 
with the added Cu (Al-Farawati and Van den Berg, 1999; Laglera and Van den Berg, 2003; 
Cotte et al., 2018). After acid pre-treatment in the same samples the cathodic scan showed 
reduced ‘shoulders’, minimized recorded peak heights at -0.55 V, and increased Cu(SA)x 
reduction peaks (Fig. 4.6 B), indicating that most inorganic sulfide species had been removed 
from the test solutions, which eliminated the interference of the HgS layer with the Cu(SA)x 
signal (Sander et al., 2007; Powell, 2007; Cotte et al., 2018).  
 
 
Figure. 4.6: Typical complexometric Cu titration curve (inset plot) and corresponding voltammograms in (A) the 
untreated V1 sample and (B) the pre-treated (i.e., ASV were removed) V1 sample collected at White 
Island/Whakaari. The voltammograms were obtained at increasing Cu concentrations (different colours reflect 
different Cu concentrations) during a 12-point complexometric titration experiment. The titration run was 
performed at pH ~ 8.1 using 5 μM salicylaldoxime (SA). The voltammograms show a Cu(SA)x signal at ~ -0.25 
V, while the peak signal observed at a deposition potential of ~ -0.55 V was assumed to be related to inorganic 
sulfide species present in solution.  
 
 
Fitting of each titration data for a two-ligand-system failed with the ProMCC software 
and thus samples were fitted to a one-ligand model, which resulted in reasonable at equilibrium 
Cu speciation estimates of [L] and logK values with derived parameters of [Cu2+] and [CuXIN] 
using αinorg (αinorg was calculated using the ion-pairing model for seawater by C. M. G. Van den 
Berg) (Sander et al., 2015). Titration data demonstrated the presence of one ligand class with 




of 12.9 ± 0.8 for sulfide free samples before filtration, and logK values of 12.6 ± 0.6 for sulfide 
free samples after filtration (Table 4.4). Conditional stability constants were considerably 
higher (F(1,10) = 6.437, p = 0.029) for pre-treated samples than for those with remaining 
sulfide.  
 
Table 4.4: Cu speciation parameters for the sampled White Island stations. Cu speciation parameters (n=1) 
were computed using the complete complexation-fitting model embedded in the ProMCC software (Omanović et 
al., 2010). Errors in [L] and logK are the fitting errors of the complete complexation-fitting model used to calculate 
Cu speciation parameters in the ProMCC software. Errors for CuT (n=1) illustrate the analytical error of the 
implemented measuring technique. 
 
Sample ID Method 
[CuT] [L] 
logK 
[CuXIN] [Cu2+] [Cu’] 
nM nM [pM] [pM] [pM] 
CB control 
without PT 1.7 ± 0.3 33.63 ± 8.83 12.02 ± 0.18 1.29 0.05 1.35 
with PT - UF 1.7 ± 0.3 17.99 ± 5.40 12.12 ± 0.21 2.00 0.08 2.08 
with PT - F (0.2 µm) 1.7 ± 0.3 29.40 ± 8.38 11.79 ± 0.18 2.52 0.10 2.62 
V1 
without PT 2.0 ± 0.3 30.49 ± 3.96 11.93 ± 0.21 2.06 0.08 2.14 
with PT - UF  2.0 ± 0.3 19.22 ± 5.81 12.38 ± 0.21 1.23 0.05 1.28 
with PT - F (0.2 µm) 2.0 ± 0.3 6.85 ± 1.10 13.23 ± 0.23 0.61 0.03 0.64 
V1-2m 
without PT 0.8 ± 0.1 18.18 ± 5.23 11.57 ± 0.17 3.14 0.13 3.27 
with PT - UF  0.8 ± 0.1 2.38 ± 0.70 13.59 ± 0.41 0.33 0.01 0.34 
with PT - F (0.2 µm) 0.8 ± 0.1 3.91 ± 0.90 12.83 ± 0.22 0.97 0.04 1.01 
V2 
without PT 1.3 ± 0.2 13.01 ± 18.86 11.94 ± 0.08 3.17 0.13 3.30 
with PT - UF  1.3 ± 0.2 2.38 ± 0.70 13.59 ± 0.41 0.33 0.01 0.34 
with PT - F (0.2 µm) 1.3 ± 0.2 5.88 ± 1.84 12.51 ± 0.28 2.20 0.09 2.28 
PT: pre-treatment; UF: unfiltered; F: filtered; [CuT]: total dissolved Cu concentration; [L]: Cu-binding ligand 
concentration; logK: conditional stability constant of the CuL-complex; [CuXIN]: concentration of inorganic Cu 
complexes; [Cu2+]: free Cu ion concentration; [Cu’]: bioavailable Cu concentration (sum of [CuXIN] and [Cu2+]). 
 
 
Ligand concentrations were always higher in the samples before the pre-treatment compared to 
[L] in pre-treated samples (Table 4.4). In pre-treated and filtered samples, [L] ranged from as 
low as 3.9 ± 0.9 nM for the V1–2m station to 29.4 ± 8.4 nM for the CB control station. The [L] 
of pre-treated and filtered samples followed the order of CB control > V1 > V2 > V1-2 m. 
Ligand concentrations differed between the unfiltered and filtered (0.2 μm) V1 samples, with 
the filtered sample having lower [L] and higher logK relative to the unfiltered sample (Table 
4.4), which indicates the presence of organic ligands in the size fraction above 0.2 μm. At V1, 
[L] decreased with distance from the vent site (Table 4.4), which appears reasonable 
considering prevailing fluid-seawater mixing and dilution processes. Ligand concentrations 
after the pre-treatment were always in excess of [CuT] (Fig. 4.7), with the consequence that 





   
Figure 4.7: Correlation between [CuT] and corresponding [L] for pre-treated and filtered hydrothermal samples. 
For all samples which plot above the 1:1 dashed diagonal line, one can assume that all available Cu is complexed 
by organic ligands. Error bars indicate the uncertainty of the ProMCC fitting procedure for [L] and the analytical 
error of the HR-SF-ICP-MS technique for [CuT]. V1: moderate vent site; V2: moderate vent site; CB control: 
Champagne Bay control site.  
 
 
Bioavailable Cu concentrations ([Cu']) were as expected generally lower for untreated 
samples with high sulfide concentrations and corresponding high [L] (Tables 4.3 and 4.4). [Cu’] 
ranged from 1.4 to 3.3 pM for untreated samples, and from 0.6 to 2.6 pM for pre-treated 
samples. Highest [Cu'] for pre-treated samples were found at CB control and followed the order 
of CB control > V2 > V1-2m > V1.  
 
4.4. Discussion 
4.4.1. Physicochemical parameters of hydrothermal fluids 
Temperature (18.0 ± 1 ºC) and salinity (34.3 ± 0.9 ppt) values around White 
Island/Whakaari were relatively consistent and homogeneously distributed in the working area. 
Previous studies of different shallow hydrothermal vents around Whakaari reported similar 
trends and ranges of vent fluid temperatures (15.8 to 21.1 °C) and salinities (34.8 to 35.7 ppt) 
(Brinkman and Smith, 2015; Kleint et al., 2015), thereby hinting towards a spatial and temporal 
uniformity of these abiotic parameters in the geologically active Bay of Plenty. However, the 
relative uniformity of the salinity and temperature values makes statements about the sources 
of hydrothermal fluids and the effect of these abiotic parameters on Cu speciation around White 
Island difficult and generally less conclusive. The salinities of the sampled fluids, including 
samples taken as close as possible to the emerging points of the fluids, are very close to salinity 
values of ambient seawater, which suggest either that (1) samples were not taken directly at the 
fluid source (i.e., samples were already diluted with seawater) owing to large swell during the 




signature (i.e., geochemical composition) of the volcanic submarine systems around White 
Island, (3) low fluid discharge rates and high bottom current velocities in the working area lead 
to immediate dilution of emanating meteoric fluids with overlying seawater (Glasby, 1971), or 
(4) entrainment of seawater during the final fluid ascend is occurring, which ‘overprints’ the 
initial meteoric water signal of the fluid prior to discharge. The two latter explanations would 
be in accordance with Giggenbach et al. (1989) who described the submarine hydrothermal 
systems around White Island as being dominated by meteoric waters. However, it cannot be 
ruled out that the relative homogenous salinity distribution in the working area may simply be 
explained by a well-mixed water column due to bad weather conditions rather than being 
attributed to geochemical processes.  
Quantified pHT values around White Island were consistent with values previously 
measured at White Island (7.04 to 8.06 pH) by Brinkman and Smith (2015) as well as Kleint et 
al. (2015). pH values of samples taken directly at the vent outflows and in the vicinity of the 
vents (7.6 ± 0.4 pH) were lower than ambient seawater values, indicating an interaction of 
hydrothermally-derived acidic fluid with seawater to produce an ‘intermediate’ pH 
environment just above the seafloor. The apparent variability of the nutrient concentrations in 
the various samples fails to provide a more conclusive answer on the origin and geochemical 
history of the vent fluids. The heterogeneous nutrient concentrations can either be related to 
different geochemical interactions of the warm and acidic discharging fluids with 
heterogeneous minerals in the subsurface (Pichler, 2005), are a result of dilution effects with 
ambient seawater, are influenced by potential sub-aerial and terrestrial contributions, or are 
related to resuspension processes of nutrient containing sediments. The nutrient concentration 
ranges found in the current study are lower than the concentration ranges previously observed 
by Brinkman and Smith (2015), but both studies failed to demonstrate that the shallow 
hydrothermal vents around White Island alter nutrient concentrations of the surrounding water. 
Stable isotopes (e.g., δ18O, δD, 87Sr/86Sr) should be used in future studies to unequivocally 
identify and determine fluid sources, their geochemical history (e.g., oxidation and 
precipitation), and their subsurface mixing processes with meteoric and oceanic waters (Pichler, 
2005) around Whakaari. Isotopic tracers are already utilized in deep-sea hydrothermal vents 
(e.g., Rouxel et al., 2004; Holmes et al., 2017; Nasemann et al., 2018) to improve the current 
understanding of prevailing physicochemical processes, but despite their great advantage, they 
have not yet been applied in shallow hydrothermal vent systems. 
Seawater and fluid samples around White Island show no evidence for a statistically 
significant correlation between salinity, temperature, pHT, ammonium, NOx, and phosphate, 
with the exception of pHT and ammonium (R




negative correlation between pHT and ammonium may be explained by the fact that a decrease 
in pH is known to result in increased NH4
+ extraction processes from basaltic host rocks, 
enhanced microbial degradation of organic matter (Lilley et al., 1993), and improved stability 
of ammonium (i.e., ammonium is instable and lost at high pH as a result of dissociation of 
ammonium and degassing of the ammonia product) (Li et al., 2012).  
 
Table 4.5: Pearson correlation matrix of the physicochemical parameters. Data were processed with R version 
3.1.2. Numbers in bold indicate correlations with R2 > 0.8.  
 
 Temperature Salinity pHT Ammonium NOX Phosphate 
Temperature 1.00 - - - - - 
Salinity 0.46 1.00 - - - - 
pHT -0.09 -0.27 1.00 - - - 
Ammonium -0.02 0.39 -0.89 1.00 - - 
NOX -0.10 0.10 -0.55 0.71 1.00 - 
Phosphate 0.12 0.09 0.07 0.26 0.35 1.00 
 
CuT: Total dissolved Cu; Mg: Magnesium; HgT: Total mercury; NOX: Nitrogen oxides. Illustrated pHT-values are 
calculated values based on DIC and alkalinity data using the refitted Mehrbach CO2 equilibrium constants 
(Mehrbach et al., 1973; Dickson et al., 2007). 
 
 
4.4.2. Hydrothermal signatures in the Bay of Plenty  
‘Ambient’ oxygenated seawater has sulfide levels of 0.1 to 2 nM (Radford-Knery and 
Cutter, 1994). Sulfide is naturally formed by geochemical processes within volcanic 
hydrothermal settings, and it is thus no surprise that sulfide is present throughout the working 
area with considerably higher concentrations - sulfide concentrations reached their maxima 
with 6957 nM directly at the vent sites (Table 4.3) - compared to “ambient” seawater levels (0.1 
to 2 nM). This result suggests that the whole region of the Bay of Plenty is influenced by 
extensive hydrothermal activity, which accords with earlier findings of Sarano et al. (1989) and 
Kleint et al. (2015). Both studies concluded that hydrothermal activity and signatures are not 
confined to the vicinity of the island, but due to currents and the positioning of various 
submarine hydrothermal vents and gas seeps in the Bay of Plenty extend along the whole Taupo 
Volcanic Zone (mainly between Whale Island and White Islands). However, it is important to 
bear in mind that there is a possible bias in the hydrothermal sulfide signature due to bad 
weather conditions encountered during sampling, which likely magnified the spatial 
distribution of sulfide in the water column of the working area. Sulfide concentrations were 
highly variable among (1) the sampling stations with high concentrations at the control sites, 
reinforcing the assumption that the bad weather influenced the sulfide distribution in the 




the seawater-rock interactions, and the subsurface processes of the sampled diffuse vent sites. 
The apparent differences in the sulfide concentrations between the various vent sites imply that 
the shallow hydrothermal vents around White Island are chemically heterogeneous even on 
small spatial scales. This assumption is consistent with data obtained by Govenar et al. (2005) 
at hydrothermal vents on the East Pacific Rise and de Ronde et al. (2001) at the Kermadec 
volcanic arc (New Zealand). Even though both studies focused on diffuse deep-sea 
hydrothermal vent systems, significant differences in the structure or the composition of vent 
fluids seem likely at both deep-sea and shallow marine hydrothermal vents. Sulfide 
concentrations at the vent sites had a statistically significant positive correlation with 
ammonium (R2=0.99; F(1,3)=126.6; p=0.001) (Table 4.6), while salinity, temperature, pHT, 
NOX, and phosphate were statistically independent of the sulfide concentrations in the working 
area.  
 
Table 4.6: Pearson correlation matrix of the physicochemical parameters as well as CuT, Mg, HgT, and 
sulfide concentrations of the vent sites (VW SW, VW-2m, V1, V1-2m, and V2). Data were processed with R 




 CuT Mg HgT Sulfide CuT Mg HgT Sulfide 
CuT 1.00 0.53 0.27 0.72 - 0.36 0.66 0.17 
Mg 0.53 1.00 0.35 0.59 0.36 - 0.56 0.30 
HgT 0.27 0.35 1.00 0.61 0.66 0.56 - 0.27 
Sulfide 0.72 0.59 0.61 1.00 0.17 0.30 0.27 - 
Temperature -0.55 0.37 0.31 -0.03 0.34 0.54 0.61 0.96 
Salinity 0.33 0.91 0.61 0.67 0.59 0.03 0.27 0.22 
pHT -0.63 -0.51 -0.91 -0.84 0.25 0.38 0.27 0.08 
Ammonium 0.71 0.52 0.70 0.99 0.52 0.37 0.19 0.001 
NOX 0.39 0.26 0.35 0.86 0.18 0.67 0.57 0.06 
Phosphate 0.18 0.29 -0.45 0.35 0.77 0.64 0.45 0.56 
 
CuT: Total dissolved Cu; Mg: Magnesium; HgT: Total mercury; NOX: Nitrogen oxides. Illustrated pHT-values are 
calculated values based on DIC and alkalinity data using the refitted Mehrbach CO2 equilibrium constants 
(Mehrbach et al., 1973; Dickson et al., 2007). 
 
 
The HgT concentrations around Whakaari were between 73 and 664 fold higher than 
concentrations found in ‘ambient’ seawater with typical [HgT] of around < 1.5 pM (Lamborg 
et al., 2014; Gworek et al., 2016) (Table 4.3), but were generally comparable to [HgT] found at 
White Island in an earlier study (Brinkman and Smith, 2015) and at other deep-sea and shallow 
hydrothermal vent systems at Gorda Ridge (Lamborg et al., 2006) and in Bahía Concepción, 
respectively (Prol-Ledesma et al., 2004). Mercury is known to be notably enriched in sediments 
as well as in vent deposits within the Taupo Volcanic Zone, which explains the high levels of 




sediments can increase the HgT concentration in the surrounding water. The HgT results are 
thereby similar to the sulfide trend in the current study and thus corroborate to the earlier 
assumption of a spatially widely-distributed hydrothermal signal in the Bay of Plenty. Further, 
analysis of the Whakaari vent samples revealed a negative but statistically non-significant 
correlation between [HgT] and pHT (R
2= -0.91; F(1,3)=14.52; p=0.27) (Table 4.6), which may 
be driven by an increase in the Hg solubility and Hg leaching processes from the host-rock at 
lower pH values (Seyfried and Ding, 1993; Sedwick and Stuben, 1996; Kleint, 2016; Chen et 
al., 2016). There was no evidence for a statistically significant correlation between [HgT] and 
salinity, temperature, NOX, ammonium, or phosphate.  
Mg concentrations in the current study were spatially relatively constant - this may 
indicate a homogenous element distribution as a result of heavy surge and bad weather 
conditions in the working area - and were on average 10.6 % higher around White Island (58.6 
± 0.7 mM) (Table 4.3) relative to ‘ambient’ seawater concentrations (~ 53 mM) (Gamo et al., 
2001). This enrichment is generally atypical for hydrothermal fluids (Sedwick and Stuben, 
1996), but is in agreement with previous studies of hydrothermal vent fluids at the Hellenic 
Volcanic Arc Archipelago by Varnavas and Cronan (1991 and 2005) and the Aeolian 
Archipelago by Sedwick and Stuben (1996). There are several possible explanations for the 
apparent Mg-enrichment in the sampled hydrothermal fluids and waters around Whakaari: (1) 
fluvial input from land erosion (especially during heavy rainfall events) of prevalent high Mg-
andesites around White Island (Cole et al., 2000; Heyworth et al., 2007); (2) runoff of spring 
and pool fluids with [Mg] of up to 386 mM from the main crater of White Island (Christenson 
et al., 2017), (3) subsurface ‘chemical-weathering’ of igneous silicate and aluminosilicate (e.g., 
Mg2SiO4) sediments at the vent sites by carbonic acid (e.g., low-pH fluids), resulting in leaching 
processes of metal ions, such as Mg2+, bicarbonate and silica into the surrounding seawater 
(Sedwick and Stuben, 1996), and; (4) hydrothermal fluids were at no time exposed to subsurface 
temperatures ≥ 250 °C, temperatures at which Mg is usually depleted in hydrothermal end-
member fluids (Bischoff and Seyfried, 1978; Sedwick and Stuben, 1996; Tarasov et al., 2005; 
Kleint, 2016). Present data illustrated higher [Mg] for the five hydrothermally-affected samples 
relative to the control samples. Additionally, [Mg] decreased with distance from the vent sites 
(Fig. 4.8). These findings suggest the addition of Mg2+ to the hydrothermal fluids before mixing 
with seawater, potentially due to ‘low-temperature’ chemical-weathering reactions or as a result 
of limited hydrothermal alteration, i.e. no Mg depletion, of fluids. However, the limited range 
of salinity values (~ 2) and the small sample size impede estimates of hydrothermal end-
member fluid composition and constrain unequivocal statements on the correlation between 




Mg sources and sinks, Mg cannot be used as a reliable tracer of seawater-fluid mixing processes 
(Sedwick and Stuben, 1996; Pichler et al., 1999) within the hydrothermal setting of White 
Island. Further, there was no evidence for a statistically significant correlation between [Mg] 
and temperature, pHT, NOX, ammonium, or phosphate around Whakaari, which might be a 
result of the small sample size reducing the power of the statistical output and thereby limiting 
the detection of a true effect. 
 
 
Figure. 4.8: Correlation between salinity data and Mg concentrations for samples taken at White Island/Whakaari 
in New Zealand's Bay of Plenty during the "White Island Blitz" in December 2015. The dashed black trendline 
depicts the best-fit straight line for all sampled stations, while the continuous straight line illustrates the best-fit 
straight line for the vent stations without the controls. Control samples did not plot on the linear [Mg]-salinity-
mixing line, reinforcing the earlier statement, that the upper water column around the Bay of Plenty was possibly 
highly influenced by bad weather conditions during sampling. To avoid misinterpretation of the data, control sites 
and vent sites are plotted and discussed separately from each other. Data for the two Champagne Bay (CB) samples 
are not shown owing to missing salinity values. VW: an active vent on the western side of White Island, V1: 
moderate vent site; V2: moderate vent site; CC: open ocean surface control, and; C1: surface control.  
 
 
4.4.3. Distribution of total dissolved Cu (CuT) at shallow hydrothermal vents  
The spatially relatively constant [CuT] around White Island/Whakaari are in the range of 
0.8 to 3.1 nM, which is within the naturally occurring concentration of CuT reported for ambient 
surface waters (0.5 to 3.6 nM) (Hodson et al., 1979) and falls within the range of 0.46 to 1.04 
nM previously reported by Kuzmanovski (2014) and Kleint et al. (2015) for the Bay of Plenty, 
New Zealand. It is important to bear in mind, however, that the samples were taken during bad 
weather conditions, and thus the higher than previously reported [CuT] and the relative 
homogeneous distribution of CuT might simply be an effect of the prevailing heavy surge and 
the strong currents (i.e., resuspension of Cu bearing sediments) in the working area during the 




Total dissolved Cu concentrations in hydrothermal fluids are generally positively 
correlated with water temperatures owing to greater Cu solubility (e.g., chalcopyrite, CuFeS2) 
and Cu leaching processes out of the source rock with increasing temperature (Metz and Trefry, 
2000; Kleint et al., 2015; Chen et al., 2016; Kleint, 2016). The low [CuT], relative to deep-sea 
hydrothermal vents, of the low-temperature (< 20 °C) vent fluids around White Island were 
thus not surprising, despite the lack of statistically significant correlations between [CuT] and 
measured abiotic parameters (i.e., salinity, pHT, and temperature). Low [CuT] are also reported 
by Kleint et al. (2015) who studied shallow hydrothermal vent systems off the coast of Milos 
(Greece), Dominica (Lesser Antilles), and the Bay of Plenty (New Zealand), showing that low 
[CuT] are typical for near-shore shallow hydrothermal vent settings at depth < 10 m. Further, 
hydrothermal fluids are known to generally deposit most of their Cu and trace metal load below 
the seafloor owing to cooling processes during ascent and hence [CuT] are usually low in diffuse 
low-temperature fluids (Steele et al., 2009). Even though [CuT] were notably low in the water 
column of the working area, the prevailing sub-aerial and submarine volcanic sediments, muds, 
and andesitic blocks were shown to be high in Cu with concentrations of up to 350 to 450 mg/kg 
(Sarano, 1989; Rapien, 1997). Hydrothermal soft sediments around White Island were shown 
to have Cu concentrations of approximately 40 mg/kg (Grace, 1975; Propp et al., 1994), which 
is a concentration of up to 10 fold higher than the Cu values reported in ‘uncontaminated’ 
marine sediments by Blossom (2007). This Cu enrichment in hydrothermal sediments and 
encrustations, while simultaneously displaying a Cu ‘depletion’ in the hydrothermal fluids, was 
seen as evidence for fast precipitation processes of Cu at, or in the vicinity of, the vents (Sander 
and Koschinsky, 2016; Demina and Galkin, 2016). Fluid temperatures generally decrease on 
their way through the seafloor (i.e., thick layer of marine sediments) (Kleint et al., 2015), 
thereby facilitating the precipitation of Cu along sediment grains in the subsurface as well as 
enabling the formation of Cu sulfide and oxy-hydroxy sediments and minerals in the relative 
vicinity of the fluid emanation site (Giggenbach, 1987; Sander and Koschinsky, 2016). 
Consequently, shallow hydrothermal systems act not only as sources of CuT and other dissolved 
trace metals into the water column but also as sinks, forming large metalliferous deposits around 
the vents (Sander and Koschinsky, 2016). However, some CuT can persist in solution owing to 
stabilization and complexation processes of Cu by organic and inorganic ligands (Kleint et al., 
2015; Sander and Koschinsky, 2016), which enable the lateral and vertical dispersion of CuT 
from the hydrothermal source through the ocean basin. Accordingly, CuT was still detectable in 
the current study at a significant distance away from the hydrothermal outflow. Organic and 




conferred to hydrothermal fluxes of other trace metals of hydrothermal origin, such as Mg, Fe, 
and Zn (Sander and Koschinsky, 2016).  
 
4.4.4. Cu speciation at a shallow hydrothermal vent system  
The voltammetric data of the current study demonstrated the presence of stable, soluble 
organic and inorganic (i.e., sulfide) Cu complexes in the hydrothermal vent fluids around White 
Island. Ligand concentrations of analysed samples were consistently in excess of the measured 
[CuT], suggesting that most of the hydrothermally derived and available CuT (CuT which is not 
precipitated) was complexed and stabilized by ligands (~ 99.9 %), thereby inhibiting the 
formation of insoluble Cu (oxy) hydroxides, while allowing some hydrothermal CuT to remain 
in solution even after continued mixing with seawater (Sander and Koschinsky, 2016). The 
study of Kleint et al. (2015) confirmed that strong ligand complexation processes dominate Cu 
speciation in shallow hydrothermal vent environments. Consequently, ligands play an 
important role in controlling the solubility, bioavailability, and geochemical behaviour of CuT 
and other trace metals around shallow hydrothermal vents (Sander and Koschinsky, 2016).   
Although it is more than likely that there is more than one organic ligand present in 
complex hydrothermal vent fluids (Kleint et al., 2015), and in fact an earlier study around White 
Island illustrated the presence of two organic ligands classes (logK1: 11.96 to 14.01; logK2: 
11.57 to 12.20; Kleint et al., 2015), ligand titration data of the current study did not suggest the 
presence of two distinct types of organic ligands around White Island. It has to be noted, 
however, that both studies used different analytical detection windows (Kleint et al., 2015: SA 
concentration of 2 µM; Present study: SA concentration of 5 µM), fitting models (Kleint et al., 
2015: non-linear Gerringa fitting model; Present study: complete complexation-fitting model 
(see Chapter 2 Section 2.4.2.5 for more detail)), and modelling softwares (Kleint et al., 2015: 
MCC software; Present study: ProMCC software (Omanović et al., 2010)) to obtain Cu 
speciation parameters and hence differences in the number of detected ligand classes are not 
surprising. Nevertheless, it is also possible that a second ligand class was either missing in the 
current study or could not be identified owing to the fact that ligands with similar logK values 
are difficult to resolve within a single analytical detection window (Sander et al., 2011; Wells 
et al., 2013). The reason behind the here reported absence of a second ligand class remains 
unclear.  
The present study found only one ligand class with estimated [L] of up to 33.6 ± 8.8 nM 
and average logK values of 11.9 ± 0.2 for untreated sulfide containing samples, and [L] of up 




These values are in line with a study by Kleint et al. (2015) ([L] ≤ 23.9 nM with logK values 
ranging between 11.57 and 14.01) of shallow hydrothermal vent systems off the coast of Milos 
(Greece), Dominica (Lesser Antilles), and the Bay of Plenty (New Zealand), possibly indicating 
that similar biogeochemical processes control Cu speciation at shallow hydrothermal vent 
systems around the world. The narrow range of observed stability constants (average logK 
values of 12.2 ± 0.6), values generally reported for the L1 ligand class (Coale and Bruland, 
1988; Tang et al., 2001), may indicate a relatively uniform composition of the L-pool 
throughout the study area. Nonetheless, without having more data, it is challenging to identify 
the source or sources of the strong Cu-binding ligands observed to be present in the study area 
(see Section 4.4.5 for more information on potential organic ligand sources). A natural 
progression for future work is, therefore, to provide additional valuable information on the 
composition of organic ligands using emerging techniques such as high performance liquid 
chromatography-electrospray ionization mass spectrometry (HPLC–ESI-MS) or high 
performance liquid chromatography-inductively coupled plasma-mass spectrometry (HPLC–
ICP-MS) with high detection sensitivity (Boiteau et al., 2013) to allow the chemical 
identification of organic ligands and their sources.  
 
Table 4.7: Pearson correlation matrix of the physicochemical parameters and calculated Cu speciation 
parameters for pre-treated and filtered samples (CB control, V1, V1-2, and V2). Data were processed with R 
version 3.1.2. Numbers in bold indicate correlations with R2 > 0.8 or p < 0.05. 
 
 R2-value p-value 
 [L] logK CuXIN Cu
2+ Cu' [L] logK CuXIN Cu2+ Cu' 
CuT -0.09 0.7 -0.84 -0.86 -0.84 0.91 0.30 0.16 0.14 0.16 
Mg -0.33 0.42 -0.51 -0.47 -0.51 0.68 0.58 0.49 0.53 0.49 
HgT -0.99 0.76 -0.59 -0.56 -0.6 0.01 0.24 0.41 0.44 0.41 
Sulfide -0.48 0.84 -0.93 -0.91 -0.93 0.52 0.16 0.07 0.09 0.07 
Temperature -0.11 -0.37 0.42 0.48 0.43 0.89 0.63 0.58 0.52 0.57 
Salinity 0.42 0.00 -0.26 -0.25 -0.26 0.58 0.99 0.74 0.75 0.74 
pHT 0.89 -0.95 0.87 0.85 0.87 0.11 0.051 0.13 0.15 0.13 
Ammonium -0.61 0.91 -0.96 -0.94 -0.96 0.39 0.09 0.04 0.06 0.04 
NOX -0.36 0.69 -0.81 -0.79 -0.81 0.64 0.31 0.19 0.21 0.19 
Phosphate 0.16 0.12 -0.33 -0.3 -0.33 0.84 0.88 0.67 0.70 0.67 
CuT: Total dissolved Cu; Mg: Magnesium; HgT: Total mercury; [L]: Cu-binding ligand concentration; logK: 
conditional stability constant of the CuL-complex; [CuXIN]: concentration of inorganic Cu complexes; [Cu2+]: Free 
Cu ion concentration; [Cu’]: bioavailable Cu concentration (sum of [CuXIN] and [Cu2+]); NOx: Nitrogen oxide. 
Illustrated pHT-values are calculated values based on DIC and alkalinity data (not shown in this study) using the 
refitted Mehrbach CO2 equilibrium constants (Mehrbach et al., 1973; Dickson et al., 2007). 
 
Further, [L] were always in excess of [CuT] (Fig. 4.7), which reduced the concentration 
of the free Cu2+ ion ([Cu2+]) in the hydrothermal environment to optimal levels between Cu 




2011; Tercier-Waeber et al., 2012). However, this ‘critical threshold’ level is species dependent, 
and might be much smaller for other organisms in the marine environment, which may explain 
why no macro-invertebrates and barely any meio-fauna was found near the active vent zones 
of White Island as well as beyond during earlier studies of Grace (1975), Grange et al. (1992), 
and Mayer et al. (2015). High [Cu2+] can lead to lethal and sub-lethal effects on resident 
communities, and early life stages and juvenile forms of various marine biota are usually the 
most vulnerable to high [Cu2+] (Fitzpatrick et al., 2008; Jakimska et al., 2011; Chen et al., 2016). 
Excess [Cu2+] can adversely disrupt larvae survival, recruitment, and settlement, therewith 
reducing biodiversity and organism coverage around hydrothermal vents. Nevertheless, several 
studies have shown that a number of species of microorganisms (e.g., Synechococcus; Fucus 
vesiculosus, and Emiliania huxleyi) (Brand et al., 1986; Moffett et al., 1990; Moffett and Brand, 
1996; Gledhill et al., 1999; Leal et al., 1999; Klevenz et al., 2012) are capable of producing 
strong Cu-binding ligands (Sander et al., 2007; Vraspir and Butler, 2009)) to counteract 
elevated [Cu2+] and associated Cu toxicity (Shank et al., 2004; Vraspir and Butler, 2009) in 
their environment, which adds an additional cost for their fitness but provides an advantage 
when exposed to potentially harmful Cu loads. The present speciation data indicate that the 
active secretion of ligands by microorganism might also play a role around White Island, 
lowering the lethal and sub-lethal effects of elevated Cu levels to the local microorganism 
communities (Albrecht-Gary and Crumbliss, 1998; Kleint, 2016) by keeping [Cu2+] well above 
the bio-limitation threshold and below the toxicity threshold. However, continuous changes in 
physical (e.g., currents, heavy rain events, precipitation and scavenging processes), chemical 
(e.g., [CuT] and inorganic ligand input), and biological (e.g., secretion of organic ligands) 
factors, typical for dynamic environments such as White Island, can alter Cu speciation, 
cycling, as well as fluxes (Kleint et al., 2015; Chen et al., 2016) and thus can easily shift a 
system in a short amount of time from a toxic to a healthy state and vice versa. 
The ‘high’ [Cu2+] reported around Whakaari/White Island are quite local in character, 
related to hydrological conditions, with the highest intensity and thus the highest potential for 
biological responses (i.e., ligand production) in the immediate vicinity of the venting fluid 
(Tarasov, 2006). Biological responses and potential deleterious effects on the fauna in the 
vicinity of the hydrothermal vents could, nevertheless, also be triggered by, or be due to, toxic 
concentrations of other prevailing trace metals, such As and Hg (Chen et al., 2016), as well as 
synergistic metal-metal effects (Boyd, 2010). For instance, inorganic Hg has been reported to 
produce harmful effects to marine invertebrates and fish at levels > 1 pM and > 69 pM (Boening, 




revealing that Hg (depending on its speciation) is potentially the most toxic metal around White 
Island.  
There was no evidence for a statistically significant relationship between Cu speciation 
parameters ([L], logK, [CuXIN], [Cu
2+], and [Cu’]) and salinity, pHT, temperature, NOX, or 
phosphate in the pre-treated samples after filtering (Table 4.7). However, ammonium had a 
strong negative correlation with [CuXIN] and [Cu
’] for pre-treated and filtered samples (Table 
4.7), suggesting chemical formation of a soluble Cu-amine complex in solution. All in all, there 
seems to be only a minor, if any, linkage between Cu speciation parameters of hydrothermal 
fluids and abiotic and biotic parameters around White Island/Whakaari. Nevertheless, the small 
sample size definitely reduced the power of the statistical output and thereby may have limited 
the detection of a true effect. Knowledge about physicochemical and biological processes 
involved in Cu speciation around shallow hydrothermal vents is still in its infancy, and more 
samples and studies are needed to validate any further assumptions.  
 
4.4.5. The source and nature of Cu-binding organic ligands 
The current study showed [L] of up to 78.5 % higher in untreated samples compared to 
[L] in samples after the pre-treatment for which AVS were removed from solution. This result 
conforms well to the growing body of literature, suggesting that the majority of the ligand pool 
around hydrothermal vents consists of inorganic sulfur species (Powell, 2015; Kleint et al., 
2015; Sander and Koschinsky, 2016; Cotte et al., 2018), which explains the lowered 
concentrations of ligands in the pre-treated samples. The presence of sulfide species in the 
untreated samples of the current study was confirmed by a voltammetric peak at approximately 
-0.5 mV (e.g., Sander et al., 2007; Powell, 2015) and logK values of 11.9 ± 0.2, which compare 
well to sulfide peaks and stability constants of Cu-sulfide complexes (logK values ranging from 
11.6 to 12.2) found in other studies (Al-Farawati and Van den Berg, 1999; Sarradin et al., 2009; 
Kleint et al., 2015; Cotte et al., 2018). However, the effect of sulfide concentrations on [L] for 
untreated samples was statistically insignificant (Table 4.8). No information can be given in 
regards to the chemical identification of the measured sulfide species using voltammetric 
techniques (Powell, 2015). Nevertheless, the inorganic sulfur species, in the case of Cu, are 
generally thought to consist of a variety of bisulfides, sulfides, polysulfides (Luther et al., 1996) 
and possibly elemental sulfur (Powell, 2015), which persist in oxygenated seawater via 
formation of relatively stable Cu-sulfide complexes (Rozan et al., 1999). All in all, the study 
indicates that inorganic sulfide species in hydrothermal fluids are likely the key drivers of Cu 




identification act as important ligands in the regulation of Cu speciation and bioavailability 
(Luther et al., 2002; Luther and Rickard, 2005; Sander and Koschinsky, 2011 and 2016; 
Aumond et al., 2012; Cotte et al., 2018) around the shallow hydrothermal vents. However, 
inorganic complexation around hydrothermal vents can also occur with chlorides, hydroxides, 
and carbonates (Byrne and Miller, 1985; Byrne, 2003). Ligands which were still present in the 
test samples after the pre-treatment were assumed to be of organic origin, though they might 
also include a significant amount of inorganic sulfides that withstood the acid pre-treatment 
(Edgcomb et al., 2004; Luther et al., 2002; Luther and Rickard, 2005; Hsu-Kim et al., 2008; 
Cotte et al., 2018).  
 
Table 4.8: Pearson correlation matrix of the physicochemical parameters and calculated Cu speciation 
parameters for un-treated samples (CB control, V1, V1-2, and V2). Data were processed with R version 3.1.2. 
Numbers in bold indicate correlations with R2 > 0.8 or p < 0.05. 
 
  R2-value p-value 
  [L] logK  CuXIN  Cu
2+ Cu' [L] logK  CuXIN  Cu2+ Cu' 
CuT 0.75 0.81 -0.75 -0.77 -0.75 0.25 0.19 0.25 0.23 0.25 
Mg 0.25 -0.42 0.04 0.02 0.04 0.75 0.58 0.96 0.98 0.96 
HgT -0.47 -0.11 0.59 0.56 0.58 0.53 0.89 0.41 0.44 0.42 
Sulfide 0.47 0.22 -0.28 -0.31 -0.28 0.53 0.78 0.72 0.69 0.72 
Temperature -0.49 -0.99 0.68 0.69 0.68 0.51 0.01 0.32 0.31 0.32 
Salinity 0.81 -0.11 -0.61 -0.62 -0.62 0.19 0.89 0.39 0.38 0.38 
pHT 0.07 -0.17 -0.2 -0.16 -0.2 0.93 0.83 0.80 0.84 0.80 
Ammonium 0.35 0.25 -0.17 -0.21 -0.18 0.65 0.75 0.83 0.79 0.82 
NOX 0.5 0.02 -0.26 -0.29 -0.27 0.50 0.98 0.74 0.71 0.73 
Phosphate 0.6 -0.32 -0.34 -0.35 -0.35 0.40 0.68 0.66 0.65 0.65 
CuT: Total dissolved Cu; Mg: Magnesium; HgT: Total mercury; [L]: Cu-binding ligand concentration; logK: 
conditional stability constant of the CuL-complex; [CuXIN]: concentration of inorganic Cu complexes; [Cu2+]: Free 
Cu ion concentration; [Cu’]: bioavailable Cu concentration (sum of [CuXIN] and [Cu2+]); NOx: Nitrogen oxides. 
Illustrated pHT-values are calculated values based on DIC and alkalinity data (not shown in this study) using the 
refitted Mehrbach CO2 equilibrium constants (Mehrbach et al., 1973; Dickson et al., 2007). 
 
 
The presence of organic ligands was supported by the voltammetric data, which showed 
relatively strong complexing capacities of the prevalent CuL-complexes in the pretreated 
sample, with logK values (12.6 ± 0.6) similar to those of thiols (13.35 ± 0.5) (Laglera and Van 
den Berg, 2003; Powell, 2015; Cotte et al., 2018). It can, therefore, be assumed that Cu-
complexing ligands in the shallow hydrothermal vent fluids around White Island do not solely 
consist of inorganic sulfide species, but still include some ligands of organic nature (21.5 to 
87.4 %), thereby agreeing with the findings of Kleint et al. (2015) and Powell (2015).  
The fact that [L] generally decreased with distance to the vent outlet, due to subsurface 
dilution and flocculation processes, leads to the assumption that the detected organic and 




hydrothermal vents provide favourable living conditions for various microbes and sulfur 
bacteria, which are known to release organic ligands (that are strong enough to compete against 
sulfide Cu complexation (Sander et al., 2007)) either during biomass degradation, or by specific 
synthesis to enhance metal uptake or mediate metal stress around vent habitats (Klevenz et al. 
2012; Sander and Koschinsky, 2016). However, there is no evidence for a statistically 
significant correlation between [L] and [CuT] for pre-treated vent samples. Nevertheless, it is 
possible that (1) different microorganism species produce different amounts of Cu-binding 
ligands, (2) prevalent ligands have different chemical properties (i.e., binding capacity, number 
of binding sites, bonding energy of functional groups), or (3) ligands are formed abiotically 
under hydrothermal conditions, and [L] would, therefore, not be expected to correlate with 
[CuT] (Coale and Bruland, 1990). Consequently, the lack of a correlation between [L] and [CuT] 
would then either be a proxy of the complexity of prevalent microorganism assemblages and 
activities around active shallow hydrothermal vent, indicate that ligand quality is more 
important in determining Cu complexation processes in natural marine environments than 
ligand quantity (e.g., Cooper et al., 2014; Deruytter et al., 2015), or highlight the possibility 
that ligands might originate from yet unknown abiotic hydrothermal sources. Nevertheless, the 
insignificant correlation of [L] with [CuT] might just be due to insufficient statistical power to 
detect a meaningful effect owing to the limited sample size. The theory that ligands adjacent to 
the vent outputs are derived from abiotic processes or biological active in-situ production as a 
direct response to higher [Cu2+] in solution, rather than originating from mixing with open 
ocean water or terrestrial dissolved organic matter (DOM) input, can ,therefore, neither be 
confirmed nor disproved until specific organic ligands have been identified. More samples and 
research including studies on hydrothermal microbial community structures and productivities 
are, therefore, needed to validate above-mentioned assumptions fully.  
The ligand concentration of the CB control site was approx. four times higher relative to 
the vent sites, which is likely to be related to terrestrial input or active organic ligand production 
in surface waters by microorganisms to enhance or mitigate the uptake of Cu2+ and other 
hydrothermally derived trace metals in solution. This theory is further supported by the logK 
value of 11.8 ± 0.2 of the CB control site, as logK values in the range of 12 to 13 are 
predominantly attributed to marine derived humic substances (HS) or thiols (Whitby et al., 
2018), produced by marine bacteria (Shimotori et al., 2009; Romera-Castillo et al., 2011) and 
decaying phytoplankton, such as diatoms (Lorenzo et al., 2007). However, the logK values of 
the CB control site may also suggest the presence of inorganic sulfide species (logK values of 




which seems reasonable considering the shallowness of the working area and the strong 
hydrographical regime we encountered during sampling. 
Complexes of Cu with inorganic and organic ligands have been identified in vent fluids 
of the current study and other studies at shallow and deep-sea hydrothermal vent systems 
(Sander et al., 2007; Kleint et al., 2015), but still very little is known about their chemical 
characterization and their source or sources (Sander and Koschinsky, 2016; Kleint, 2016). So 
far, hydrothermal studies have achieved some progress in understanding Cu speciation 
processes in complex hydrothermal systems, but further method development and more data 
analysis are needed to identify the drivers and processes of Cu speciation fully. Future studies 
should look at the chemical structures of natural Cu-binding ligands, the organisms and sources 
that produce them (Vraspir and Butler, 2009), as well as the abiotic parameters influencing the 
ligand pool in the marine environment. These advances will help scientist to gain a deeper 
understanding of Cu cycling, speciation, bioavailability, and toxicity in the vicinity of shallow 
hydrothermal vents and beyond. 
 
4.4.6. Shallow hydrothermal vents as sources of CuT to surface waters  
Generally, most of the Cu (up to 70 %) present in the escaping hydrothermal fluid rapidly 
precipitates as sulfide minerals at or near the vent output (Kleint, 2016; Sander and Koschinsky, 
2016). Coloured sediments and white mats, composed of elemental sulfur, metal oxides, and 
assemblages of microbes (Tarasov, 2006; Brinkman and Smith, 2015; Kleint et al., 2015), found 
around the vents at White Island provide compelling evidence for the dominance of metal 
precipitation processes in the shallow hydrothermal system. Low-temperature diffuse fluids are 
also known to generally deposit most of their trace metal load below the seafloor, and hence 
trace metal concentrations in the emanating fluid are usually low, leaving only the stabilized 
trace metal fraction in solution (Steele et al., 2009). As seen in the current study, only a minor 
Cu fraction (quantified [CuT] were similar to [CuT] of ambient surface seawater (Hodson et al., 
1979)) remains soluble (i.e., dissolved phase; < 0.2 µm) in the buoyant and non-buoyant plume 
either as inorganic colloids (0.2 to 0.02 µm) (sulfides, chlorides, carbonates, and hydroxides) 
formed via inorganic ligand complexation (Edmonds and German, 2004; Gartman et al., 2014; 
Findlay et al., 2015; Kleint, 2016; Fitzsimmons et al., 2017), or as organic ligand complexes 
(Bennett et al., 2008; Toner et al., 2009; Sander and Koschinsky, 2011). Both complexes are 
known to stabilize dissolved Cu in the emanating fluids on mixing with seawater and in doing 
so facilitate and enhance the transport of CuT in the plume into the surrounding water column 




(2011) indicates that organic and inorganic ligands at deep-sea hydrothermal vents are capable 
of stabilizing up to 4.2 % of hydrothermally derived and otherwise insoluble Cu in the fluid-
seawater mixing zone (Sander and Koschinsky, 2011). The amount of Cu which is being 
stabilized, exported, and distributed with the vertically and laterally dispersing plume is a 
question of ligand availability, type of prevailing ligands, biogeochemical processes, as well as 
water mixing and transport dynamics above the vents and in the water column (Tarasov, 2006; 
Sander and Koschinsky, 2016). The current study showed that [L] at V1 and V2 did not vary 
from one another, even though [Cu’] was 3.5 times higher at V2 relative to V1, indicating that 
ligand sources, ligand availability, and processes controlling Cu speciation may be similar at 
small spatial scales throughout the working area. Further, the quantified [CuT] in the surface 
waters of Whakaari were in the range of the vent fluid [CuT] and in the upper range of naturally 
occurring [CuT] reported for ambient surface seawater, which likely supports the model of 
Sander and Koschinsky (2011), showing that organic ligands may also play a role in mediating 
Cu fluxes and Cu export from shallow hydrothermal vents into surface waters. Even though 
[CuT] and [L] were low in the working area, relative to deep-sea hydrothermal vents and thus 
more similar to concentrations observed in surface open ocean samples > 50 m (for sulfide free 
samples) (Whitby et al., 2018), it is reasonable to assume that the shallow hydrothermal system 
around White Island also discharges dissolved Cu and other hydrothermally derived trace 
metals - in minor amounts - directly into the photic zone, thereby influencing Cu speciation and 
biogeochemical processes in the whole region of the hydrothermal vent activity (Tarasov, 2006; 
Kleint et al., 2015). However, tracing hydrothermal Cu inputs and making assumptions about 
their effect on the photic zone around the Bay of Plenty is difficult owning to limited sample 
size and the lack of Cu speciation parameters for vent end-members and surface water samples. 
Data must hence be interpreted with caution. Further, it has to be noted that the quantified low 
and relative homogenously distributed [CuT] and [L] at Whakaari are probably a result of 
enhanced transport, dispersion, and dilution processes during an extreme weather event and 
thus may not depict Cu speciation parameters and processes during calm conditions. Further 
analysis examining Cu speciation parameters at ‘control’ areas during calm conditions would 
enable greater understanding of the importance of White Island’s shallow hydrothermal vents 
for biogeochemical cycling of Cu and Cu input into the overlying photic zone.  
Several studies have shown that the biogeochemical effects of deep-sea hydrothermal 
vents are strong and reach into the surface layer of the water column (Tarasov, 2006) with 
lateral trace metal transport over hundreds and thousands of kilometres owing to high initial 
trace metal concentrations and [L], as well as a strong hydrographical regimes (Fitzsimmons et 




spatially remains, however, unanswered - probably because of the scarcity of shallow 
hydrothermal studies and shortcomings in analysing large sample sizes with good vertical and 
horizontal resolution of ocean sections (i.e., samples with distance to the vent sites) as a result 
of technical challenges and costs of metal speciation measurements. Despite a promising 
beginning, further work is required to develop a full picture of Cu speciation, cycling, and fluxes 
from shallow hydrothermal vents into the global oceans in order to subsequently assess the 
influence of Cu on both chemosynthetic and surface ocean photosynthetic communities 
(Hawkes et al., 2015; Holmes et al., 2017), which in turn are important factors for climate model 
predictions and carbonate cycling (Sander and Koschinsky, 2016). Improvements in analysis 
techniques involving stable isotopes tracers (e.g., δ18O, δD, 87Sr/86Sr (Pichler, 2005)), known 
to be powerful proxies in differentiating between different sources, biogeochemical processes, 
and pathways of trace metals in the water column (Sander and Koschinsky, 2016), as well as 
advanced modelling efforts may provide additional insights into trace metal speciation and may 
help scientist to discover direct links between hydrothermal trace metal activity and surface 
ocean biological productivity (Holmes et al., 2017). 
 
4.5. Conclusions   
It is now widely accepted that metal-ligand complexation processes at deep-sea 
hydrothermal vents are responsible for globally significant fluxes of hydrothermally-derived 
bioactive trace metals to the deep and distal ocean. Much more accessible shallow hydrothermal 
vent systems have received less attention for their role in ocean biogeochemistry (Kleint et al., 
2015), even though they discharge trace metals directly into the photic zone and thus could 
potentially have a much more direct effect on surface ocean productivity and chemistry relative 
to deep-sea systems (Kleint, 2016; Sander and Koschinsky, 2016). This study, therefore, used 
Cu as an example metal to examine trace metal speciation processes in hydrothermal fluids and 
hydrothermally-influenced waters from various vent sites around White Island/Whakaari (New 
Zealand) to elaborate current knowledge of trace metal speciation at shallow hydrothermal 
vents and to evaluate their importance for trace metal input to the surface ocean.  
Total dissolved copper concentrations in the hydrothermal fluids were with 0.8 to 3.1 nM 
similar to [CuT] observed in ambient open ocean samples, but relatively low compared to deep-
sea hydrothermal vents. The concentrations of Cu-complexing ligands were measured at 
concentrations of up to 33.6 ± 8.8 nM with conditional stability constants of 11.9 ± 0.2 for 
untreated sulfide containing samples and 12.6 ± 0.6 for pre-treated sulfide free samples. The 




species, which represented a major part of the Cu-complexing ligand pool (Powell, 2015; Kleint 
et al., 2015; Sander and Koschinsky, 2016; Cotte et al., 2018) of the low-temperature shallow 
hydrothermal vents around White Island. The higher logK values are speculated to be of organic 
origin, potentially originating from active biological production by microbes living within and 
around the studied vents (Klevenz et al., 2012) or originating from abiotic processes under 
hydrothermal conditions (Powell, 2015; Sander et al., 2007). Further, our data showed that 
ligands were always in excess of [CuT], indicating that all the emanating Cu, which was not 
readily precipitated as sulfide minerals or oxy-hydroxides, was able to form stable Cu 
complexes (~ 99.9 %) (Kleint et al., 2015; Powell, 2015), potentially allowing minor amounts 
of dissolved Cu to be transported into the photic zone and the rest of the global oceans. The 
‘high’ [CuT] and [L] at the control stations, distant from the vent sites, further strengthened the 
idea that it is likely that CuT supplied by the hydrothermal system is transported vertically as 
well as horizontally in the water column, therewith influencing the biogeochemical cycle of Cu 
in the surrounding waters of the Bay of Plenty. These findings and broad assumptions 
complement those of earlier studies (Kuzmanovski, 2014; Kleint et al., 2015; Sander and 
Koschinsky, 2016) and highlight that Cu speciation and associated complexation processes may 
be generally similar in shallow and deep-sea hydrothermal vents (Kleint et al., 2015; Holmes 
et al., 2017). However, due to the small sample size and extreme weather conditions, the study 
failed to confidently determine the sources of the prevailing ligands, the extent of Cu 
stabilisation process, as well as find undeniable evidence for fluxes of hydrothermally-derived 
Cu into the photic zone. In spite of these limitations, this study certainly contributes to existing 
knowledge but also highlights that considerably more work has to be done to develop a full 
picture of trace metal speciation processes at shallow hydrothermal vents to better constrain the 
role of hydrothermally derived trace metals to surface ocean productivity. To tackle the lack of 
information, future studies are encouraged to include the following steps and practices:  
 
1) Transect sampling over a range of water depths and distances from shallow to deep 
ocean sections to obtain high resolution trace metal speciation data of the working area 
and beyond (Sander and Koschinsky, 2016).  
2) Sampling of distinct vent sites with less hydrothermal and geothermal activity (i.e., 
point source), as well as “proper” control sites far away from any hydrothermal activity 
to elucidate Cu speciation processes over a range of hydrothermal input signatures. 
3) HPLC analysis of samples to allow the structural characterization of ligands, which 




4) Isotopic sample analysis (e.g., δ18O, δD, 87Sr/86Sr, 3He, 222Rn, 223Ra, 224Ra, 54Fe, 56Fe, 
and 57Fe) to allow the identification of trace metal sources and biogeochemical 
processes, as well as to enable the quantification of spatial plume dispersion, transport 
velocities, and flux rates (Sander and Koschinsky, 2016; Holmes et al., 2017). 
5) Analysis of microbial community structures and productivities to evaluate trace metal 
sinks and potential ligand sources. 
6) Investigating working areas over a longer period of time to evaluate spatial and temporal 
variabilities of trace metal input and speciation data. 
 
Increased datasets will improve and refine current ocean biogeochemical models of Cu and 
other hydrothermally-derived bioactive trace metals, such as Fe, Zn, Co, Mn, Ni, and Cd, 
known to be complexed by nonspecific ligands present in the hydrothermal environment 
(Powell, 2015; Sander and Koschinsky, 2016; Holmes et al., 2017). Better models will in turn 
help to elucidate the role of hydrothermal trace metal contribution on a local scale and facilitate 
extrapolation to a global scale. 
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Scope of this chapter 
This chapter describes Cu distribution, speciation, bioavailability, and toxicity in a marine 
environment exposed to high levels of Cu contamination from an anthropogenic source. The 
focus in this study was on the MV Rena shipwreck, which grounded and sank at the Astrolabe 
Reef in the Bay of Plenty (New Zealand) in 2011 with a load of 7 to 12 tonnes of granulated 
Cu. Copper is one of the most ubiquitous anthropogenic contaminants in the marine 
environment with concentrations often exceeding existing water quality criteria and ‘critical 
threshold’ standards for marine life. Nevertheless, several microorganisms are known to cope 
with Cu-stress by producing Cu-biding chelators to detoxify their surrounding water column, 
therewith keeping the system in ‘balance’. In this study it was of utmost interest to evaluate the 
potential detoxification capacity of prevalent organisms, and to investigate the distribution, 
speciation, and bioavailability of Cu in the water column in order to assess the state of the 
marine environment several years after the accident. This information is required to (1) gain a 
better understanding of the long-term environmental consequences of maritime disasters; (2) 
assess the capacity of affected ecosystems to recover from elevated anthropogenic Cu inputs, 
and; (3) improve environmental monitoring, management, legislation, and regulations of 
maritime accidents.  
 
 
Figure. 5.A: Schematic of the cognitive space that Chapter 5 fills in the thesis. This chapter examines Cu 





Pollution from the grounding or sinking of ships can have long lasting effects on the 
recovery and dynamics of coastal ecosystems. Research on the impact of copper (Cu) pollution 
from the 2011 MV Rena shipwreck at the Astrolabe Reef (Otaiti), New Zealand, 5 years after 
the disaster, followed a multi-method and multi-disciplinary approach. Three independent 
measures of aqueous Cu using trace-element-clean techniques substantiate the presence of high 
total (> 2 µm), total dissolved (< 2 µm) and elevated bioavailable Cu in the water column 
immediately above the aft section of the wreck where the highest sedimentary load of Cu was 
located. Intermittently elevated concentrations of Cu-binding ligands occurred in this location, 
and their binding strength was consistent with ligands actively produced by organisms in 
response to Cu induced stress. The recruitment of benthic invertebrates was modified at the 
high-Cu location. Taxonomic groups usually considered robust to pollution were restricted to 
this site (e.g., barnacles) or were the most abundant taxa present (e.g., tubeworms). Our results 
demonstrate that Cu-contaminated sediments can impose a persistent point source of Cu 
pollution in high-energy reef environments, with the potential to modify the composition and 
recovery of biological communities.  
 
5.1. Introduction 
Between 2004 and 2014, 1,271 ships were lost at sea (Dobie, 2014). The causes may have 
included collision, adverse weather, loss of stability due to cargo movement or rupture of cargo 
tanks, explosions, uncontrollable fire, piracy, inadequate vessel maintenance and crew 
negligence or incompetence. While the environmental effects and legacies of most lost ships 
are unknown, contamination and subsequently environmental degradation are certain to occur. 
Metals and other potential contaminants, both organic and inorganic, are present in almost every 
part of a modern ship, including antifouling paints, electrical and electronic equipment, the hull 
and other structural components and sacrificial anodes together with fuels, lubricating and 
hydraulic fluids (Dimitrakakis et al., 2014). For cargo ships, the range of potential contaminants 
is greater still because these vessels can transport a variety of commercial and industrial 
chemicals and materials, raw minerals, oils, paints, plastics, manufactured goods, agricultural 
and horticultural produce, and personal belongings.  
Vessels are typically lost in deep water where the costs and practicalities of salvage or 
monitoring are prohibitive, or they ground on coastlines of nations where environmental 
regulations are such that monitoring is limited or non-existent (Leichenko and O’Brien, 2008). 




expectations around gaining an understanding of the environmental consequences of maritime 
casualties. However, unless a wreck occurs in exceptionally benign or accessible waters, it can 
be difficult to apply the methods that would normally be used to assess pollution and 
environmental impacts. As such the ecological consequences of most shipwrecks are unknown. 
One example of a relatively accessible shipwreck is the MV Rena (Battershill et al., 2016), 
which grounded and sank in 2011 at Otaiti (Astrolabe Reef; Fig. 5.1), in New Zealand’s Bay of 
Plenty. The sinking of the MV Rena generated headlines around the world and has been widely 
reported as New Zealand’s ‘worst maritime environmental disaster’ (Chapman, 2012). 
Potentially because of the rarity of large shipwrecks in New Zealand’s recent maritime history, 
or because of New Zealand’s “clean green” image, the impacts of the MV Rena on Otaiti, both 
physical and chemical (the latter determined through analysis of sediments and biota (Dempsey 
et al., 2016; Ross et al., 2016; Schiel et al., 2016)), have been remarkably well documented 
(Schiel et al., 2016). Otaiti lies 25 km offshore from Tauranga, one of New Zealand’s busiest 
ports. The reef is a high-energy environment, with a mean annual significant wave height of 
1.19 m (Beamsley, 2016). Significant wave heights of 5.5 m occur at 6-year Annual Return 
Intervals (Beamsley, 2016). Otaiti is a pinnacle of rock, which rises from a depth of around 70 
m with a small section of reef (15 to 25 m2) breaking the water’s surface between mid and low 
tide (Beamsley, 2016). The reef has a base circumference of about 1 km and covers an estimated 
461,587 m2 of seafloor (Beamsley, 2016). The major components of the shipwreck lie at water 
depths ranging from 3-60 m (Fig. 5.2). These physical and environmental factors have made it 
challenging to conduct both salvage and environmental monitoring activities. An extended 
salvage and recovery effort did much to remove contaminated reef sediments and wreckage 
(Schiel et al., 2016), yet a legacy of sediment contamination remains. Dempsey et al. (2016) 
demonstrated both the contaminant legacy of the Rena and the usefulness of Diffuse Gradients 
in Thin Film (DGT) passive samplers for identifying and locating contaminants. Perhaps of 
greatest interest in trying to understand the long-term chemical and ecological impacts of the 
Rena is the fate of some 7 to 12 tonnes of granulated Cu (clove grade) (Fig. S.5.1) (Chapman, 
2012; Dimitrakakis et al., 2014; Battershill et al., 2016; Dempsey et al., 2016; Ross et al., 2016; 






Figure. 5.1: Map of the Bay of Plenty showing the location of the MV Rena on Otaiti (Astrolabe Reef), Okarapu 
(Control site), Motiti Island and Tauranga. 
 
 
Figure. 5.2: Chart of Otaiti showing the locations of water sampling and DGT deployments (discs) and settlement 
plate deployments (squares) along the 25 m depth contour. The Cu concentration measured in reef sediments is 
shown by the coloured cylinders (data from Ross et al. (2016)). Elongate remnants of the wreck lie on the central 




Aquatic pollutants, including Cu, have the potential to adversely influence the recovery 
of marine ecosystems through sub-lethal or lethal effects on resident communities (Dang et al., 




which recruitment of early life stages occurs (Hill et al., 2013). This latter process can happen 
through several mechanisms. One is that the free-swimming larvae of benthic species may use 
water or substrate chemistry to select a settlement location, thereby selecting against 
contaminated substrate (Hill et al., 2013). Alternatively, recruitment may occur despite 
differences in substrate chemistry (or that of the surrounding water), but subsequent survival 
rates diminish due to environmental or chemical differences, or through chemistry-dependent 
changes in (biological) species interactions (Johnston and Keough, 2003; Hill et al., 2013).  
In order for Cu to be harmful and toxic, it needs to be present in a bioavailable form to 
enter the body of an exposed organism and interact with the surface or interior of their cells 
(Tercier Waeber et al., 2012). According to the literature (e.g., Morel, 1983; Deruytter et al., 
2013) the bioavailability of Cu is primarily related to the labile inorganic Cu fraction (Cu’), 
consisting of free Cu ions (Cu2+) and Cu complexed to inorganic ligands (CuXIN), rather than 
the total ([CuT]) or total dissolved Cu concentration ([dCuT]) in a system (e.g., Brand et al., 
1986; Kozelka and Bruland, 1998; Lorenzo et al., 2002). Some forms of organically complexed 
Cu are, however, also considered bioavailable (Lorenzo et al., 2005; Semenuik et al., 2015), 
but it is generally accepted that Cu’ represents the most readily bioavailable and thus toxic form 
of Cu to marine organisms. Consequently, the labile inorganic Cu fraction (Cu’) is a reasonable 
indicator of Cu bioavailability and is thus hereinafter referred to as bioavailable Cu (Cu’). The 
aquatic lifetime of bioavailable Cu (Cu’) (sum of Cu2+ and CuXIN) is considered low (seconds) 
due to organic Cu-complexation (CuL) processes (> 99%) (Dong et al., 2015), but minor 
amounts of free Cu2+ ions and labile inorganic and organic Cu complexes can still adversely 
affect exposed organisms. Furthermore, the uptake of Cu’ by organisms will cause the 
dissociation of CuL due to the perturbation of the equilibrium between CuL and its products 
(Cu2+ + L-). Additionally, ligands can be oxidised microbiologically or photo-chemically 
(Amon and Benner, 1996), thereby changing the relationship between Cu concentration, 
speciation (i.e. chemical form) and toxicity.  
Given the complex interplay between Cu speciation, environmental conditions and toxic 
effects, it was deemed necessary to expand on the work previously conducted at Otaiti 
(Dempsey et al., 2016) to examine the aquatic speciation of Cu in the water column and the 
spatial scale at which water chemistry was affected (site C, Fig. 5.2) (Dempsey et al., 2016). 
This study set out to assess the extent of water column Cu contamination at Otaiti, ascertain its 
bioavailability, and explore, using settlement plates, the effects of Cu contamination on the 
recruitment of benthic invertebrates (Hill et al., 2013; Lawes et al., 2016; Lawes et al., 2017). 
A multi-method approach was implemented in order to obtain an integrated picture and provide 




Cu in the working area (Figure 5.3), thereby increasing the robustness of the results and 
conclusion. The multi-method analytical approach consisted of trace element clean sampling 
and analysis protocols of the Otaiti water column to collect Cu samples for High-Resolution 
Sector Field Inductively Coupled Plasma-Mass Spectrometry (HR-SF-ICP-MS) analysis, 
adsorptive cathodic stripping voltammetry (AdCSV) (Sander et al., 2015) with salicylaldoxime 
(SA) as the complexing agent, and in-situ immersive measurements by diffusive gradients in 
thin films (DGT) (see Section 5.2.1.). HR-SF-ICP-MS was used to quantify total Cu (non-
filtered, CuT) concentrations, while AdCSV was implemented to measure total dissolved Cu 
(filtered at 0.2 µm, dCuT) concentrations and Cu speciation parameters (e.g. CuXIN, Cu
2+, L, 
and logK) of the collected water samples. DGTs were deployed to obtain a temporal integrated 
view of bioavailable Cu (CuDGT) in the system (see Section 5.2.1.3.). We define the following 
terms for different components of Cu in our analysis: [ ] denote concentration, inorganically 
bound Cu (CuXIN), hydrated ‘free’ Cu ions (Cu
2+), Cu-binding organic ligands (L), conditional 
stability constant of Cu(L)n
(2-n) complexes (logK), total Cu (non-filtered, CuT), total dissolved 
Cu filtered at 0.2 µm (dCuT), bioavailable Cu (Cu’), and DGT-labile Cu (Cu’ + dissociating 
Cu2+ from complexes with L) reported as CuDGT calculated using standard DGT theory 
(Dempsey et al., 2016).      
 
 
Figure. 5.3: Conceptual figure of the three complementary analytical techniques used to analyse the concentration, 
speciation, and bioavailability of Cu in the study area of the MV Rena at Otaiti (Astrolabe Reef). The depicted 






5.2.1. Water Column Cu Analysis  
5.2.1.1. Sample collection 
Water samples were collected from discrete locations along the 25m contour of Otaiti 
using a team of SCUBA divers on the 16/6 and 20/6/2016. The divers positioned the DGTs at 
the location of the water samples. DGTs remained in-situ for 4-5 days. Water samples were 
taken using a pre-acid-cleaned 50 m polyethylene tube which was connected to a peristaltic 
pump housed inside a shipboard clean laboratory. Water was pumped for the equivalent of three 
tube volumes to flush any residual sample prior to sample collection inside a Class 100 laminar 
flow hood. Samples were pumped directly into pre-acid cleaned (Powell, 2015) LDPE bottles 
(Low-density polyethylene; Nalgene Laboratory, Penfield, NY, United States) which were 
rinsed three times with the fresh sample and then filled with zero headspace. Samples reserved 
for dCuT and Cu-speciation analysis were filtered through a 0.2 μm cartridge-filter (AcroPak, 
Supor). All samples were kept refrigerated at < 5 °C prior to analysis with the exception of 
samples for AdCSV analysis, which were filled with a 5 % headspace and kept frozen prior to 
analysis. 
 
5.2.1.2. Sample treatment for total Cu analysis with the HR-SF-ICP-MS 
Samples for total Cu were acidified with quartz distilled HCl to a concentration of 0.024 
M, resulting in a pH of ~1.8. Samples were left for 1 month prior to further processing. 
Subsequently, a volume of 15 mL sample was pipetted into an acid cleaned FEP vial. An 
internal standard (indium and lutetium) at a concentration of 5 nM as well as H2O2 were added 
(final concentration 26 μM) prior to UV digestion (Middag et al., 2015). Hydrogen peroxide 
was added to support the complete oxidation of organic matter in the sample under the influence 
of UV-light. 
A seaFAST pico system was used in off-line mode to pre-concentrate the acidified 
seawater samples with a factor of 10. The eluate was subsequently transferred into an acid 
cleaned destination vial and was then ready for High-Resolution Sector Field Inductively 
Coupled Plasma-Mass Spectrometer (HR-SF-ICP-MS) analysis. A detailed description of the 
method and sample preparation procedure can be found in Biller and Bruland (2012); 
Lagerström et al. (2013) and Middag et al. (2015).  
Samples were analysed using a Nu Attom HR-SF-ICP-MS utilizing wet plasma at a 




element stock solution to seawater of low metal concentration. Quantitative recovery on the 
resin was verified by comparing the slope of the calibration line obtained from the standard 
additions to seawater to standard additions done directly to untreated eluent acid (Middag et al., 
2015). Recovery of the method was acceptable (> 94 %). The accuracy of the method was 
verified by the measurement of certified reference material (SLEW-3; National Research 
Council, Canada) and was found to be accurate within 4.6 % of the reference value for Cu 
(reference value: 24.39 ± 1.89 nM Cu; measured value (n=2): 25.52 ± 0.01 nM Cu). 
 
5.2.1.3. DGT analysis 
Diffusive gradients in thin films (DGT) provide a reliable direct, in-situ measurement of 
the concentration of the species of interest (Zhang and Davison, 1995). To determine the 
concentration of labile Cu in the water column at Otaiti, Chelex-100 DGT devices were 
prepared in-house after Zhang and Davison (1995). The precision and accuracy of the devices 
was confirmed before deployment and were found to be accurate within 5% for Cu with respect 
to [CuT] in a 50 ppb standard solution (n=5) deployment test. The assembled probes were 
immersed in 0.01 M NaNO3 and transferred to the field in air-tight containers.  
Four Chelex DGT probes were secured inside a robust plastic mesh container using cable 
ties. The container provided protection to the DGT probes from particles > 5 mm diameter, 
whilst being completely permeable to seawater. Divers then transferred the container (attached 
to heavy weights) to the deployment location. Probes were co-located with two temperature 
loggers (UTBI-001, TidbiT V2 Temp Loggers) allowing the average DGT deployment 
temperature to be calculated at each respective depth. 
After typically 4-5 days, the probes were retrieved, rinsed with deionised water 
(resistivity 18 MΩ) and kept in sealed, pre-cleaned individual plastic bags and were transferred 
to the lab at < 5 °C in the dark. DGT probes were dismantled and Chelex-100 resins were eluted 
in 1M ppt grade HNO3 and analysed using a Perkin Elmer (Waltham MA) quadrupole ICP-MS 
calibrated using certified NIST-traceable reference materials from Inorganic Ventures 
(Christiansburg, VA, USA) with an accuracy better than 1 % (Hartland et al., 2015). Internal 
standards of known concentration were also analysed to determine instrumental drift during 
analysis. DGT blanks (HNO3 eluted Chelex resins) were below detection for Cu (< 0.1 ppb). 
Reported [CuDGT] were calculated using the standard DGT theory (Davison and Zhang, 2012; 
Dempsey et al., 2016) and Cu diffusion coefficients (determined from the average temperature 





5.2.1.4. Voltammetric methods  
Total dissolved Cu concentrations and Cu speciation were determined by voltammetric 
analysis using a Metrohm 663 VA stand connected to a PGSTAT10 (Eco Chemie) potentiostat 
interfaced with GPES v4.9 software. The three-electrode configuration of the system included 
a hanging mercury drop electrode (HMDE) as the working electrode, an Ag/AgCl- 3 M KCl 
reference electrode, and a platinum counter electrode. The system was operated in the 
differential pulse mode at room temperature. Instrumental settings were adopted from Sander, 
et al. (2007). For detailed information on sample preparation and operating conditions of the 
instrument see Sander et al. (2007) and Powell (2015). 
Acidified (q-HCl) aliquots (4 mL) of each sample (pH: 1.7 ± 0.1) were transferred into 
acid cleaned Teflon vials. Samples were then UV-digested for at least 12 h in order to remove 
natural Cu-complexing species in solution (Kleint et al., 2015; Powell, 2015). Once UV-
digested each sample was pipetted into a trace metal clean and previously conditioned 
voltammetric cup. From this 0.01 M salicylaldoxime (Acros Organics; SA: 98 %) was added 
to the sample to a final concentration of 25 µM and the sample was then left to equilibrate for 
20 min. Salicylaldoxime was used as the added ligand, since its complexation parameters with 
Cu in seawater are well characterized (Campos and Van den Berg, 1994). From this, all samples 
were buffered to pH 8.1 ± 0.2 using 50 µL of 1M borate buffer (Arcos Organics; H3BO3: 99.99 
%) and 15 µL trace-metal grade NH4OH (Optima™, Fisher Chemical). The total dissolved Cu 
concentration in each sample was then determined by adsorptive cathodic stripping 
voltammetry (AdCSV) (Kleint et al., 2015). Prior to analysis, each sample aliquot was 
deaerated by purging nitrogen gas over the sample for at least 2 min (Campos and Van den 
Berg, 1994; Protti, 2001; Louis et al., 2009). The conditioning potential was set at -0.15 V for 
15-30 s with a cathodic scan from -0.15 to -0.6 V. Every measurement was repeated three times 
(Kleint et al., 2015). After the first measurement a four-point standard addition procedure of a 
known Cu standard (Fisher Scientific) was used to subsequently determine the [dCuT] of the 
sample (Henze, 1990). The accuracy and precision of the voltammetric method was assessed 
by multiple measurements of a certified reference seawater sample (Kleint et al., 2015; Powell, 
2015), i.e. SLEW-3. Accuracy and precision of the analytical technique was within an 
acceptable range of ± 3.5 % SD for Cu (reference value: 24.39 ± 1.89 nM Cu; measured value 
(n=2): 23.53 ± 1.45 nM Cu). 
For the Cu-complexing ligand titrations, 12 aliquots (4 mL each) of each sample were 
separately transferred into pre-conditioned Teflon vials. Afterwards, 100 µL of 1M borate 
buffer was added to each sample to maintain the sample pH at 8.2 ± 0.2 during analysis. This 




geometrically spaced series (Garnier et al., 2004), to each aliquot ranging from 0 to 550 nM 
(Sander et al., 2007). A 20 min equilibration period was implemented to allow the Cu to bind 
with the natural organic ligands present in solution. Afterwards SA was added to the aliquots 
at a final concentration of 5 μM. Finally, all samples were left to equilibrate for a minimum of 
12 h, which was found to result in stable Cu-SA peaks (Sander et al., 2007). Once equilibrated, 
all samples were analysed using the instrumental parameters as described for the total dissolved 
Cu-measurements. After completion of the titration, Cu-speciation parameters (i.e., [CuXIN], 
[Cu2+], [L], and logK) of each solution were obtained using the one-ligand and two-ligand 
complete complexation-fitting model within the ProMCC software (Omanović et al., 2010; 
Omanović, 2015). Fitting of each titration data to a two-ligand system failed with the ProMCC 
software and thus samples were fitted to a one-ligand model, which resulted in reasonable at 
equilibrium speciation estimates of [L] and logK with derived parameters of [CuXIN] and 
[Cu2+]. Finally the bioavailable [Cu’] was calculated as the sum of [CuXIN] and [Cu
2+].  
 
5.2.2. Settlement plates 
The deployment of settlement plates was opportunistic and as such it was not possible to 
replicate the spatial arrangement of the DGT deployment. Instead, settlement plates were placed 
at the site of the Cu deposit (Site C) and at two sites (Sites A and B) between N2 and N3 (Fig. 
5.2). Each settlement plate deployment unit consisted of three settlement plates (15 x 15 cm 
terracotta tiles) cable tied to a 1 m length of PVC pipe (Fig. 5.7). One end of the pipe was 
secured to a plastic coated 15 kg weight plate. The other end of the pipe was secured to a 
polystyrene net float. Three of these units (a total of nine settlement plates) were deployed at 
each site by SCUBA divers. After a period of 3 months, the plates were retrieved and 
photographed. Photographs were loaded into ImageJ (ImageJ, Ver. 1.49) and total plate 
coverage determined by summing the surface area of all parts of a plate covered by encrusting 
organisms. The OTUs used for comparing community composition between deployment sites 
were defined during this initial examination. OTUs definition was based on morphology 
(viewed under dissecting scope) and colour (Table 5.2). Once OTUs were defined, coverage 
(hydroids) or counts either individuals (barnacles and anemonies) or colonies (bryozoans and 
ascidians) were determined for the entire plate. Kruskal-Wallis ANOVAs were performed in 
Statistica (Ver. 13) to test for differences in plate coverage between all sites (A vs. B vs. C) and 
between reference and impact sites (sites A and B vs. C). Subsequently, differences in counts 
and coverage of OTUs between reference and impact sites were assessed, again using Kruskal-




5.3. Results  
5.3.1. Cu concentrations and DGT measurements 
The results of the aqueous [Cu] measurements are given in Table 5.1.  
 
Table 5.1: Averaged total (n=2), total dissolved (n=2) and DGT-labile (n=4) Cu concentrations in Otaiti and 
Okarapu Reef (Control site) of water samples collected over two sampling campaigns on 15-16th and 22-23rd June, 
2016. Note that with the exception of the DGT results the data are the averages with associated standard deviations 
(σ) of individual samples collected from the same locations on the two separate dates; whereas the DGT error is 
the standard deviation of 4 solution probes deployed in tandem. Total Cu (unfiltered) was determined by HR-SF-
ICP-MS and total dissolved Cu (0.2 µm filtered) by AdCSV. Results marked (*) were from individual sample 
analyses. Note that the dCuT concentrations determined by AdCSV are sometimes higher than the CuT 
concentrations determined by HR-SF-ICP-MS, which either is a result of sample contamination during sampling 
and handling or is attributed to slightly different sampling locations of the two discrete water samples taken by the 
SCUBA divers. The high variability of the DGT measurements could be explained with a high natural variability 
present in the dynamic reef environment, could demonstrate an issue of differing resin capacities of the 4 replicate 
DGTs, could indicate sediment deposition on some DGTs, or could reflect an incomplete rinsing after retrieval.  
 
 
 CuT [nM] 
HR-SF-ICP-MS 
1 σ dCuT [nM] 
AdCSV 
1 σ CuDGT [nM]    1 σ 
Control 1 (Con1) 1.3 0.3 6.6 1.3 5.4 5.0 
Control 2 (Con2) 2.7 1.2 5.7 0.8 4.8 0.6 
Control 3 (Con3) 1.1 0.3 5.4* 0.6 4.9 3.1 
North 1 (N1) 21.0 4.6 5.4* 3.9 3.0 1.7 
North 2 (N2) 1.7 0.5 5.1 2.4 2.2 1.1 
North 3 (N3) 53.9 70.0 8.3 0.1 2.4 0.8 
Centre 1 (C1) 528.0 731.0 10.6 0.3 37.6 38.2 
Centre 2 (C2) 1239.9 869.3 14.3 5.1 33.2 16.7 
Centre 3 (C3) 240.0 97.7 9.2 0.4 17.4 18.6 
South 1 (S1) 9.1 6.9 7.4 4.5 4.6 2.4 
South 2 (S2) 2.8 1.0 6.6 2.1 2.5 0.2 
South 3 (S3) 4.2 0.0 6.7 3.3 1.4 0.2 
CuT: non-filtered total Cu; dCuT: total dissolved Cu filtered at 0.2 µm; CuDGT: DGT-labile Cu (Cu’ + dissociating 
Cu2+ from complexes with L) calculated using standard DGT theory (Dempsey et al., 2016).       
 
 
The [CuT], [dCuT] and [CuDGT] fractions varied coherently across the sample set (Table 
5.1; Fig. 5.4) with markedly higher Cu concentrations encountered at the centre site. The results 
of these measurements were generally consistent with the known hierarchy of detection 
between techniques (Sigg et al., 2006) and indicate that coarse colloids and particles with 
diameters > 0.2 µm were involved in Cu adsorption and mobilisation, driving the exceptionally 
large variability seen in [CuT] between the sampling campaigns at sites C1-3 (Table 5.1). We 
suggest that the dynamic variability in the concentration of colloidal/particulate Cu in these 
coastal settings also led to disparities between samples collected contemporaneously for CuT 
and dCuT. These disparities were evident at sites away from the major contamination plume 





Despite predictable differences between techniques, the overall trend between sites was 
captured by all three methods. In particular, the Centre sites, located in the vicinity of the Cu 
clove deposit, were the most contaminated, consistent with expectations based on previous site 
assessments (Ross et al., 2016) which documented extremely high Cu sediment loads (up to 
780 g kg-1) in this location (Fig. 5.2). Clearly, entrainment of this sediment by wave action 
creates a release of dissolved Cu and the re-suspension of Cu-bearing particles in the vicinity 
of the Rena debris (sites C1-3; Table 5.1).   
 
 
Figure. 5.4: Averaged [CuT] determined by HR-SF-ICP-MS, [dCuT] determined by AdCSV in water samples 
collected in June 2016 and [CuDGT] determined from multi-day DGT deployments at Otaiti and Okarapu Reef 
(control site) in June 2016. Error bars represent the ±1 σ values for measurements carried out on two separate days 
(i.e., the inter-sample variability rather than analytical errors). [CuDGT] values are calculated from the average of 
four DGT Chelex-100 probes deployed between three and four days (n=4). Dashed lines show the Australian and 
New Zealand Environment and Conservation Council (ANZECC, 2000) water quality guidelines for total 
dissolved Cu concentrations ([dCuT]) to protect 99 – 80 % of species.  
 
 
The overall distributions of [CuT], [dCuT] and [CuDGT] reflected a pronounced, but 
localised contamination at the centre sites (C1-3; Figs. 5.2 to 5.4), when compared to the Cu 
concentrations at the South, North and Control sites. This analysis demonstrates significant Cu 
enrichment in the water column at Otaiti, with a localised contamination in a relatively small 
area in the immediate vicinity of the Cu clove deposit (Fig. 5.4).  
DGT is a dynamic method which measures the Cu fraction, i.e. small colloids, 
nanoparticles and labile Cu-ligand complexes, capable of diffusing within the DGT hydrogel 




Zhang, 2012). Only Cu fractions which dissociate and subsequently bind with the Chelex-100 
chelating resin inside the DGT housing within the timeframe of the deployment contribute to 
the final measurement of [CuDGT]. This means that DGT measurements may be the most 
analogous to the steady-state bioavailable Cu (Menegário et al., 2017) in a given aquatic system, 
except where Cu is made bioavailable by direct ingestion of Cu particles (e.g., bivalves). The 
dynamic and time-integrated nature of DGT measurements contribute to the higher values of 
[CuDGT] compared to [dCuT]. DGT also has the advantage of avoiding artefacts arising from 
sampling and sample handling (Sigg et al., 2006), although care should still be taken at all 
stages of associated laboratory operations (Dabrin et al., 2016). Because of the differences in 
dynamic features between techniques and the potential for analytical artefacts to arise, the 
multi-method approach to determining aquatic trace metal speciation (Sigg et al., 2006) adopted 
here allows us to characterise the system more fully. 
The difference between [CuT] and [CuDGT] highlights the fact that a large fraction of [CuT] 
was accounted for by Cu-bearing particles with diameters > 0.45 µm. The residual between 
[dCuT] and [CuDGT] is, therefore, likely to reflect the presence of partially-labile organic Cu 
complexes which contributed to the time-integrated DGT measurements. The results of the 
AdCSV Cu speciation measurements are given below and give appropriate context to this 
finding.     
 
5.3.2. Cu speciation by AdCSV  
Samples showed the best fit to a one-ligand model and all titrations demonstrated the 
presence of one organic ligand class with remarkably uniform Cu-binding capacities of logK 
11.6 ± 0.3 throughout the study area for both sampling periods, despite the highly dynamic 






Figure. 5.5: Results of AdCSV measurements detailing total dissolved Cu concentrations ([dCuT]) and the 
properties of natural organic Cu-binding ligands in samples from Otaiti and Okarapu Reef (control site) collected 
on 16th June 2016 (orange columns) and 20th June 2016 (green columns) including ligand concentrations ([L]), 
conditional stability constants of ligand-Cu (CuL) complexes (logK), and the calculated bioavailable Cu 
concentration [Cu’]. Error bars are ± 1σ.  
 
 
The average conditional stability constant (logK) on the 16th of June was 11.5 ± 0.4 and 
11.7 ± 0.3 on the 20th of June. Ligand concentrations ranged from as low as 10.3 ± 1.5 nM for 
the control station (Okarapu Reef) to 114.8 ± 17.8 nM for the station adjacent of the MV Rena 
wreck (sites C1-3). The ligand concentrations were always in excess of the total dissolved Cu 
concentrations (Fig. 5.5) but were markedly higher on the first sampling trip (16/6) at sites C1-
3, relative to the second trip (20/6). As would be expected, the availability of Cu binding ligands 
in the reef debris field (sites C1-3; Fig. 5.2) was a direct determinant of the bioavailability of 
Cu in this location (Fig. 5.6 b). At low ligand concentrations, Cu was more bioavailable at the 
Centre sites and vice versa (Fig. 5.6 b). Bioavailable Cu concentrations in solution were low 
(relative to total), ranging from 2.3 to 81.9 pM or < 1 % of [dCuT] (Fig. 5.5), being an order-
of-magnitude lower than DGT measurements (Fig. 5.4). As expected from sediment 
measurements, the highest [Cu’] were detected at sites C1-3 adjacent of the Rena wreck, with 
average concentrations of 15 ± 9 pM on the 16th of June and 67.5 ± 17.7 pM on the 20th of June. 




ocean conditions, whereas DGT probes measured Cu fluxes under all conditions over the 
deployment period. Therefore, the DGT probes were likely to have accumulated Cu under more 




Figure. 5.6: Exploration of AdCSV data: (a) Ratio of [Cu’] to [CuT] in water samples collected from Otaiti and 
Okarapu Reef (control) on the 16th June 2016 (orange columns) and the 20th June 2016 (green columns), and; (b) 
relationship between Cu-binding ligand concentration and [Cu’].    
 
 
5.3.3. Settlement plates 
Recruitment onto all settlement plates was limited. Percent cover ranged from 4 - 25 %, 
with coverage lowest at tiles deployed adjacent to the Cu deposit (Site C: 6.6 ± 0.8 % cover) 




A - 10.8 ± 1.4 %; Site B - 12.8 ± 2.6 %; Figs. 5.2 and  Table 5.2). The organisms growing on 
plates were classified into operational taxonomic units (OTUs) based on their appearance 
(morphology and colour). OTUs were used due to the difficulty of identifying invertebrate 
recruits to species level without bringing in additional taxonomic expertise or using genetic 
identification methods. Settlement plate data (counts and coverage) did not meet the 
assumptions of parametric analyses so non-parametric Kruskal-Wallis ANOVA were used to 
test for differences in settlement patterns between sites.  
When analyses were conducted to compare total plate coverage across the three sites (A 
vs. B vs. C) the observed differences were not significant (p>0.1). However, when sites A and 
B were grouped to compare impact (site C) vs. reference sites it became apparent that 
invertebrate coverage was significantly lower on Cu impacted plates (p=0.026). A comparison 
of OTU richness (number of different OTUs recorded on a plate) indicated that there was no 
difference in diversity between sites (Site A: 3.20 ± 0.40 (OTUs per plate ± s.e.), Site B: 3.60 
± 0.53 and Site C: 3.89 ± 0.39). While OTU richness did not vary between sites, there were 
clear differences in the communities recruiting between impact and reference sites. Barnacles 
and hydroids were only recorded on plates at the most Cu affected site (site C) while 
foraminifera were more abundant at site C than at reference sites (p<0.001; Table 5.2). In 
contrast, pink branching bryozoans were present on plates at sites A and B but were not recorded 
on plates at site C. For other OTUs there were no apparent differences in abundance between 
treatments (Site C vs. Sites A and B). 
 
 
Figure. 5.7: Panel A shows a schematic of the settlement plate deployment unit including (a) a polystyrene net 
float, (b) a PVC pipe, (c) settlement plates and (d) a 15 kg plastic coated weight. Three of these units were deployed 
at each settlement plate sampling station (Sites A, B and C). Panel B shows an example of a 15 x 15 cm terracotta 




Table 5.2. Photos showing operational taxonomic units (OTUs) recorded on settlement plates. Total plate coverage and mean (± one standard error) percentage cover and 1 
counts of OTUs are shown for each site. Data are the mean of nine replicate plates at a site. The significance of Kruskal-Wallis ANOVAs testing for differences between 2 
reference sites (A and B) and Cu impacted site C are indicated (ns = non-significant; * =  p<0.1, *** = p<0.001). 3 
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Site           
A 10.75 ± 1.36 0 3.88 ± 1.92 0.25 ± 0.17 1 ± 0.33 1 ± 0.59 6.88 ± 1.44 0.13 ± 0.34 1.13 ± 0.76 0 
B 12.75 ± 2.6 0 0.5 ± 0.5 1.63 ± 0.91 2.13 ± 0.83 1.25 ± 0.67 7.88 ± 1.6 1.88 ± 0.95 1.13 ± 0.48 0 
C 6.67 ± 0.88 3.11 ± 1.27 16.11 ± 3.65 0.11 ± 0.11 0.44 ± 0.18 1.56 ± 0.78 0 0.44 ± 0.29 1.56 ± 0.63 1.11 ± 0.73 
    K-W ANOVA (A+B vs. C)     
        






5.4.1. Distribution of Cu contamination at Otaiti 
The multi-method Cu sampling and analysis strategy deployed here provides definitive 
proof of a discrete zone of water borne Cu contamination on Otaiti, Astrolabe Reef (Dempsey 
et al., 2016) owing to the 7 to 12 tonnes of granulated Cu (Chapman, 2012; Dimitrakakis et al., 
2014; Battershill et al., 2016; Dempsey et al., 2016; Ross et al., 2016; Schiel et al., 2016; Faaui 
and Hikuroa, 2017) which still remain trapped beneath the wreck. While it is possible that some 
small proportion of Cu originated from the residual metal components of the MV Rena, we 
consider the Cu signal observed here primarily originated from the granulated Cu. Results of 
[dCuT] measurements were much higher than [dCuT] typically recorded in New Zealand coastal 
waters (Croot and Hunter, 1998) (generally < 4 nM). The high [dCuT] also equated to elevated 
[Cu’] and [CuDGT], with the calculated values falling within the expected hierarchy for these 
techniques ([CuDGT] >> [dCuT]) (Sigg et al., 2006). Despite the very high [CuT] encountered 
near the location with the highest sediment Cu concentrations, [CuT] at Otaiti sites distal to the 
[CuT] maximum were generally equal to, or less than the [CuT] detected at the study control site 
of Okarapu Reef. This demonstrates that the plume of Cu in the Otaiti water column was 
localised around the wreck debris. Total dissolved Cu concentrations at all sites were higher 
than the ANZECC (2000) default trigger values for the protection of 99% of saltwater species, 
resulting in possible adverse effects for more sensitive species and early life stages. These 
ANZECC values, together with elevated [CuT], [dCuT], and [CuDGT] and settlement plate data 
indicate that Cu contamination continues to affect the ecological composition of the Astrolabe 
Reef ecosystem even after a 5-year recovery from the grounding and breakup of the Rena. 
 
5.4.2. Cu speciation analysis 
The data in the present study indicates the presence of only one organic ligand class with 
conditional stability constants of logK ≥ 11. These logK values fall within the range generally 
reported for L1 (Coale and Bruland, 1988; Tang et al., 2001). The relatively narrow range of 
observed stability constants (logK = 11.6 ± 0.3) may indicate a relatively uniform composition 
of the ligands throughout the study area. Culture experiments, with a number of species of 
planktonic microorganisms as well as with blue mussel embryos have shown that these 
organisms can produce Cu-binding ligands under Cu-stress (Brand et al., 1986; Moffett and 
Zika, 1990; Moffett and Brand, 1996; Gledhill et al., 1999; Leal et al., 1999; Zitoun et al., 2018). 
For example, numerous species of marine cyanobacteria (e.g., Synechococcus) (Brand et al., 




(Gledhill et al., 1999) and coccolithophorids (e.g., Emiliania huxleyi) (Leal et al., 1999) are 
known to produce Cu-chelators (logK > 11) in cultures, exuded as a feedback mechanism 
against the potential toxicity of Cu2+ ions (Shank et al., 2004; Vraspir and Butler, 2009). 
However, it should be noted that ligands derived from terrestrial dissolved organic matter 
(DOM) (i.e., humic and fulvic acids) (Hartland et al., 2013; Sander et al., 2015), anthropogenic 
inputs (i.e., stormwater/wastewater) (DePalma et al., 2011), and antifouling paints (Earley et 
al., 2014) are also potential sources of Cu-complexing ligands in the marine environment 
(Shank et al., 2004; Arnold et al., 2009). Further, resuspended sediments could add to the 
marine organic ligand pool, although the majority of studies have indicated that only weak 
ligands are derived from sediments (logK < 9) (Skrabal et al., 1997; Jacquot and Moffett, 2015). 
AdCSV does not inform ligand composition, beyond identifying the stability of the CuL 
complexes and it is thus not possible to constrain ligand sources. Statements on ligand 
provenance remain only assumptions based on a correlation (or the lack of a correlation) of [L] 
with other data in the surrounding water. However, given that [L] always exceeded the [CuT] 
strongly hints toward an active biological response by local biota to mitigate the toxic effects 
of the elevated Cu-levels around the Rena wreck. This assumption is further supported by the 
fact that [Cu’] and [CuT] were higher in the vicinity of the Rena Cu deposit, during one of the 
sampling dates, and the [L] followed that trend. Nevertheless, more research regarding the 
chemical nature of prevalent ligands and the possibility of ligand production by local benthic, 
planktonic, and microbial communities is needed to validate this conjecture. 
The concentration of organic ligands can vary temporally as well as spatially based on a 
multitude of biotic and abiotic processes present in complex and heterogeneous natural waters, 
which influence the source as well as the concentration of prevalent organic ligands (e.g.,  DOM 
species) (Town and Filella, 2000; Osterholz et al., 2016). It is well known, that mixing of fresh- 
and marine waters, riverine discharge levels, hydrological conditions (i.e., currents and mixed 
layers), as well as meteorological conditions (i.e., precipitation, storm events, and 
photochemical ligand destruction), anthropogenic input and biological processes (e.g., ligand 
production, microbiological oxidation) can spatially and temporally alter the ligand pool 
(Osterholz et al., 2016) and associated Cu’ concentrations. Therefore, differences and 
fluctuations in [Cu’] and [L], as seen in the study area during the two sampling periods, are 
normal, especially in dynamic marine reef environments such as Otaiti.  
[L] was always in excess of [dCuT] in all samples, which reduced the [Cu’] in solution, 
but bioavailable [Cu’] measurements at Otaiti were often above 10-11 M (ranging from 2.3 to 
81.9 pM.), a threshold found to be toxic for some marine phytoplankton species (Sunda et al., 




those calculated to be toxic to blue mussel embryos (Zitoun et al., 2018), the settlement plates 
in the vicinity of the Rena Cu deposit showed lower benthic invertebrate recruitment. 
Additionally, different types of organisms were recruiting the settlement plates in high Cu’ 
areas. This output illustrates that Cu’ sensitivity is species dependent with varying effects to a 
broad range of different marine organisms. Consequently, elevated [Cu’], both naturally and 
anthropogenically, can drive differences in organism recruitment or survival and thus alter 
community diversity, structure, and functionality of affected ecosystems such as Otaiti (Burton 
and Johnston, 2010; Hill et al., 2013). Organisms unable to counteract persistent or intermittent 
high Cu’ exposures through ligand production or other metabolic pathways may struggle to 
compete with species that are more tolerant of Cu contamination. Furthermore, water samples 
in the present study were taken under calm conditions and thus represent a quiescent Cu 
baseline for the Otaiti environment. Sampling under calm conditions is likely to underestimate 
the [CuT] encountered during storms (resuspension of Cu in sediments), which would likely 
increase [dCuT] and [Cu’] in the water column thereby exceeding acute Cu-toxicity limits for 
various benthic biota, at least for short periods of time. 
Future work could look at the chemical structures of organic Cu-binding ligands, the 
organisms and sources that produce them (Vraspir and Butler, 2009) as well as the abiotic 
parameters influencing the ligand pool in the Otaiti aquatic environment to gain a deeper 
understanding of Cu-speciation and associated Cu risk assessments in the vicinity of the Rena 
wreck.  
 
5.4.3 Settlement plate study 
Although the spatial extent of the settlement plate deployment was limited compared to 
the deployment of DGTs, the results indicate an effect of Cu on the recruitment of benthic 
invertebrates. Not only was recruitment lower on plates positioned within the area of maximum 
[CuT] and [Cu’] but there were differences in the types of organisms recruiting to Cu impacted 
plates. Some taxonomic groups (barnacles and tubeworms) were either restricted to, or more 
abundant, at the site of highest Cu contamination, leading to the interpretation that these 
organisms were more tolerant of Cu enriched water. Conversely, other OTUs (including 
bryozoans) were either restricted to reference sites, more abundant at reference sites, or showed 
no difference in abundance across the Cu contamination gradient. These results are consistent 
with previous studies identifying varied levels of Cu toxicity to a broad range of aquatic 
organisms (Dang et al., 2009; Bosse et al., 2014; Campbell et al., 2014; Deruytter et al., 2015; 




including invertebrates, which can drive differences in benthic invertebrate recruitment and, 
therefore, community structure (Burton and Johnston, 2010; Hill et al., 2013). 
Because of the limitations of the settlement plate study (limited replication and spatial 
distribution of sampling stations), the results should not be treated as the definitive assessment 
of the effects of sediment Cu contamination on the recruitment of benthic invertebrates to Otaiti. 
The experimental design was an economical one (in terms of time and resources), conducted in 
mid-winter, at a time when recruitment was likely to be minimal and designed to give an 
indication of possible effects. Despite these caveats, the results do appear to confirm the a priori 
hypothesis that recruitment of invertebrates to hard substrates would be modified by waterborne 
Cu contamination arising from the Rena. The data indicate that both substrate coverage and 
community composition were affected. How these effects on recruitment will influence the 
ecology of sites adjacent to the zone of elevated Cu contamination is uncertain. Furthermore, 
this study only tested the effects of waterborne Cu contamination rather than the consequence 
of Cu within the recruitment substrate. In soft sediments where extremely high concentrations 
of Cu (up to 780 g kg-1) (Ross et al., 2016) have been documented, it can probably be assumed 
that the ecological consequences are more severe. Water and sediment chemistry data indicate 
that any effects of Cu clove are localised to areas in the immediate vicinity of the Cu clove 
deposit. Nevertheless, the halo of [Cu’] at Otaiti could have significant localised effects in the 
long-term and could extend in a plume in various directions over the reef depending on 
conditions. While elevated [Cu] are restricted to a small proportion of the subtidal habitat 
available at Otaiti, the [Cu’] is present at or above the threshold for toxicity to some biota 
(Sunda et al., 1987 and 1990) which may not be able to counteract Cu exposure through ligand 
production. Further experimentation and monitoring would be needed to better quantify the 
effects of Cu clove on recruitment and ecology, such as the potentially toxic effects of Cu on 
surface water phytoplankton communities. Without further research, the toxic or sub-lethal 
effects of Cu on reef biota and the long-term environmental consequences remain uncertain.  
 
5.5. Conclusion 
In conclusion, the water sampling and analysis reported here, demonstrate that 
waterborne [CuT] are elevated at Otaiti in the vicinity of the Cu clove deposit, and are well 
above background [CuT] recorded at a comparable reference site. Impacted sites are likely to 
experience episodes of very high [CuT] and [dCuT] in the water column close to sediments, 
depending on the degree of sediment entrainment, and are likely to have consistently elevated 




chemistry over several days). The results of our settlement plate study support the interpretation 
that localised Cu contamination of the water column is likely to modify the recruitment of 
benthic invertebrate species at this site. Thus, elevated [CuT], [dCuT] and [Cu’] in the vicinity 
of the MV Rena has the potential to modify the ecological composition of the Otaiti Reef 
ecosystem as it recovers from the shipwreck. 
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Scope of this chapter 
This chapter investigates the effect of salinity and dissolved organic carbon (DOC) on Cu 
speciation and associated toxicity to blue mussel (Mytilus galloprovincialis) embryos by 
conducting a standard single-species 48 hours bioassay test. Worldwide, marine ecosystems are 
under increasing pressure from numerous contaminants, such as copper (Cu), and there is thus 
a need to accurately assess and predict the effect of these stressors on marine life as well as 
ecosystem health and functionality. One essential tool for an integrative assessment (i.e., 
chemical and ecological status assessment) of marine pollution is a standardised 
ecotoxicological test, or so-called bioassay. However, even though trace metal speciation is 
known to control trace metal bioavailability, bioaccumulation, and toxicity, explicit speciation 
measurements in marine bioassays are mostly lacking owing to technical challenges and costs 
of trace metal speciation measurements. The present work, therefore, focuses on the 
measurement of Cu speciation in a laboratory-based bioassay using stripping voltammetry. The 
current work will provide an integrated picture of Cu speciation processes and Cu toxicity in 
dynamic natural saline waters, which will help to supplement the development of a saline Biotic 
Ligand Model (BLM), therewith helping to adequately inform environmental protection policy 
for marine systems. 
 
 
Figure. 6.A: Schematic of the cognitive space that Chapter 6 fills in the thesis. This chapter examines the effect 
of salinity and DOC on Cu speciation and associated toxicity to blue mussel (Mytilus galloprovincialis) embryos 





Copper (Cu) is a naturally occurring micronutrient of eco-toxicological concern in aquatic 
ecosystems. Current knowledge of Cu-speciation and bioavailability in natural saline 
environments is insufficient to adequately inform environmental protection policy for estuarine 
systems. We assessed the combined effect of two of the main drivers of metal bioavailability, 
salinity and natural dissolved organic carbon (DOC), on Cu-speciation and associated Cu-
toxicity to blue mussel (Mytilus galloprovincialis) embryos in a standard 48-h bioassay. We 
placed special emphasis on measurement of Cu-speciation rather than modelling. Cu-toxicity 
was found to be a function of DOC and salinity. The varying protective effect of different DOC-
types suggests that estuarine DOC is more protective against Cu-toxicity than oceanic DOC. 
Salinity was negatively correlated with [Cu48-h-EC50], indicating a salinity-induced alteration in 
the physiology of the exposed mussel embryos and/or Cu-DOC-reactivity. These two 
assumptions were supported by (1) the relative uniformity of bioavailable copper ([Cu’]) across 
similar salinity treatments despite considerable variation in [Cu48-h-EC50] and DOC-
concentrations, and (2) the fact that Cu-toxicity and [Cu’] were slightly higher in the 35 salinity 
treatment compared to the 25 salinity treatment. Stripping voltammetry studies determined the 
presence of only one strong Cu-binding ligand class (i.e., L1), either actively or passively 
released by the exposed embryos. [L1] was found to be proportional to the total dissolved Cu-
concentration ([CuT]), suggesting a protective effect of Cu-binding-ligands, in addition to the 
protective effect of DOC. There was also a strong positive correlation between [L1] and [Cu48-
h-EC50], implying that electrochemically defined ligand concentrations along with measurements 
of [Cu’], DOC-quality, and salinity can be used as proxies for 48-h-EC50 Cu-values in estuarine 




Estuarine environments are productive ecosystems with high ecological, economic and 
cultural value (Williams and Hall, 1999). The health of these ecosystems is, however, subjected 
to constant deterioration by influences such as pollution from urbanisation, industrialization 
and agricultural intensification (Williams and Hall, 1999), which makes it important to assess 
and quantify associated risks to aquatic organisms. Of special concern is the increase in 
chemical pollutants such as trace metals in estuaries (Buck and Bruland, 2005). Copper is one 
example. Copper serves as either an essential micronutrient to marine organisms, or as a 




sufficiency and toxicity can be narrow and early life stages are usually the most vulnerable to 
Cu-toxicity (Fitzpatrick et al., 2008; Jakimska et al., 2011).  
Chemical speciation is the driving factor for understanding Cu-bioavailability (i.e., 
fraction of copper in the aquatic system bioavailable for uptake by biota) and toxicity to aquatic 
organisms (Van Briesen et al., 2010). Cu-toxicity is directly related to the bioavailable Cu-
concentration ([Cu’]) (Huang et al., 2003; Hassler et al., 2004 and 2007), which according to 
the Biotic Ligand Model (BLM) is the concentration of free hydrated Cu-ions ([Cuf]) and Cu 
weakly complexed by inorganic ligands ([CuXIN]), such as Cl
-, OH- and SO4
-2 (Luoma, 1983; 
Campbell et al., 2002; Semeniuk et al., 2015), rather than the total dissolved Cu-concentration 
([CuT]) present in solution (Luoma, 1983; Huang et al., 2003; Hassler et al., 2004 and 2007). 
The BLM integrates the concept of bioavailability to evaluate actual metal-toxicity risks (lethal 
and sub-lethal effects) to exposed aqueous biota (Niyogi and Wood, 2004; Smith et al., 2015) 
and, therefore, greatly improves the ability to generate site-specific ambient water quality 
criteria (AWQC) for metals in the natural environment (US EPA, 2002; Niyogi and Wood, 
2004; Smith et al., 2015). The most mature BLM, and recently incorporated into the updated 
AWQC, is that for the toxicity of Cu (US EPA, 2007). The BLM also recognises that 
bioavailable metal concentrations in the water column are strongly mediated by geochemical 
conditions (Sander et al., 2015), which are highly variable both temporally and spatially within 
tide-dominated estuarine systems (Cloern and Nichols, 1985).  
In estuarine waters, metal speciation is mainly influenced by changes in salinity and 
dissolved organic carbon (DOC) quantity and quality (Cooper et al., 2014; Deruytter et al., 
2015). Alteration in these three parameters, typical for tidal environments, can alter metal 
complexation processes and bioavailability to aquatic organisms (Huang et al., 2003; Buck and 
Bruland, 2005; Grosell et al., 2007; Cooper et al., 2014). At present, the effects of rapid 
fluctuations in salinity, DOC-concentration and/or the nature of DOC on Cu-speciation in 
estuaries have not been assessed (Grosell et al., 2007). In constant conditions, several 
experiments have demonstrated (1) nonlinear and potentiating effects of increasing salinity on 
Cu-toxicity to various aquatic organisms instead of the toxicity decrease that is expected based 
on speciation processes (i.e., complexation and competition with cations) (Grosell et al., 2007; 
Deruytter et al., 2015), and (2) a proportionality between DOC-concentration and Cu-toxicity 
(Arnold et al., 2009 and 2010; Deruytter et al., 2013 and 2015). These studies (Rosen et al., 
2005; Arnold et al., 2009 and 2010; Deruytter et al., 2013 and 2015; Bosse et al., 2014) 
illustrate, however, substantial differences in Cu-sensitivity for M. galloprovincialis embryos 
with [Cu48-h-EC50] (mortality and malformation as the half-maximal response of the embryos) 




as differences in DOC-sources and/or DOC-Cu-reactivities with salinity are thought to be 
responsible for these ambiguous Cu-toxicity results (Grosell et al., 2007; De Polo and 
Scrimshaw, 2012; Cooper et al., 2014; Deruytter et al., 2013 and 2015).  
It is well established that Cu has a high affinity for binding to some constituents that make 
up DOC, a process which prevents or attenuates Cu-uptake by, and Cu-toxicity to, aquatic 
organisms (Cooper et al., 2014). Cu-binding constituents of natural DOC are mainly humic 
substances (HS) from allochthonous (i.e., terrestrial input including stormwater and wastewater 
(DePalma et al., 2011; Mahmood, 2017)) and autochthonous (i.e., organic carbon formed in the 
aquatic environment) sources (Arnold et al., 2009; Cooper et al., 2014; Abualhaija et al., 2015; 
Nogueira et al., 2017) with allochthonous DOC being more protective against Cu-toxicity than 
autochthonous DOC (Cooper et al., 2014; Mahmood, 2017; Nogueira et al., 2017). The different 
Cu-binding affinities of the different Cu-binding species of DOC render DOC-source and 
related DOC-quality more important in determining Cu-complexation processes in the natural 
aquatic environment than DOC-concentration (Cooper et al., 2014; Deruytter et al., 2015). 
Thiols, known to emanate from reducing marine sediments or produced by marine organisms, 
may represent a second component of the Cu-binding ligand pool in estuarine and oceanic 
waters (Whitby and Van den Berg, 2015; Whitby et al., 2017). All in all, little is known 
regarding the effect of (1) different DOC-fractions on Cu-speciation, or (2) salinity on DOC-
Cu-reactivity, which impedes comparison between eco-toxicological studies and prevents 
precise risk assessments for Cu in saline environments.  
The focus of the present study was thus to assess the combined effect of natural DOC and 
salinity on Cu-toxicity in estuarine waters using a 48-h bioassay of blue mussel embryos 
(Mytilus galloprovincialis). Mytilus galloprovincialis is common and widely distributed 
internationally and is found in the intertidal zone of New Zealand (Gardner, 2004). Although 
not an estuarine species, M. galloprovincialis is known to be tolerant of a range of salinities (12 
to 38 (Bayne, 1976)), and is used internationally for toxicity testing (ASTM, 1997). Given the 
lack of explicit Cu-speciation measurements in estuarine eco-toxicological studies, special 
emphasis was put on the measurement of Cu-speciation rather than a modelling approach. Cu-
speciation parameters were determined using adsorptive cathodic stripping voltammetry 
(AdCSV) with salicylaldoxime (SA) as the complexing agent or anodic stripping voltammetry 
(ASV). Consequently, the present study builds on earlier research by Nadella et al. (2009), 
Arnold et al. (2010), and Deruytter et al. (2013 and 2015), thereby contributing to an integrated 
picture of Cu-speciation processes in estuarine environments to improve the BLM and 





6.2.  Materials and methods 
The experiments were conducted collaboratively by the University of Otago and NIWA 
(Hamilton). All preparation, experiments and assessments followed the NIWA standard 
protocol for bivalve embryo-larval toxicity testing as described in Williams and Golding (2008) 
and elsewhere (American Society for Testing and Materials (ASTM), 1997). The protocol was 
modified to create trace-metal-clean working procedures in all stages of sampling and 
laboratory work (Arnold et al., 2009; Powell, 2015). 
 
6.2.1. Mussel collection and acclimation 
Mature M. galloprovincialis (n=300, approximately 100-150 mm) were collected at Te 
Kouma, Coromandel (~ salinity 35) (36.8055 S; 175.4525 E), New Zealand on 15/7/15. At the 
laboratory the adult mussels were randomly split into four groups and placed into aerated 
culture tanks filled with seawater (~salinity 32, ~19 oC) collected at Raglan (37.821311 S; 
174.814453 E), New Zealand. The culture tanks were kept in a constant temperature room (19 
oC) under a 16 h:8 h (light:dark) light regime. After a 4 day equilibration period salinity was 
lowered to 30 ppt in 2 tanks. After 6 and 8 days salinity was lowered to 28 and 25 ppt 
respectively for 1 of the four tanks. Constant salinity was maintained thereafter (~5 days) to 
acclimate mussels to the final salinity conditions. Mussels were fed three times per week by 
addition of Isochrysis galbana algae. 
 
6.2.2. Experimental design  
The laboratory based bioassay experiments were conducted from the 28/7/15 to 30/7/15 
for the pre-test and from the 4/8/15 to 6/8/15 for the full-test. The pre-test was conducted to 
determine the Cu-toxicity thresholds and associated [CuT] ranges required for the full-test. 
Mytilus galloprovincialis embryos were exposed for 48 h to different salinity and DOC-
concentrations. Two salinity and DOC combinations were used in the pre-test and seven 
combinations were used in the full-test. All in all, we examined a salinity range from 25 to 35 
and DOC-concentrations from 0.7 to 2.7 mg/L (measured values at t48) (Fig. 6.1 and Table 
S.6.1). Detailed information on test-solution preparation and physicochemical parameters (i.e., 
pH, temperature, DO, and DOC) of the pre-test and the full-test (Table S.6.2-S.6.4) solutions 






Figure. 6.1: Schematic of the study design. Evaluation of the Cu-toxicity in a 48-h bioassay with Mytilus 
galloprovincialis embryos. Salinity and DOC-concentrations are average values of all replicates. The pre-test used 
9 Cu-concentrations per salinity-DOC combination and the full-test used 6 Cu-concentrations per salinity-DOC 
combination. All treatments included 16 replicates, subsets of which were used for survival estimates (n=5), 
physicochemical measurements (n=6), and Cu-speciation as well as [CuT] measurements (n=5, pooled).  
 
 
Bulk oceanic seawater was collected (May 2014) from an offshore location in the Pacific 
Ocean, while estuarine water was collected (June 2015) from the Whau Estuary (36.88964 S; 
174.67253 E), Waitemata Harbour, Auckland, New Zealand. Water samples were 0.2 μm 
filtered and stored in acid-washed containers until further use. Hyper-saline brine was obtained 
via freezing and thawing of the filtered oceanic seawater (US EPA, 1993). Bulk samples of 
filtered estuarine water, oceanic water and brine were refrigerated and stored in the dark until 
use. Aged (~24 h) UV-treated nanopure water (UVNP) produced via membrane filtration 
including UV-irradiation (Milli-Q ® Direct 16 Water Purification System) was aerated and 
stored in large acid-cleaned bottles at ambient room temperature prior to the bioassays. 
Defined exposure media were prepared by combining Whau Estuary water, oceanic 
water, brine, and UVNP water (Tables 6.1 and S.6.2) to achieve the required salinity-DOC-




salinity were selected from previous Cu-toxicity studies on mussels (e.g., Deruytter et al., 2013 
and 2015) and to mimic the natural range of conditions in estuarine systems along the 
freshwater-saltwater-continuum (Gardner and Kathiravetpillai, 1997; Perrie et al., 2012). 
 
Table. 6.1: Physicochemical parameters of initial bulk solutions used to make up the test solutions. DRP = 






Salinity [CuT] nM 
DRP NH4-N NO3-N 













Whau Estuary 2.65 15.36 26.7 15 16 32 26 150 132 
Oceanic water 0.61 35 9.4 4 5 4 3 12 11 
Brine 2.04 97 37.8 51 24 20 <1 290 130 
UVNP water <0.1A 1A <0.01A 1 * 6 * 3 * 
[CuT]: Total dissolved Cu-concentration; A: Estimated – non-zero values required for calculations; *: Not enough sample for 
nutrient analysis. Detection limit: 1 μg/L for DRP, NH4-N and NO3-N. 
 
 
For every salinity-DOC-combination a chronic toxicity test (Batley et al., 2014) with 
controls (i.e., non-spiked oceanic water with salinities of 25, 30, and 35) and 6 to 9 different 
Cu-concentrations, ranging from 4.9 to 1009.2 nM (measured values before test initiation (t0)), 
was implemented with 16 replicates per treatment. Spiked test solutions were prepared from a 
0.047 mM Cu-stock-solution (CuCl2 anhydrous, Sigma-Aldrich) 24 h before exposure of the 
embryos to ensure equilibration of the Cu within the test solution and to acclimate the solution 
to 21 ± 1 °C (Deruytter et al., 2015). In addition to the non-spiked controls a second control 
series was prepared with different concentrations of brine, ranging from 0.2 to 19.1 %, 
reflecting the portions of brine used in the preparation of the test solutions (Table S.6.2). Brine 
content and salinity of the control solutions varied depending on the portions of bulk waters 
used for mixing. Immediately prior to test initiation, aliquots of control treatments and each 
test-treatment were collected for analysis of initial physicochemical (i.e., pH, temperature, DO, 
DOC and nutrients) and Cu-speciation parameters as well as [CuT]. Measured temperature, 
salinity, pH and DO values were within the accepted range (e.g., 21 ± 1 °C, ± 2 of desired 
salinity, 7-8 pH and > 60 % oxygen) required by ASTM (1997). Finally, 16 x 10 mL replicates 
of each equilibrated test solution (pre-test: n=18; full-test: n=42) were transferred into acid-
cleaned polyethylene test tubes: 5 replicates for Cu-speciation and [CuT] measurements; 5 
replicates for developmental counts of mussel embryos (i.e., evaluation of toxicity thresholds 
(48-h-EC50s)); and 6 replicates for subsequent water quality testing (i.e., pH, temperature, DO, 





6.2.3. 48 hour toxicity test on embryos 
Spawning was performed, with minor adjustments, according to ASTM (1997) and 
Williams and Golding (2008). In brief, cleaned adult M. galloprovincialis were placed into 
three tanks containing Raglan seawater (filtered 0.2 µm) at their acclimation salinity of 25, 30, 
and 35 and at room temperature to stimulate spawning. > 80 % fertilisation is required for an 
acceptable test (ASTM, 1997). In the pre-test, fertilisation was only 33 % in embryos from the 
salinity 25 acclimated adults, so embryos from the salinity 35 acclimated adults (89 % viability) 
were used in both pre-test treatments. One week later, in the full-test, fertilisation success of 
embryos from salinity 35 acclimated adults was below 80 %. As time restricted another 
fertilisation attempt, fertilised eggs from the salinity 30 acclimated adults (85 % viability) were 
used in the 35 salinity treatment. Embryos from the salinity 25 acclimated adults in the full-test 
had an acceptable fertilisation success of 82 %. Changes in acclimation conditions of mussel 
embryos (i.e., mussel embryos in the two tests were not always tested at the acclimation salinity 
of the adult mussels) add a level of uncertainty to the data interpretation, even though the data 
were generally consistent. As recommended (ASTM, 1997), test initiation by addition of 
fertilised embryos to test solutions occurred within 2 h of fertilisation. Test tubes were then 
covered and transferred into a constant temperature room (21 ± 1°C) under a 16 h:8 h 
(light:dark) light regime to allow embryo development into D-shaped larvae. As recommended 
by Williams and Golding (2008), no feeding or aeration was provided during the tests. After 48 
h, the tests were terminated and the content of the test tubes allocated to embryonic-
development-evaluations (i.e., normality data: number of normally developed embryos) were 
immediately preserved using a lethal dose of 50 % buffered formalin. 
 
6.2.4. Chemical analysis 
6.2.4.1. Physicochemical parameters 
Aliquots for salinity, temperature, and DO were measured with a WTW Cond 315i 
electrode (Hach), while aliquots allocated for pH were measured with a Thermo Scientific 
Orion glass electrode. Samples for DOC analysis were acidified to pH 2 and stored in glass 
tubes at 4 °C before analysis with a high temperature catalytic oxidation total organic carbon 
analyser (method: APHA5310B). Nutrient concentrations (e.g., DRP = dissolved reactive 
phosphorus; NH4-N = total ammonia nitrogen; NO3-N = nitrate + nitrite nitrogen 





6.2.4.2. Total dissolved Cu and Cu-speciation measurements 
Replicates reserved for Cu-speciation analysis and quantification of total dissolved Cu-
concentrations ([CuT]) were combined (5 x 10 mL). To separate the embryos from the 
incubation water a combination of centrifuge-filtering and acrodisc-filtering was implemented. 
Specifically, each sample was individually transferred into an acid-washed centrifuge filter tube 
(0.2 μm) and centrifuged for 2 min at 2000 rpm. Afterwards another filtration step using a 0.2 
µm acrodisc filter attached to an acid-cleaned syringe was implemented to remove all residual 
mussel embryos that may have passed through the centrifuge filter. Sample filtrates were then 
stored in acid-cleaned tubes and kept frozen until Cu-speciation and [CuT] analysis.  
[CuT] of the filtrates were determined by an Agilent 7500ce quadrupole inductively 
coupled plasma-mass spectrometer (q-ICP-MS) equipped with an octopole collision cell and an 
autosampler. For detailed information on sample preparation, analysis, and operating conditions 
of the instrument see Talbot and Weiss (1994), Ashoka et al. (2009), as well as Wolf and Adams 
(2015). Standard solutions for external calibration were prepared via a serial dilution of a SPEX 
CertiPrep multi-element standard (NIST traceable) in 2 % v/v quartz distilled nitric acid (q-
HNO3) to matrix-match standards and sample solutions. For quality control, an over-all method 
blank (Milli Q) and a certified reference material (NASS-5, National Research Council, 
Canada) were analysed multiple times. The accuracy of the NASS-5 reference material 
(reference value 4.67 ± 0.74 nM Cu; measured value 5.86 ± 1.19 nM Cu) was acceptable and 
the procedural blank showed no analytically significant Cu-level, thereby confirming the 
suitability of the method to accurately determine [CuT] in water samples. Finally, samples were 
dilution and blank corrected.  
Cu-speciation parameters (i.e., concentration of Cu weakly complexed to inorganic 
ligands (XIN) ([CuXIN]), concentration of free Cu-ions ([Cu
2+]), concentration of organic 
ligands ([L]), and conditional stability constants (K)) were evaluated using a Metrohm 663 VA 
stand connected to a PGSTAT10 potentiostat (Eco Chemie) in combination with an IME 663 
module (Eco Chemie) and interfaced with a GPES v4.9 software (Eco Chemie). The working 
electrode was a hanging mercury drop electrode (HMDE), while a platinum rod was used as 
the counter electrode. Potentials were measured against an Ag|AgCl|3 M KCl reference 
electrode. The voltammeter was operated in the differential pulse mode at constant room 
temperature (Protti, 2001). Cu-speciation analysis at 8.0 ± 0.2 pH was performed using two 
commonly implemented electrochemical techniques - ASV, and AdCSV with salicylaldoxime 
(SA) as the competing ligand. Electrochemical method selection was dependent on the 
measured [CuT] in solution and the volume of each sample available. ASV was used for samples 




with volumes of > 30 mL and/or [CuT] < 80 nM. A detailed description of the concept and 
methodology behind each electrochemical technique including sample preparation and analysis 
procedures can be found in the literature (Donat and Van den Berg; 1992; Campos and Van den 
Berg., 1994; Gerringa et al., 1995; Rue and Bruland, 1995; Croot et al., 1999; Bruland et al., 
2000; Garnier et al., 2004; Louis et al., 2009).  
For ASV, 10 mL of a freshly thawed sample was pipetted into an acid-cleaned quartz 
titration cell, followed by an addition of 200 µL trace-metal-clean borate buffer (1 M; Arcos 
Organics: 99.99 %). From this, a 12 point Cu-titration series of an atomic adsorption 
spectrometry Cu-standard (Spectrosol®: 0.00001 M), in the range of 0-500 nM, was performed. 
Cu-additions were pipetted into the same vial and equilibration times of 1.5 h were met between 
each ASV measurement (n=3) and subsequent Cu-spike (Louis et al., 2009). Voltammetric 
measurements were made using a -0.5 V conditioning potential for 10-90 s, an anodic scan from 
-0.4 to 0.02 V with a 20 mV/s pulse rate, and a 50 mV modulation amplitude. For the AdCSV 
method, 4 mL aliquots of a freshly thawed sample were transferred into 10-12 acid-cleaned and 
conditioned Teflon vials. Then, 200 µL borate buffer was added to each vial, followed by 
geometrically spaced Cu-additions. After 20 min, 5 µM of salicylaldoxime (Acros Organics: 
98%) was added to each vial. The samples were then left to equilibrate for at least 12 h (Powell, 
2015). Once equilibrated, samples were analysed multiple times using a -0.15 V conditioning 
potential and a voltage scan from -0.15 to -0.6 V. The peak height of each solution was used 
for the calculations of at-equilibrium Cu-speciation parameters using the one-ligand and two-
ligand complete complexation fitting models (i.e., linear and curve-fitting procedures) 
embedded in the ProMCC software from Omanović et al. (2015). Plotting the data in ProMCC 
using the one-ligand model, resulted in reasonable at equilibrium Cu-speciation estimates of 
Cu-binding ligand parameters [L], and K with derived parameters of [Cu2+] and [CuXIN] using 
known inorganic side reaction coefficients (αinorg) (Sander et al., 2015). Note that αinorg changes 
with salinity and major ion composition, which points out that the ratio between [Cu2+] and 
[CuXIN] is not fixed (Sander et al., 2011). 
It has to be noted that surfactants, such as humic substances (HS), a major component of 
DOC, can reduce the sensitivity of the voltammetric peak, by competition for space with the 
electrochemically-active CuSA-complex on the Hg-drop electrode (Whitby and Van den Berg, 
2015; Mahmood, 2017; Whitby et al., 2017), which can lead to substantial uncertainties in 
calculated [L] and [Cu’] (Shank et al., 2004). High interferences of surfactants - which are 






6.2.4.3.  Theory of Cu-speciation 
Cu-speciation in natural water bodies is commonly described by the following 
equilibrium expressions: 
 
[CuT] = [CuXIN] + [CuLi] + [Cuf]        (1) 
[Cu’] = [Cuf] + [CuXIN]         (2) 
 
where [Cu’] is considered the bioavailable species of Cu, [Cuf] is the free Cu-ion concentration 
(i.e., Cu2+), [CuXIN] is the concentration of copper weakly complexed by inorganic ligands, and 
[CuLi] is the concentration of copper complexed by natural organic ligands in solution. Li refers 
to the chemically ill-defined organic ligands (Tessier and Turner, 1995), which are grouped into 
different discrete classes (i) to simplify the overall metal speciation equation (Sander et al., 
2015). Each discrete class (i) is distinguished by its individual conditional stability constant (K) 
(Buck et al., 2012), such that L1 is defined as the strongest ligand class (logK values of 12-14) 
(Town and Filella, 2000) and L2, L3 etc. rank the subsequent weaker ligand classes (logK values 
of 8-12) (Powell, 2015; Sander et al., 2015; Whitby and Van den Berg, 2015). Although little 
is known about the identity of organic ligands (Whitby and Van den Berg, 2015), thiols and HS 
have been identified with voltammetric methods as potential Cu-ligands in estuarine and marine 
waters (Laglera and Van den Berg, 2003; Whitby and Van den Berg, 2015; Buck et al., 2017; 
Whitby et al., 2017). Thiols are organo-sulfur compounds which are thought to fall within the 
L1-category (Laglera and Van den Berg, 2003; Buck et al., 2017). Humic substances are 
dominated by humic (HA) and fulvic (FA) acids (Gerringa et al., 1995; Abualhaija et al., 2015; 
Powell, 2015; Sander et al., 2015; Whitby and Van den Berg, 2015; Mahmood, 2017; Whitby 
et al., 2017), which form Cu-complexes generally specified as CuDOC and correlate well with 
the L2-category (Santore et al., 2001; Whitby and Van den Berg, 2015; Buck et al., 2017).  
The [CuT] in an aqueous system can be partitioned into a highly biologically active and 
supposedly toxic Cu-fraction ([Cu’]), consisting of Cuf and CuXIN (Gerringa et al., 1995; 
Santore et al., 2001) and a non-toxic or non-bioavailable Cu-fraction, thought to be composed 
of CuL-complexes (Huang et al., 2003). The CuL-complex generally includes complexes of Cu 
with DOC, thiols, and Lbiotic. Lbiotic represents a biotic ligand present in the dissolved phase and 
produced by an aquatic organism to act as either a natural metal detoxicant (Di Toro et al., 
2001; US EPA, 2016) or as a means to favour metal uptake by the exposed organism (Hassler 
et al., 2004). The Cu-biotic-ligand-complex (CuLbiotic), while critical for accurate toxicity 
assessments for affected organisms, is generally neglected in the overall Cu-speciation equation 




6.2.5. Statistical analysis 
One 48-h-EC50 Cu-value ([Cu48-h-EC50]) was derived for each salinity-DOC-treatment, 
using embryo survival data for a given Cu-concentration (n=5) for all 9 Cu-concentrations in 
the pre-test and 6 Cu-concentrations in the full-test prior to using the Log-normal Probit or the 
Trimmed Spearman-Karber method embedded in the Comprehensive Environmental Toxicity 
Information System software package (CETIS v1.7.0.2, Tidepool Scientific Software). If a 
concentration-dependent-response was observed over the range of Cu-concentrations used 
within a single test-treatment, then the CETIS software decision tree (adapted from US EPA 
(1994)) was used to fit a non-linear regression model to the data in order to produce an estimate 
of the [Cu48-h-EC50]. The [Cu48-h-EC50] were estimated using an analysis of variance to compare 
embryo survival in the test-treatments with that observed in the appropriate control treatment.  
Linear regression analysis were performed using R 386 3.1.2 to explore the relationship 
between the response variable ([Cu48-h-EC50]) and the predictor variables (DOC-concentration, 
salinity, [Cu2+], [CuXIN], [Cu’], [L], and DOC-quality). The level of statistical significance was 
set at p ≤ 0.05. Additionally, a 'best subset model selection' approach in R using the leaps-
package (McLeod and Zhang, 2008) was used to evaluate which subset of uncorrelated 
predictor variables (i.e., DOC-concentration, salinity, [Cu’], and [L]) produced the best model 
to predict the variability of 48-h-EC50 Cu-values. Model selection was based on minimum 
Bayesian Information Criterion (BIC) (McLeod and Zhang, 2008) and maximum adjusted R2 
(Olejnik et al., 2000).  
The normal embryo development in the 25 salinity control-treatment of the full-test did 
not meet the ASTM (1997) test acceptability criteria. Statistical comparisons, therefore, 
excluded the two 25 salinity treatments in the full-test unless stated otherwise. The above-
mentioned statistical analysis with R 386 3.1.2 included only the full-test data set, since the pre-
test and the full-test were not directly comparable as the tests were conducted on different days 
using different mussel batches. Nonetheless, pre-test data is reported to provide an overview of 
the biological variability of Cu-toxicity to M. galloprovincialis embryos.  
 
6.3. Results  
6.3.1. Physicochemical parameters 
The majority of nutrient concentrations for the mixed test solutions within the full-test 
(Table S.6.3) were consistent with the anticipated values based on the end-member 




available for control solutions as sample volume restricted the analysis of test solutions (Table 
S.6.3).  
At t48 the mean temperature was 21.9 ± 0.1 
oC, pH was 7.8 ± 0.1, and DO was 7.4 ± 0.1 
mg/L for the pre-test solutions (Table S.6.4). Average salinity values were 24.4 ± 0.3 and 35.3 
± 0.7 for the targeted 25 and 35 salinity treatments. Temperature, pH and DO measurements at 
t48 within the full-test were 21.8 ± 0.2 
oC, 7.8 ± 0.1, and 7.3 ± 0.2 mg/L respectively (Table 
S.6.4). Measured salinity values were 24.8 ± 0.9, 29.8 ± 0.7, and 35.6 ± 0.4 for the targeted 25, 
30 and 35 salinity treatments. Dissolved organic carbon concentrations at the conclusion of the 
48-h-toxicity-tests were consistent with the targeted nominal DOC-concentrations (pre-test: < 
5.7 % SD; full-test: < 14.1 % SD (Table S.6.4)). Abiotic parameters stayed relatively constant 
between t0 and t48 and remained within acceptable limits (i.e., dissolved oxygen between 60 and 
100 %, pH between 6.0 and 9.0, and temperature 21 ± 0.1 oC) for both tests (ASTM, 1997; 
Williams and Golding, 2008). Nutrient concentrations and abiotic parameters stayed relatively 
constant during the duration of the tests and are thus assumed to have only a minor to negligible 
effect on estimated 48-h-EC50 Cu-values. 
 
6.3.2. Embryo development 
Normal embryo development was below the 80 % test acceptability criteria for the 25 
salinity control-treatment (52.4 % normality) in the full-test (ASTM, 1997; Williams and 
Golding, 2008), therefore, the two 25 salinity treatments within the full-test were not used for 
the determination of Cu-toxicity thresholds (Table S.6.5). Embryo development in all other 
control treatments within the full-test (salinity 30: 93.9 % normality; salinity 35: 94.6 % 
normality) and pre-test (salinity 25: 81.2 % normality; salinity 35: 89.9 % normality) (Table 
S.6.5) met test acceptability criteria. 
 
6.3.3. General Cu-toxicity to blue mussel embryos 
The [Cu48-h-EC50] of mussel embryos, in the 7 acceptable treatments tested, were between 
81.6 and 249.2 nM (Fig. 6.2, Table S.6.7). This depicts a 3-fold difference in the Cu-sensitivity 






Figure. 6.2: [Cu48-h-EC50] for M. galloprovincialis embryos calculated with CETIS for the 7 acceptable salinity-
DOC-treatments. Error bars represent 95 % confidence intervals (n=5).  
 
 
The potential effect of brine on Cu-toxicity to mussel embryos is illustrated in Figure 6.3. 
The brine control solutions, which were four treatments for each salinity with brine contents 
ranging from 0.2 to 19.1 % and DOC-concentrations ranging from 0.5 to 1.3 mg/L, showed a 
reduction of normal embryo development (i.e., normality < 80 %) when the brine content was 
≥ 13 % for the 30 salinity treatment in the full-test and ≥ 0.4 % for the 25 salinity treatment in 
the pre-test (Table S.6.6). The poor embryo development in the 25 salinity treatment could, 
however, also be due to low-quality embryos. Further studies are required to isolate the toxicity 
of brine to mussel embryos from any effect of salinity. 
 
  
Figure. 6.3: Normal embryo development plotted against the brine content (%) of all acceptable control solutions 
implemented in the pre-test and full-test (n=1). Filled symbols: full test (FT) data; open symbols: pre-test (PT) 





6.3.4. Effect of salinity on Cu-toxicity to blue mussel embryos 
Salinity was inversely proportional to 48-h-EC50 Cu-values with an R
2 value of 0.972 for 
the full-test and a slope (or “salinity protective factor”) of -16 (p < 0.05) (Fig. 6.4). Further, at 
a similar DOC-concentration of ~ 1.0 mg/L an increase in salinity in the full-test increased Cu-
toxicity by 48.4 % from salinity 30 to 35.  
 
  
Figure. 6.4: Linear relationship between 48-h-EC50 Cu-values and salinity measured at t48. Filled symbols: full 
test data; open symbols: pre-test data. Vertical error bars represent 95 % confidence intervals (n=5).  
 
 
Further, the best subset regression model for one-variable showed that salinity is an important 
predictive factor of Cu-toxicity to mussel embryos (Fig. 6.4). The lowest BIC (-41) and the 
highest adjusted R2 value (1) were, however, found for a three-variable model, containing 
salinity, [Cu’], and [L] (Fig. 6.5).  
 
 
Figure. 6.5: Results of the best subset regression between uncorrelated predictor variables (i.e., salinity, DOC-
concentration, [Cu’], and [L]) and 48-h-EC50 Cu-values using the leaps-package in R 386 3.1.2. Each row in this 
graph represents a model; the shaded rectangles in the columns indicate the variables used in the given model. 





6.3.5. Effect of DOC on Cu-toxicity to blue mussel embryos 
Linear regression showed no significant relationship (p=0.09) between [Cu48-h-EC50] and 
DOC-concentrations in the full-test. This output was supported by the best-subset regression 
model, which excluded DOC-concentration as a predictor variable for 48-h-EC50 Cu-values in 
the best model (Fig. 6.5). The 48-h-EC50 Cu-values, however, generally increased with 
increasing DOC-concentration (R2=0.6652; (Fig. 6.6)): A DOC increase from 1.0 to 2.2 mg/L 
increased 48-h-EC50 Cu-values by 17.8 % for the 30 salinity treatments, thereby exhibiting a 
toxicity buffer capacity of 1.5 % per 0.1 mg/L DOC. Treatments with salinities of 35 revealed 
,however, no protective effect of increasing DOC-concentration on mussel embryos at            
DOC < 1.1 mg/L.  
 
 
Figure. 6.6: Linear relationship between 48-h-EC50 Cu-values and DOC-concentrations measured at t48. Filled 
symbols: full-test data; open symbols: pre-test data. Vertical error bars represent 95 % confidence intervals (n=5).  
 
 
The protective effect of DOC against Cu-toxicity, however, can be observed when Cu-
complexation processes with different DOC-sources were taken into account (Fig. 6.7). The 48-
h-EC50 Cu-values were higher in solutions with higher contributions of DOC derived from the 
Whau Estuary (R2=0.773; p=0.049) compared to solutions in which DOC was mainly derived 
from the oceanic water (R2=0.717; p=0.070). The 48-h-EC50 Cu-values appeared to be 
unaffected by contributions of brine-derived DOC (R2=0.435; p=0.226). This result emphasizes 







Figure. 6.7: Linear relationship between the proportion of different DOC-sources ([%]) and [Cu48-h-EC50] for all 
test-treatments. Filled symbols: full-test data; open symbols: pre-test data.  
 
 
6.3.6. Effect of copper on blue mussel embryo mortality 
Figure 6.8 shows the [CuXIN] and the [Cu
2+] for all test-treatments, where [CuT] at t48 was 
closest to the 48-h-EC50 Cu-value. [CuXIN], [Cu
2+], and [Cu’] were used as indicators for Cu-
bioavailability and associated Cu-toxicity to M. galloprovincialis embryos.  
 
  
Figure. 6.8: Calculated [CuXIN] (▲) and [Cu2+] (●) for the 25, 30 and 35 salinity treatments in the pre-test and 
full-test at [CuT] ± closest to the [Cu48-h-EC50] with a logarithmic scale on the y-axis. The straight line (red) depicts 
the [Cu48-h-EC50] for each treatment and the dashed line (red) depicts the corresponding [CuT] at t48.  
 
 
The [Cu48-h-EC50] increased with decreasing [Cu
2+] (R2= 0.787; p < 0.05) (Fig. 6.9 A). The 
correlation improved when the sum of [CuXIN] and [Cu




6.9 B) was considered, supporting the assumption that besides Cu2+, CuXIN is also bioavailable 
and potentially toxic. This compares to a R2 value of 0.846 (p < 0.05) between [CuT] and [Cu48-
h-EC50] (Fig. 6.9 C), and a R
2 value of 0.894 (p < 0.01) between [L] and [Cu48-h-EC50] (Fig. 6.9 
D). These results show that the [L] and the [Cu’] are slightly better parameters to assess Cu-
toxicity than the [CuT] and are according to the best subset regression analysis important 
predictor variables for 48-h-EC50 Cu-values (Fig. 6.5). 
 
 
Figure. 6.9: Linear relationship between [Cu48-h-EC50] for M. galloprovincialis embryos and A) [Cu2+]; B) [Cu’] 
(sum of [Cu2+] and [CuXIN]); C) [CuT]; and D) ligand-concentrations. Filled symbols: full test data; open symbols: 
pre-test data. Pre-test data are only reported to provide an overview of the variability of the data. 
 
 
Further, the [Cu’] (sum of [CuXIN] and [Cu
2+]) stayed relatively constant at the toxicity 
endpoints for a similar salinity, even though the [Cu48-h-EC50] and the DOC-concentrations 




the 35 salinity treatment (43.2 ± 3.8 nM) compared to the 30 (28.1 ± 1.2 nM) and 25 (29.6 nM) 
salinity treatment with an average increase of [Cu2+] and [CuXIN] by 32.0 % and 22.6 % 
respectively from salinity 25 to 35. This observed dynamic, is not in accordance with expected 
metal speciation trends, but agrees well with the associated [Cu48-h-EC50], which decreased on 
average by 58.7 % from salinity 25 to 35 (Fig. 6.8), and is consistent with findings of Nadella 
et al. (2009) and Deruytter et al. (2015). These results point towards a threshold concentration 
of Cu’, for each salinity, that accounts for Cu-toxicity to M. galloprovincialis embryos, 
irrespective of the DOC-concentration.  
 
6.3.7. Cu-binding ligand concentrations and conditional stability constants  
The average complex stabilities of the CuL-complexes were logK 12.3 ± 0.1, logK 12.4 
± 0.5, and logK 12.0 ± 0.4 for the 25, 30 and 35 salinity treatments, respectively (Table S.6.8). 
Titrations demonstrated the presence of only one organic-ligand-class (i.e., L1) with uniform 
strong Cu-binding-capacities, similar to logK values of humic acids (12.08 ± 0.08), thiols (13.35 
± 0.5), including glutathione (12.2), and cysteine (12.7) (Laglera and Van den Berg, 2003; 
Whitby and Van den Berg, 2015; Whitby et al., 2017), in the samples. As seen in Figure 6.10 
A, [CuT] was in excess of the ligand concentration ([L1]) in about half the solutions with added 




Figure. 6.10: Scatterplot between [CuT] at t48 and the corresponding ligand-concentration. For samples which plot 
above the 1:1 dashed diagonal line, one can assume that all available Cu is strongly complexed to organic ligands. 
A) Filled black circles indicate exposures where [CuT] < 48-h-EC50 Cu-values and open circles indicate exposures 
where [CuT] > 48-h-EC50 Cu-values for all test-treatments; B) Triangles, squares, and circles indicate data points 
for the 25, 30 and 35 salinity treatments, respectively with filled symbols indicating full-test (FT) data and open 






Furthermore, the [L1] increased with increasing Cu-concentration (Fig. 6.10), suggesting that 
there was either (1) an active production of Cu-binding ligands by the mussel embryos as a 
feedback mechanism to counteract Cu-stress (Brand et al., 1986; Moffett and Brand, 1996; 
Croot et al., 2000); and/or (2) a passive release of L1 into the test water due to cell lysis as a 
result of Cu-toxicity. This finding was supported by [L1] data, as test-solutions at t48 with 
embryos had a higher [L1] than the initial bulk solutions (Table 6.2) and the test solutions at t0 
without embryos, except for sample C (Fig. 6.11). There was also a higher [L1] in treatments < 
48-h-EC50 Cu-values (Fig. 6.10 A), which points towards an active production of Cu-binding 
ligands before reaching [Cu48-h-EC50].  
 
Table. 6.2: At-equilibrium Cu-speciation parameters of initial bulk solutions used to make up the test 
solutions. Parameters were calculated after voltammetric Cu-titrations using ProMCC (Omanović et al., 2015). 
Errors for [L1] and logK represent the fitting uncertainties for the numerical model used in ProMCC. Inorganic 









Solutions [nM] [nM] [pM] [pM] 
Whau Estuary 10 70.3 16.4 11.7 0.2 5.1 0.4 
Oceanic water 15 30.4 10.6 12.1 0.2 0.7 0.1 
Brine 14 60.2 9.6 11.8 0.2 5.0 0.4 
UVNP water 6A 5.1 0.6 15.1 0.1 < 0.1 < 0.1 
[L1]: Concentration of strong organic ligands; K: Conditional stability constant; [CuXIN]: inorganically complexed Cu-
concentration; [Cu2+]: free Cu-ion-concentration. αinorg: Inorganic alpha value calculated using a pH of 8.0 and a salinity of 
0.1 (non-zero values required for calculations).  
 
  
Figure. 6.11: Measured ligand-concentrations for control solutions as well as the 30 and 35 salinity treatments in 
the full-test at t0 without embryos (Δ), and t48 with embryos (●). Vertical error bars represent the fitting error for 




There was also a clear negative linear trend between salinity and [L1] (R
2=0.875; p=0.023) (Fig. 
6.12), and a clear positive trend between 48-h-EC50 Cu-values and [L1] (R
2=0.894; p < 0.05) 
(Fig. 6.9 D). This latter trend suggests that the presence of strong ligands reduces Cu-toxicty to 
blue mussel embryos. All in all, the above-mentioned results together with the best subset 
regression analysis in Figure 6.5 indicate that ligand-concentration, cannot be neglected in the 
overall Cu-speciation equation and needs to be considered to improve our understanding of Cu-
speciation as well as associated Cu-toxicity in natural aquatic environments.  
 
  
Figure. 6.12: Linear regression between salinity at t48 and ligand-concentration with filled symbols indicating full-




To date several studies (Rosen et al., 2005; Arnold et al., 2009 and 2010; Deruytter et al., 
2013 and 2015; Bosse et al., 2014) illustrated substantial differences in the Cu-sensitivity for 
M. galloprovincialis embryos with 48-h-EC50 Cu-values between 65-547 nM. This ~8.4-fold 
discrepancy in the Cu-toxicity was explained by differences in DOC-concentration, DOC-
origin, and varying salinity in the test media (Arnold et al., 2009; Nadella et al., 2009), but 
chemical speciation was not explicitly investigated in those studies. 
 
6.4.1. Effect of salinity on Cu-toxicity to blue mussel embryos 
Salinity was highly correlated with 48-h-EC50 Cu-values obtained in the present study. 
Surprisingly our findings contradicted expected metal speciation processes, as an increase in 
salinity resulted in a simultaneous increase in Cu-toxicity to mussel embryos (i.e., a decrease 




processes and cation-Cu-competition in high saline waters (Grosell et al., 2007; Deruytter et 
al., 2015), one would expect an increase in 48-h-EC50 Cu-values with salinity. Our finding was, 
however, in accordance with [Cu’] measured within the different test-treatments. Both, [CuXIN] 
and [Cu2+] increased between the 25 and 35 salinity treatments (Fig. 6.9 and Table S.6.8), 
resulting in a higher concentration of Cu’ in solution and thus creating a more toxic environment 
for exposed mussel embryos in the 35 salinity treatment. This increase in Cu’ could be 
explained by (1) salinity induced changes in DOC-Cu-reactivity owing to structural changes of 
DOC, potential colloid formation (Cooper et al., 2014), and competition by major cations like 
Fe, Ca and Mg with Cu for DOC binding sites (Cooper et al., 2014; Abualhaija et al., 2015; 
Whitby et al., 2017); (2) higher ligand secretion in “low” salinity waters (Figs. 6.11 and 6.12) 
- some aquatic organisms are able to produce ligands to effectively detoxify metals via 
complexation (e.g., Brand et al., 1986; Moffett and Brand, 1996; Gledhill et al., 1999; Leal et 
al., 1999; Croot et al., 2000; US EPA, 2016), which is an additional cost for their fitness but 
provides an advantage when exposed to metals, and; (3) changes in the ionoregulatory processes 
and osmoregulatory physiology (e.g., secretion of fewer ligands (Figs. 6.11 and 6.12)) of 
embryos when exposed to higher salinities in the surrounding water (Grosell et al. 2007; De 
Polo and Scrimshaw, 2012; Deruytter et al., 2013), which might enhance/facilitate the uptake 
pathway of Cu or render other “species” of Cu bioavailable and toxic. One would expect that 
[Cu’] for toxicity endpoints at various salinities would be similar at similar DOC-
concentrations, if active ligand production as well as osmo- and ionoregulating processes did 
not play a role in Cu-toxicity to mussel embryos. Evidently this is not the case, because the 
[Cu’] increased from salinity 25 to salinity 35 with a simultaneous decrease in L1-production 
(Fig. 6.12). 
As verified by 48-h-EC50 Cu-values and increased [Cu’], the 35 salinity treatment was 
more toxic to M. galloprovincialis embryos than salinity 30 or 25. While this output is 
supported by studies of Deruytter et al. (2013 and 2015) it opposes the paper of Grosell et al. 
(2007). Possible explanations for these conflicting results are (1) sensitivity variations among 
and within a mussel species (Grosell et al., 2007); (2) changing sensitivities of different life 
stages of a mussel (Deruytter et al., 2017); (3) different population histories of adult mussels 
used for spawning; (4) differences in active ligand secretion within various mussel species; (5) 
competitive inhibition of the biological uptake and metabolisms of other trace nutrients, such 
as Fe, Zn, and Mn (Brand et al., 1986), and; (6) differences in the Cu-speciation of the tested 
solutions due to varying water chemistry (e.g., DOC-quantity, DOC-quality and DOC-Cu-
reactivity with salinity). We conclude that the majority of the variation among studies can be 




(Grosell et al., 2007), and in particular active ligand secretion. It has to be noted that competitive 
interactions of trace metals (e.g., Cu and Mn as well as Cu and Fe), especially in higher salinity 
waters, can lead to additional uncertainties in assessing Cu-toxicities in test-solutions and 
natural waters (Brand et al., 1986). Any effect of other trace-metals cannot be discounted in the 
current study, despite the fact that the present study used oceanic seawater of low metal 
concentrations, and metal-concentrations of the Whau Estuary water, as supported by nutrient 
data of the bulk solutions (Table 6.1), were assumed to be minor. Brine showed high nutrient 
concentrations and likely had high metal concentrations, however, the proportion of brine used 
in the test-solutions did not exceed 19.1 %, and any effect of brine on mussel embryos were 
thus thought to be minor to moderate.  
 
6.4.2. Effect of DOC on Cu-toxicity to blue mussel embryos 
Reduced Cu-toxicity with increasing DOC-concentration was expected following 
chemical speciation processes in the aquatic environment, which include the formation of 
strong CuDOC-complexes known to reduce the Cu’-fraction in the water column (Arnold, 
2005; Cooper et al., 2014). The protective effect of DOC against Cu-toxicity to mussel embryos 
was also confirmed by Arnold et al. (2009) and Deruytter et al. (2015) (Fig. 6.13; Table S.6.9). 
The 48-h-EC50-DOC-correlation, however, varies between studies by a factor of ± 2. This 
discrepancy is usually considered an acceptable level of agreement for laboratory based eco-
toxicological studies (Arnold, 2005) considering the potential biological and genetic variability 
of the tested organism (Arnold et al., 2009). 
 
 
Figure. 6.13: Scatterplot between 48-h-EC50 Cu-values for M. galloprovincialis embryos and corresponding DOC-
concentrations in the test-treatments (n=7). Lines represent total dissolved Cu 48-h-EC50-DOC-relationships from 
the present study, Arnold et al. (2009) and Deruytter et al. (2015) for comparison purposes. Filled symbols: full-





Our study suggests that the above mentioned differences in Cu-toxicity thresholds can be 
related to differences in the protective effects (i.e., Cu-binding properties) of different DOC-
sources used within the studies (Arnold et al., 2009; Nadella et al., 2009), with estuarine DOC 
being more protective than oceanic DOC (e.g., Fig. 6.7). This finding is supported by data 
shown in Figure 6.13, in which the equation developed by Arnold et al. (2009), who used 
ambient DOC from oceanic and coastal waters for the bioassay, resulted in lower 48-h-EC50 
Cu-estimates compared to the equation developed by Deruytter et al. (2015), who utilized 
natural DOC collected from an estuary in Belgium. This result supports the concept that DOC 
sourced from productive waters (i.e., estuaries and coastal waters) generally has stronger Cu-
chelating capacities and affinities than marine-sourced DOC (Brand et al., 1986; Newell and 
Sanders, 1986; Whitby et al., 2017). Comparison of [Cu’] measurements in the present study 
across various DOC-concentrations for each separate salinity treatment revealed a relatively 
narrow range of [Cu’] at the [Cu48-h-EC50], despite considerable variation in 48-h-EC50 Cu-values 
and DOC-concentrations, which confirms the former statement regarding the varying protective 
effects of different DOC-sources (Fig. 6.7). This trend is in accordance with the basic theory of 
the BLM and was also observed by Cooper et al. (2014), who examined Cu-toxicity to the 
rotifer Brachionus plicatilis. Consequently, DOC-type rather than DOC-concentration needs to 
be characterized to predict 48-h-EC50 Cu-values and associated [Cu’] in aqueous environments 
(DePalma et al., 2011). The DOC-concentration seems to have no influence on Cu-toxicity to 
mussel embryos as indicated by the best subset regression analysis (Fig. 6.5). 
DOC occurs in a spectrum of different species, all having different origins - allochthonous 
including stormwater/wastewater input (DePalma et al., 2011; Mahmood, 2017) and 
autochthonous (Arnold et al., 2009, Cooper et al., 2014) - and hence displays various chemical 
characteristics, especially with respect to the composition and concentration of humic 
substances (HS) (Town and Filella, 2000; Arnold et al., 2009; De Polo and Scrimshaw, 2012; 
Cooper et al., 2014; Sander et al., 2015; Smith et al., 2015; Mahmood, 2017). Metal protection 
properties of DOC are mostly related to the fraction of HS, which represent the majority of Cu-
binding-ligands in the DOC-pool of estuarine waters (Shank et al., 2004, Whitby and Van den 
Berg, 2015; Whitby et al., 2017). Not all Cu is, however, complexed by HS, which suggest that 
thiol compounds, particularly glutathione, may play another major role in the estuarine 
biogeochemistry of copper (Laglera and Van den Berg, 2003; Whitby and Van den Berg, 2015; 
Whitby et al., 2017). The concentration of HS and thiols, can vary widely within and among 
aqueous systems (Mahmood, 2017), which results in spatial differences in Cu-chelating 
capacities and affinities (Garvey et al., 1991) of DOC. The concentration of HS and thiols, i.e. 




(Abualhaija et al., 2015; Mahmood, 2017; Whitby et al., 2017), which minimizes the potential 
for Cu-ligand-complexation along the freshwater-saltwater-continuum and in turn increases the 
Cu-toxicity for biota in the salt-rich areas of estuaries. The 48-h-EC50 Cu-values of the present 
study were in agreement with this statement - salinity 35 was more toxic to mussel embryos 
than salinity 25 and 30. There are also substantial differences in the Cu-binding capacities of 
thiols (Laglera and Van den Berg, 2003) and HS derived from allochthonous compared to 
autochthonous DOC (Mahmood, 2017). Thiols can have Cu-binding capacities between logK 
values of 12-14 along the freshwater-salinity gradient (Laglera and Van den Berg, 2003), while 
allochthonous HS, which are mainly HA based, generally have a higher protective effect against 
metal toxicity than autochthonous HS, which are mainly FA based (Cooper et al., 2014; Smith 
et al., 2015). Nonetheless, there exists conflicting evidence regarding the Cu-binding capacities 
of HA vs FA. While Lorenzo et al. (2006) reported a higher protective effect of Cu-complexes 
with FA compared to HA (which seem to be partially bioavailable to sea urchin larvae (Lorenzo 
et al., 2005)), Garvey et al. (1991) illustrated a more protective effect of HA for green algae 
compared to FA. The variations in these data sets are presumably a result of the lack of 
sufficiently detailed information concerning the chemical characterization of HS and thiols, 
including insufficient data on their functional groups (Sander et al., 2015; Whitby and Van den 
Berg, 2015). Currently, 1:1 complexation stoichiometry (Powell, 2015), or so called 
monodentate binding, of the heterogeneous organic-ligand-pool is assumed, even though a 
multidentate binding could be expected and might be more realistic (Tipping, 1998). The 
different protective abilities of different thiols and DOC-sources are, therefore, likely to be 
related to the lack of understanding towards the chemical properties of various organic ligands 
(Niyogi and Wood, 2004; De Polo and Scrimshaw, 2012). Another potential explanation for 
the variability in the 48-h-EC50-DOC-relationship is that some of the CuDOC-complexes might 
be bioavailable to mussel embryos (Lorenzo et al., 2005). According to the BLM, DOC-bound 
metals are expected to be less bioavailable than other metal-fractions, however, recent studies 
indicate that metal accumulation can be increased in the presence of DOC (Lorenzo et al., 2005; 
Mubiana et al., 2005; Mubiana and Blust, 2006; Deruytter at al., 2017). Direct interactions of 
dissolved organic matter with biological surfaces/membranes can additionally change the ionic 
transport and/or permeability properties of organisms, which might also alter the metal-
sensitivity of exposed biota. All in all, little is known about the exact sources and chemical 
characteristics of Cu-complexing ligands in estuarine waters, and studies on this issue are 
sparse. More progress must be made towards a deeper understanding of the chemical properties 
and different protective abilities of different types of DOC and other organic ligands (Niyogi 




and less variable Cu-toxicity predictions in the current water quality criteria, especially for 
estuaries.  
 
6.4.3. Cu-speciation and Cu-toxicity to blue mussel embryos 
The key finding of the present study was the probable active production of ligands by 
mussel embryos. Strong organic ligands, which are not bioavailable, are shown to be correlated 
with [Cu48-h-EC50] and are, therefore, useful to improve the predictions of 48-h-EC50 Cu-values 
along with measurements of [Cu’], DOC-quality, and salinity. Voltammetry can thus be used 
as an additional means in future eco-toxicological studies to characterize Cu-speciation 
parameters, for an inclusive approach, which will be valuable for the improvement of the 
current water quality criteria. The present study also showed that [Cu’] is a much more 
important parameter to assess Cu-toxicity than [CuT]. Future studies should, therefore, look to 
refine Cu-toxicity thresholds using [Cu’], thereby defining a new [Cu’48-h-EC50], which would 
improve our ability to develop a more accurate and site-specific Cu-toxicity threshold for saline 
environments. 
Future work should involve further investigation with regard to changes in Cu-speciation 
and [L1] during bioassays as well as improve speciation predictions for the BLM, which does 
not account for the potential bioavailability of Cu-ligand-complexes, the active production of 
ligands by exposed organisms, nor the potential negative effect of salinity and DOC on the 
organisms physiology (Smith et al., 2015).  
 
6.4.4. Implications for estuarine environments 
Special care must be taken in estuarine systems where Cu-speciation and related Cu-
toxicity thresholds change, not only along the freshwater-saltwater continuum, but also 
temporally. Spatial and temporal variations in [CuT], salinity, DOC-regime (caused by changes 
in tidal processes, river runoff, stormwater discharge (Shank et al., 2004; Kelly, 2008; 
Mahmood, 2017), and land use changes (Kelly, 2008)), and seasonal in-situ production of 
strong organic chelators from biological primary production (Mahmood, 2017) can easily shift 
a system in a short amount of time from a healthy to a toxic state and vice versa. Future efforts 
to update the ambient saltwater criteria for Cu should, therefore, aim to take Cu-speciation 
processes in dynamic estuarine systems into account, to assure adequate protection of aquatic 
biota in naturally variable environments.  
Estuaries, located in catchments with intensive residential, commercial and industrial use 




discharges and are, therefore, of particular concern (Blossom, 2007; Ellwood et al., 2008; Khan 
et al., 2014; Gadd, 2016), since [CuT]s in these locations approach, and sometimes exceed, 
national water quality guidelines for ambient fresh- and saltwater systems (US EPA, 2016). 
Nonetheless - aside from the fact that survival of blue mussel embryos tends to decrease in 
salinities below 25 - the [Cu’] of 5.5 pM (consisting of 0.4 pM [Cu2+] and 5.1 pM [CuXIN]) 
calculated in this study for the Whau Estuary, at a salinity of 15.4 and a DOC-concentration of 
2.6 mg/L, was 3 to 4 orders of magnitude lower than the [Cu’] we calculated to be toxic to blue 
mussel embryos. It cannot be ruled out however that physical, chemical and/or biological 
transformations of the estuarine environment, especially during tidal cycles and stormwater 
events, cause transient toxicity to mussel embryos in estuarine systems. Water samples of the 
Whau Estuary in the present study were taken under calm conditions and it is expected that 
pulsatile inputs of high Cu-concentrations from stormwaters (in particular) are likely to exceed 
acute Cu-toxicity limits at least for short periods of time. The amount of Cu-input from 
wastewater effluents and urban stormwater discharges (Ellwood et al., 2008; Kelly, 2008) as 
well as changes in salinity and physicochemical characteristics of the prevailing terrestrially 
derived DOC-pool (Mahmood, 2017) will, therefore, dictate Cu-speciation processes and 
related Cu-toxicity thresholds for biota (Alvarez-Salgado and Miller, 1999) in estuarine 
environments. However, no studies have yet addressed the issue of rapidly fluctuating 
environmental conditions (e.g., salinity, DOC-concentration, DOC-quality, temperature etc.) in 
an estuary and their influences on Cu-speciation parameters and Cu-sensitivity (Grosell et al., 
2007; Cooper et al., 2014). Future bioassays should thus simulate tidal cycles and stormwater 
events to mimic natural conditions rather than using a 48-h bioassay with constant conditions. 
If the natural Cu-buffer capacity of the estuary is exceeded and elevated [Cu’] occurs, 
then the ability of exposed organisms to produce ligands to counteract metal-toxicity is key. 
The present study and other laboratory experiments have shown that several organisms, such 
as plankton (e.g., Synechococcus, Fucus vesiculosus, and Emiliania huxleyi), can exude strong 
Cu-binding ligands as a feedback mechanism against Cu-stress and potential toxicity of Cu2+ 
(e.g., Brand et al., 1986; Moffett et al., 1990; Gledhill et al., 1999; Leal et al., 1999; Croot et 
al., 2000; Shank et al., 2004). However, persistent high Cu-concentrations and antagonistic 
metal-metal effects could have detrimental effects on the structure of the local ecosystem and 
may exceed the detoxification mechanisms of exposed biota.  
Future work should monitor site-specific Cu-speciation over a longer period of time as 
well as along the whole hydrological path from freshwater to seawater to elucidate the actual 
net toxic effect of Cu in estuaries for the local and ecologically valuable aqueous fauna (e.g., 




reactivity of organic Cu-binding ligands, the organisms and sources that produce them (Vraspir 
and Butler, 2009), and abiotic parameters influencing the ambient [CuT] as well as the ligand 
pool in the aquatic environment will help to gain a deeper understanding of the ultimate fate 
and the biogeochemical cycling of Cu in the fluctuating environment of an estuary.  
 
6.5. Conclusion and recommendations 
Overall, this study highlights the importance of measuring Cu-speciation parameters 
when determining Cu-toxicity in the aquatic environment (Cooper et al., 2014). [Cu’] (sum of 
Cu2+ and CuXIN) along with measurements of [L], DOC-quality, and salinity are good predictors 
of 48-h-EC50 Cu-values and are thus critical to obtain an integrated picture of Cu-speciation 
and associated processes in natural waters - which may otherwise be misinterpreted when only 
[CuT] and/or [Cu
2+] is measured. Further, the results illustrated in the present study suggest that 
(1) Cu-toxicity in an estuary is indeed influenced by iono- and osmoregulatory processes of the 
organism of interest or salinity-induced alterations in the DOC-Cu-reactivity; (2) salinity has a 
greater effect (i.e., via ligand production) on Cu-toxicity thresholds to blue mussel embryos in 
estuarine waters than DOC-concentration; (3) the type of DOC is important for determining the 
level of protectivity to Cu-exposed mussel embryos, and; (4) [L1] can be used to improve 
predictions of Cu-toxicity in estuarine waters.  
An accurate prediction of Cu-speciation as well as determination of Cu-toxicity to 
organisms along an estuarine salinity gradient is far more difficult than in freshwater systems. 
To develop an accurate and site-specific Cu-toxicity threshold for saline environments, it is 
necessary to (1) improve our ability to describe interactions between Cu and organic matter, 
especially addressing different DOC-sources with particular regard to their different chemical 
characteristics and Cu-binding affinities; (2) incorporate salinity related normalization factors 
to account for changes in the physiology (i.e., osmo- and ionoregulating processes) of the 
investigated organism when affected by osmotic stress; (3) account for changes in DOC-Cu-
reactivity with changing salinity in the surrounding water, and; (4) consider the active 
production of ligands by organisms to counteract Cu-toxicity.  
Today a considerable body of research is outlining the importance of DOC to Cu-toxicity, 
however, DOC and especially HA/FA is not yet routinely measured and reported within toxicity 
studies, even though DOC-concentration and in particular DOC-quality are the major players 
in Cu-speciation processes. Furthermore, detailed and measured, rather than modelled, Cu-
speciation parameters with media containing HS are still largely lacking (Mahmood, 2017). 




present study illustrated a strong linear effect between salinity and 48-h-EC50 Cu-values for M. 
galloprovincialis embryos. The large number of conflicting studies regarding the effect of 
salinity on Cu-toxicity however, indicates the need to conduct further eco-toxicological 
research in saline environments.  
Incorporating salinity, osmoregulatory processes, active secretion of Cu-binding ligands, 
DOC-quality, and changes in DOC-Cu-reactivity with salinity into future Cu-toxicity models 
is one of the challenges scientists must face when establishing unifying principles and 
improving environmental regulations for accurate Cu-risk assessments in estuarine 
environments. Without taking these factors into account, water quality criteria may not 
accurately predict real-world effects on exposed organisms (Rosen et al., 2005).  
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Scope of this chapter 
This chapter examines the copper (Cu) mass balance of the 48-h bioassay test described 
in Chapter 6. The main motivation for this study was to evaluate the reliability of laboratory-
based ecotoxicological bioassays in assessing accurate trace metal toxicity thresholds for the 
development of credible environmental risk-assessments and management strategies in marine 
environments. Bioassays have become increasingly important over the past few decades in 
order to assess and predict the impacts of various contaminants on marine ecosystems, therewith 
helping legislators to determine, regulate and prevent critical levels of trace metals in natural 
waters. However, toxicological studies which (1) measure and report actual trace metal 
concentrations in solution; (2) relate observed biological responses back to actual trace metal 
measurements, and; (3) quantify trace metal loss and associated pathways during bioassays are 
scarce, which compromises the validity of the bioassay data. The present work, therefore, 
focuses on the assessment of Cu mass-balance issues, their drivers, and their effects on Cu-
toxicity thresholds to blue mussel (Mytilus galloprovincialis) embryos in a bioassay test. The 
current work will provide updated guidance for laboratories to conduct accurate bioassays of 
trace metals to subsequently improve the development of reliable environmental risk 
assessments of contaminants in complex marine environments. 
 
 
Figure. 7.A: Schematic of the cognitive space that Chapter 7 fills in the thesis. This chapter examines the reliability 






The production of accurate and reliable data on metal toxicity during ecotoxicological 
bioassays is important for credible environmental risk-assessments and management in aquatic 
environments. Actual measurements and reporting of contaminant concentrations in bioassays 
are, however, often disregarded; and potential contaminant loss attributable to adsorption 
processes (e.g., wall-adsorption) in bioassays is widely omitted, which can have detrimental 
effects on calculated metal toxicity thresholds. In this study we assessed copper (Cu) mass-
balance during a standard 48-h bioassay test with blue mussel (Mytilus galloprovincialis) 
embryos to evaluate effects on calculated toxicity endpoints. We demonstrated that measured 
Cu-concentrations at the test conclusion need to be used to quantify the risk of Cu toxicity 
because nominal Cu and initial Cu concentrations underestimate overall Cu-toxicity by up to 
1.5-fold, owing to Cu-loss in solution attributable to adsorption and bioaccumulation processes. 
For the first time we provide evidence that extracellular adsorption to the biological surface of 
the embryos is the most important sink for total dissolved Cu in a bioassay. We also established 
that adsorbed extracellular Cu accumulation reduces Cu-toxicity to embryos, potentially by 
inhibiting Cu from entering the cell of the mussel embryo. Environmental factors (e.g., salinity 
and dissolved organic carbon) did not influence the partitioning of Cu within the laboratory-
based bioassay. The present results (1) demonstrate the importance of differentiating extra- and 
intracellular Cu-pools to improve our understanding of Cu toxicity and associated processes; 
(2) reveal the potential for bias with respect to calculated Cu toxicity thresholds when results 
are based on nominal and initial Cu concentrations, and; (3) point out the need to follow current 
guidelines for the testing of chemicals to standardize toxicity tests and data reporting.  
 
7.1. Introduction 
Elevated copper (Cu) concentrations in natural water masses from anthropogenic sources 
such as urbanization, mining, industrialization and agricultural intensification (Cruz et al., 
2007; Jakimska et al., 2011; Leal et al., 2015 and 2016) are of concern because total dissolved 
Cu-concentrations ([dCuT]) approach and sometimes exceed national water quality guidelines 
for ambient fresh- and saltwater systems (Buck et al., 2007; US EPA, 2016). Copper serves as 
an essential micronutrient to organisms but becomes toxic when it exceeds critical 
concentration thresholds in the aquatic environment (Buck et al., 2007; Cruz et al., 2007; 
Jakimska et al., 2011; Wang, 2008). Persistent high [dCuT] can have detrimental impacts on the 
diversity, health, structure and functioning of aquatic organisms and their ecosystems. It is thus 




environments. One essential tool for an integrative assessment (i.e., chemical and ecological 
status assessment) of aquatic pollution (Di Paolo, 2016) is a standardized ecotoxicological test, 
or so-called bioassay (Leal et al., 2016).  
The attractiveness and value of bioassays lies in their cost and time efficiency as well as 
the statistical rigour afforded by a large number of replicates and a range of test concentrations 
(Jakimska et al., 2011). Bioassays have become increasingly important over the past few 
decades to (1) assess and predict the impacts of contaminants on aquatic ecosystems (Leal et 
al., 2016); (2) quantify toxicity thresholds for various biota with the goal of extrapolating the 
results to complex environmental systems (US EPA, 2007), and; (3) provide test data to serve 
as a tool for legislators and local governments to determine, regulate and prevent critical levels 
of contaminants in aquatic environments (Leal et al., 2016).  
For a rigorous assessment of bioassays, both accurate analytical techniques and data 
analysis are required. Specifically, the accuracy of Cu bioassays ultimately depends upon the 
capacity to relate biological responses to actual [dCuT] measured in solution, rather than 
nominal [Cu] (i.e., unmeasured [Cu] initially added to the experimental treatments, based on 
the amount of Cu weighed in to make master standard solutions) (Angel et al., 2015; Förstner 
and Wittmann, 2012; Leal et al., 2015). Several studies illustrated that the [dCuT] in solution 
was reduced by up to 50 % over the duration of a bioassay when compared to nominal [Cu] or 
[dCuT] at the beginning of the test (t0) (Angel et al., 2015; Förstner and Wittmann, 2012; Leal 
et al., 2015). Nominal [Cu] in test media are thus clearly inadequate indicators of Cu exposure 
responses when interpreting and comparing Cu toxicity data between different bioassay studies 
(Armitage et al., 2014). Yet, toxicological studies which measure and report actual [dCuT] 
during bioassays are not routine (Leal et al., 2016) - only 70 % of the data sets used in the US 
EPA (2016) marine ambient water criteria guideline measured and recorded actual [dCuT] in 
the test treatments. In addition, the quantification of Cu loss and associated pathways during 
bioassays are widely omitted because of logistical constraints of low test volumes. 
In this study, a 48-h bioassay was carried out with Mytilus galloprovincialis Lamarck, 
1819 (Maori name: kuku (Oglivie et al., 2012); common name: Mediterranean blue mussel), 
embryos exposed to a range of different salinities and natural dissolved organic carbon (DOC) 
concentrations to (1) assess Cu mass-balance issues in a bioassay; (2) identify factors 
responsible for Cu loss in the test solutions; (3) evaluate the effect of Cu loss on calculated 48-
h-EC50 (50 % effect concentration) Cu values, and; (4) assess the effect of environmental factors 
(i.e., salinity and DOC) on Cu mass-balance. Salinity and DOC are 2 of the main drivers of 
metal bioavailability as well as associated toxicity (e.g., Arnold et al. 2009; Cooper et al., 2014; 




systems. Particular emphasis was put on the use of trace-metal-clean techniques during 
experimentation and robust data analysis (Leal et al., 2016).  
The scientific and technical recommendations made as a result of the present study will 
provide updated guidance for laboratories to conduct accurate bioassays of metals, which in 
turn will improve the current information for environmental risk assessments of contaminants 
in complex aquatic environments. 
 
7.2. Materials and methods 
A brief summary of the materials and methods used as well as a detailed description of 
the Cu determination procedure are given in the present section. For more information, see 
Zitoun et al. (2018).  
 
7.2.1. Equipment and trace-metal-clean procedures 
Conventional trace-metal-clean techniques (Leal et al., 2016) were implemented in all 
stages of sampling and laboratory work to minimize external Cu contamination (e.g., airborne 
dust; Benoit et al., 1997; Leal et al., 2016; Richter, 2003) during the bioassay. Samples and 
reagents were prepared in a clean air-flow bench at room temperature (21 ± 1 °C). High-purity 
ultrapure water from a Milli-Q® system was used for reagents and dilutions. Reagents and 
chemicals were prepared and stored in pre-cleaned Teflon or low-density polyethylene (LDPE) 
plastic bottles (Nalgene). Samples were stored in acid-cleaned polyethylene test tubes. A 
description of the trace-metal-cleaning procedure for labware is in the Supplementary Data 
(S7.1). 
 
7.2.2. Experimental design  
The laboratory-based 48-h bioassay (Fig. 7.1) was conducted from 4 to 6 August 2015 
following standard toxicity testing procedures for evaluating embryo developmental success 
with bivalves (American Society for Testing and Materials (ASTM), 1997; Williams and 
Golding, 2008). Detailed information on mussel collection, acclimation, experimental setup, 
preparation of bulk and test solutions, as well as the evaluation of Cu toxicity thresholds are 







Figure. 7.1: Schematic of the study design. Evaluation of the Cu mass-balance in a 48-h bioassay with Mytilus 
galloprovincialis embryos. Salinity and dissolved organic carbon concentrations are average values of all 
replicates at t48. Each treatments included 16 replicates, subsets of which were used for embryo survival estimates 
(n=5), physiochemical measurements (n=6), and Cu mass-balance evaluation (n=5, pooled). [dCuT]: Total 
dissolved Cu-concentration; t0: sample aliquots measured before test initiation (0 h); t48: sample aliquots measured 
after the 48-h bioassay, [CuINT]: fraction of Cu internalized by mussel embryos; [CuEXT]: Cu bound to the 
extracellular surface membrane of mussel embryos; [Cutube]: Cu which adheres to the wall of test containers; 
CETIS: Comprehensive Environmental Toxicity Information System; EC50: 50 % effect concentration; DO: 




Mytilus galloprovincialis embryos were exposed to 7 different salinity and DOC-
combinations, each spiked with 6 different Cu concentrations (Cu stock solution: 0.047 mM of 
anhydrous CuCl2; Sigma-Aldrich) (Fig. 7.1), to simulate naturally occurring environmental 
conditions in aquatic ecosystems. The 7 test water treatments (Fig. 1) were prepared by 
combining filtered (0.2 μm) (1) Whau Estuary water collected in 2015 from Waitemata 
Harbour, Auckland, New Zealand (salinity 15, 2.65 mg/L DOC); (2) oceanic water from the 
Pacific Ocean (salinity 35, 0.61 mg/L DOC) collected in May 2014 from National Institute of 
Water and Atmospheric Research’s oceanic research vessel the RV Tangaroa; (3) brine (salinity 




(UV)-treated Nanopure water (UVNP; salinity 1; < 0.1 mg/L DOC) in different portions to 
achieve the required salinity-DOC-combinations.  
Prior to test initiation, aliquots of each test solution (n=42) were collected in acid-cleaned 
tubes and kept frozen until analysis of [dCuT] at t0. Aliquots for the determination of initial (t0) 
water quality parameters (i.e., pH, temperature, salinity, nutrients, and dissolved oxygen (DO)) 
were also taken. There were 16 replicates of each test treatment: 5 replicates for 48-h-EC50 
evaluation of embryo development; 5 replicates for the Cu mass-balance analysis at the 
conclusion (t48) of the bioassay; and 6 replicates for the measurement of water quality 
parameters and DOC at t48. Water quality was measured at t0 and t48 to evaluate exposure 
conditions in the assay media. Three control batches, each with 16 replicates, were also 
prepared with salinities of 25, 30, and 35 without added Cu.  
To initiate the test, M. galloprovincialis embryos (~600 embryos per tube) were loaded 
into pre-cleaned test tubes, each containing 10 mL of the appropriate test solution. Test tubes 
were then covered and placed into a constant temperature room (21 ± 1°C) under a 16:8 h light 
and dark photoperiod. After 48 h, the test was ended in the 5 embryo development replicates 
by addition of buffered formalin, and measurements or samples were taken from the remaining 
replicates. Embryo development data was subsequently quantified and used to determine one 
48-h-EC50 Cu-value for each treatment using the Comprehensive Environmental Toxicity 
Information System (CETIS) statistical software (TidePool Scientific). 48-h-EC50 Cu-values 
were calculated using nominal [Cu], [dCuT]t0, and [dCuT]t48.  
 
7.2.3. Mass-balance 
Three Cu pools are known to be responsible for the loss of [dCuT] in test solutions over 
time (Angel et al., 2015; Arnold et al., 2005; Hassler et al., 2004; Hudson and Morel, 1990; 
Jakimska et al., 2011; Leal et al., 2015): 
 
(1) Cu which adheres to the wall of containers (e.g., test tubes) used during the bioassay 
(Armitage et al., 2014; Leal et al., 2016); referred to in the present study as Cutube.  
 
(2) Cur which is slowly internalized by exposed organism via an active transport of Cu ions 
from the cell wall to the inside of the cell (i.e., bioaccumulation) with the help of biotic 
ligands (e.g., Angel et al., 2015; Arnold et al., 2005; Davis et al., 2003; Hassler et al., 
2004; Hudson and Morel, 1990; Jakimska et al., 2011; Leal et al., 2016); referred to in 




(3) Cu which is rapidly and reversibly adsorbed (i.e., Cu bound to extracellular proteins; 
biotic ligands) to the surface membrane of exposed organisms (e.g., Hassler et al., 2004; 
Prasad, 2001; Tovar-Sanchez et al., 2003); referred to in the present study as CuEXT. 
 
Mathematically the Cu mass-balance of a 48-h bioassay is thus as follows: 
 
[dCuT]t0 = [dCuT]t48 + [Cutube] + [CuEXT] + [CuINT]     (1) 
 
Failure to address actual [dCuT] in solution at t48, which already account for the Cu loss in 
solution, may, therefore, result in substantial uncertainties and misinterpretations of actual Cu 
toxicity risks to aquatic organisms (Leal et al., 2015). A Cu mass-balance, which applies the 
principle of mass-conservation to a closed bioassay, is thus crucial to describe the fate of Cu in 
bioassays as well as to improve the overall understanding of test data and associated risk 
assessments.  
 
7.2.3.1. Total dissolved Cu concentrations   
At the conclusion of the bioassay, replicates reserved for the quantification of [dCuT]t48 
were combined (5 x 10 mL). To separate the mussel embryos from their incubation water, a 
combination of 0.2 μm centrifuge-filtering (2 min at 2000 rpm) and Acrodisc filtering (0.2 μm) 
was implemented (Zitoun et al., 2018). Each sample filtrate was then stored in a pre-cleaned 
tube and kept frozen until [dCuT] analysis with an Agilent 7500ce Quadrupole Inductively 
Coupled Plasma-Mass Spectrometer (q-ICP-MS) equipped with an octopole collision cell and 
an autosampler, or an automated off-line seaFAST (Elemental Scientific Instruments) pre-
concentration module (Bown et al., 2017) combined with a Nu Attom High-Resolution Sector 
Field Inductively Coupled Plasma-Mass Spectrometer (HR-SF-ICP-MS). 
Samples (t0 and t48) for the q-ICP-MS analysis were prepared according to conventional 
procedures as stated in Talbot and Weiss (1994) and Ashoka et al. (2009). In brief, thawed 
samples were transferred into acid-cleaned ICP-MS vials and diluted with 2 % v/v quartz 
distilled nitric acid (q-HNO3; Ajax Finechem; 70 %; UNIVAR) to final salinities < 2, followed 
by an addition of an internal multi-element standard. Samples were measured against external 
calibration standards, prepared via a serial dilution of a SPEX CertiPrep multi-element standard 
(National Institute of Standards and Technology-traceable) in 2 % v/v q-HNO3. For quality 
control, multiple method blanks (Milli-Q) and aliquots of a certified reference material (i.e. 
NASS-5; National Research Council, Canada), were analysed. The procedural blanks showed 




determined to be 5.86 ± 1.19 nM with a relative standard deviation (RSD) of 20 %. These results 
confirmed that the q-ICP-MS measurements accurately measured [dCuT]. Test samples were 
then dilution- and blank- corrected. 
Samples below the detection limit of the q-ICP-MS method (< 1.5 nM Cu after dilution) 
were analyzed using an offline pre-concentration step with a seaFAST system followed by HR-
SF-ICP-MS analysis. A detailed description of the method can be found in Biller and Bruland 
(2012) and Bown et al. (2017). Briefly, 10 mL of each thawed sample was transferred into an 
acid-cleaned polytetrafluoroethylene vial and acidified to pH ~1.7 with quartz distilled 
hydrochloric acid (q-HCl, Scharlau; 37 %). Samples were then UV-oxidized (photoreactor with 
a 400 W medium pressure mercury lamp) for at least 12 h to destroy any strong organic Cu-
complexing ligands naturally present in solution (Biller and Bruland, 2012). Samples were 
subsequently pre-concentrated on a chelating resin (Nobias-chelate PA1) within the seaFAST 
system and eluted with 1 mL of 1.5 M q-HNO3 solution into pre-cleaned destination vials. The 
matrix removal (i.e., removal of major seawater components) and the pre-concentration process 
resulted in a pre-concentration factor of 10. The pre-concentration factor was verified by 
spiking the samples with an internal standard (indium and lutetium) at a concentration of 5 nM 
prior to the pre-concentration and extraction process. Finally, samples were analyzed with the 
HR-SF-ICP-MS using wet plasma at a resolution setting of 4000. The system was calibrated 
using standard additions of a SPEX CertiPrep multi-element standard to seawater of low metal 
concentration. Obtained metal concentrations were corrected for the blank (Milli-Q) and the 
pre-concentration step. The procedural blanks showed no analytically significant Cu levels. 
Quantitative recovery on the resin was verified by comparing the slope of the calibration line 
obtained from the standard additions to seawater to standard additions done directly to untreated 
eluent acid. Recovery of the method was acceptable (> 94 %). The accuracy of the analytical 
technique, verified by certified reference materials (i.e. SLEW-3 and NASS-6; National 
Research Council, Canada), was within an acceptable range (SLEW-3: reference value 24.39 ± 
1.89 nM Cu; measured value 25.80 ± 1.54 nM Cu; NASS-6: reference value 3.9 ± 0.39 nM Cu; 
measured value 3.56 ± 0.01 nM Cu) and thus confirmed the suitability of the HR-SF-ICP-MS 
method to accurately determine low levels of [dCuT] in water samples.  
 
7.2.3.2. Determination of Cutube  
Emptied test tubes used in the bioassay were retained, sealed inside 2 plastic bags 
(Ziplock), and stored until determination of [Cutube] using an acid-leaching method followed by 




standard solution prepared in 2 % v/v q-HNO3. Tubes were then sealed and placed into a 
circular-tube rotator to uniformly distribute the acid within the tubes for a leaching period of 
24 h at room temperature. Afterwards, samples were transferred into pre-cleaned ICP-MS vials 
for subsequent q-ICP-MS or HR-SF-ICP-MS analysis. The quality of the method was tested by 
multiple measurements of method blanks (Milli-Q) using pre-cleaned vials. Method blanks 
were within the relevant limits for Cu. The measured [dCuT] of SLEW-3, the reference estuarine 
water, was 22.70 ± 1.8 nM, demonstrating that the accuracy of the analytical technique was 
acceptable. Each sample was then blank and dilution corrected. 
 
7.2.3.3. Determination of [CuINT] ( > 2 μm) and [CuEXT] (< 2 μm) 
A washing procedure with ethylenediaminetetraacetic acid (EDTA) as the chelating agent 
was implemented to quantitatively discriminate between the intra- and extracellular Cu pool 
(Hassler et al., 2004; Tang and Morel, 2006; Tovar-Sanchez et al., 2003) of the mussel embryos. 
Chemically stable EDTA can be purchased trace-metal-clean. Extraction of EDTA appears to 
be the most widespread and successful technique in discriminating between the Cu pools 
(Hassler et al., 2004; Hudson and Morel, 1989; Tovar-Sanchez et al., 2003). In addition, no 
deleterious biological effects or stress factors are known or are associated with EDTA-washing 
procedures (Tang and Morel, 2006; Tovar-Sanchez et al., 2003).  
Three different stock solutions of EDTA (Scharlau) were prepared by dissolving 5 mM 
EDTA in 0.5, 0.6, and 0.7 M NaCl-solution (Merck) to achieve the required test salinities of 
25, 30 and 35, respectively. The pH of the acidic EDTA solutions was buffered to 7.8 ± 0.1 pH 
with analytical grade NaOH (≥ 98.5 %, Sigma-Aldrich) to adjust the pH of the reagent to the 
pH of the culture water, and to obtain a high washing efficiency, following Tovar-Sanchez et 
al. (2003). Metal-ligand desorption processes of labile-bound metals are rapid mechanisms, 
with most of the extraction occurring in the first few minutes (Hassler et al., 2004; Tovar-
Sanchez et al., 2003). According to Hudson and Morel (1989) as well as Tang and Morel (2006) 
EDTA requires only a 2-min contact time to efficiently dissociate extracellular metals, 
regardless of the type of organism considered. Following this protocol, embryos intercepted on 
the membrane filters were re-suspended in 5 mL of the appropriate EDTA-solution with a 2-
min contact time. Copper which was not released after the 2 min EDTA wash was not 
considered “loosely-bound” and hence belonged to the intracellular Cu pool, which was not 
accessible to the washing agent (Hassler et al., 2004). The 2-min desorption process was 
followed by a 1-min centrifuge run to separate the embryos from the EDTA solution. Filtrate 




of [CuEXT] using voltammetric means. Electrochemical measurements had to be used because 
the high sodium-concentrations of the EDTA prevented use of the ICP-MS method (Kim et al., 
1990). Filters were retained, sealed inside 2 plastic bags (Ziplock) and kept frozen for 
subsequent digestion procedures, prior to q-ICP-MS and HR-SF-ICP-MS analysis, to obtain 
[CuINT].  
In the present study, [CuINT] included Cu derived from mussel embryos and possibly other 
particles > 0.2 μm (i.e., colloids) present in solution, which were intercepted by the 0.2 μm 
filter. Copper derived from colloids should, however, be minor in the test samples because the 
data were normalized with respect to measured [Cu] in the corresponding quality control 
samples without embryos. Intracellular Cu was extracted from the cellulose membrane filters 
using a closed vessel acid-digestion procedure (e.g., Ashoka et al., 2009).  
Prior to digestion, each filter was dried in a fume hood until a constant weight was 
achieved (Ashoka et al., 2009; Rosen et al., 2008). Each filter was subsequently transferred into 
a pre-cleaned polypropylene screw cap tube, containing 3 mL Milli-Q and 5 mL q-HNO3. 
Sample tubes were then left undisturbed for a pre-digestion period of 1 h at room temperature. 
Once pre-digested, tubes were sealed, transferred to a Microwave Accelerated Reaction System 
(MARS 6®, CEM), and heated according to the heating procedure in Table 7.1. After digestion, 
5 mL of each digest was pipetted into individual pre-cleaned vials and placed onto a hot plate 
for 12 h at 90 °C to evaporate the liquid. The residue was then resuspended with 2.5 mL internal 
standard solution prepared in 2 % v/v q-HNO3 to obtain an acid matrix suitable for the following 
ICP-MS analysis. For quality control, 3 filter blanks (without embryos), 3 replicates (0.2 g) of 
a certified reference material (i.e., DOLT-3; National Research Council, Canada), and multiple 
spiked samples were subjected to the same procedure (Ashoka et al., 2009). The procedural 
blanks showed no analytically significant Cu levels. Spike recovery of the method was 
acceptable with 93.5 %. The [dCuT] of DOLT-3, with a certified value of 31.2 ± 1.0 nM, was 
determined to be 34.0 ± 0.3 nM with a RSD of 0.9 %. Accuracy of the method was thus 





Table. 7.1: Microwave settings of the Microwave Accelerated Reaction System (MARS 6®, CEM) used for 
the closed vessel acid-digestion procedure.  
Step Power [W] Time [min] Temperature program 
1 580 20 Ramp up to 200°C 
2 470 10 Hold at 200°C 
3 0 30 Cooling 
 
 
The [CuEXT] included Cu weakly bound to the surface membrane of the mussel embryos 
and possibly Cu adsorbed onto other suspended particulate matter (Jakimska et al., 2011) 
present in solution. However, Cu derived from particulate matter should only have a minor 
contribution to the [CuEXT] because the data were normalized with respect to measured [Cu] in 
the corresponding quality control samples without embryos. Values of [CuEXT] were determined 
by adsorptive cathodic stripping voltammetry (AdCSV) with salicylaldoxime (SA: 98 %; Acros 
Organics) as the complexing agent. Extracellular Cu was analyzed using a Metrohm 663 VA 
stand connected to a PGSTAT10 (Eco Chemie) potentiostat in combination with an IME 663 
module (Eco Chemie) and interfaced with GPES, Ver 4.9, software. The 3-electrode 
configuration of the system included a hanging mercury drop electrode (HMDE) as the working 
electrode, an Ag|AgCl|3 M KCl reference electrode, and a platinum counter electrode.  
Sample aliquots (4 mL) were transferred into pre-cleaned Teflon vials and acidified with 
q-HCl to 1.7 ± 0.2 pH. Samples were then UV-digested for at least 12 h to remove any ambient 
Cu-complexing species in solution (Kleint et al., 2015; Powell, 2015). Each sample was then 
individually placed into a trace-metal-clean and previously conditioned voltammetric cup. 
From this, the sample was buffered to pH 8.1 ± 0.2 using 100 µL of a 1 M borate buffer (H3BO3: 
99.99 %; Arcos Organics) and 15 to 45 µL of a 0.35 M trace-metal grade NH4O solution 
(Suprapur, Merck) (Powell, 2015). This step was followed by an addition of a 0.025 M SA-
solution to give a final concentration of 25 µM. The sample was then left for 20 to 30 min to 
allow the complexation of Cu with the synthetic ligand to complete (electrochemically-active 
CuSA-complex) (Kleint et al., 2015). The [CuEXT] of each sample was subsequently determined 
by AdCSV using a 3-point standard addition procedure of a diluted atomic absorption 
spectrometry Cu-standard (Spectrosol®) (Henze, 1990). Instrumental settings were adopted 
from Sander et al. (2007): Samples were purged with N2 for at least 2 min, followed by a -0.15 
V conditioning potential for 10 to 120 s, a cathodic scan from -0.15 to -0.6 V with a 20 mV/s 
pulse rate and a 50 mV modulation amplitude. Deposition times were kept constant for aliquots 
of the same sample, but ranged from 10 to 120 s for different samples according to the Cu 
concentration in the unspiked sample. Finally, [CuEXT] values were dilution-corrected to receive 




assessed by measuring the [dCuT] in SLEW-3 and NASS-5, which was determined to be 25.0 
± 0.4 nM and 5.0 ± 0.1 nM, respectively. Accuracy of the analytical technique was thus within 
an acceptable range. For detailed information on sample preparation and operating conditions 
of the instrument, see Sander et al. (2007) and Powell (2015). 
 
7.2.4. Water quality parameters 
Sample aliquots were analyzed for salinity, temperature, and dissolved oxygen using a 
WTW Cond 315i electrode (Hach), whereas aliquots allocated for pH were measured with a 
Thermo Scientific Orion glass electrode calibrated against NBS pH buffers 4, 7 and 9. Sample 
aliquots for DOC were analyzed with a high temperature catalytic oxidation total organic 
carbon analyzer (method: APHA5310B). Nutrient concentrations (i.e., dissolved reactive 
phosphorus, total ammonia nitrogen, and nitrate + nitrite nitrogen) were quantified using a 
simultaneous autoanalyzer from Astoria Pacific.  
 
7.2.5. Statistical analysis 
The 48-h-EC50 Cu-values were calculated for nominal [Cu] ([Cu48-h-EC50]Nom), [dCuT]t0 
([Cu48-h-EC50]t0) and [dCuT]t48 ([Cu48-h-EC50]t48) using the log-normal Probit or the trimmed 
Spearman-Karber method embedded in the CETIS software package (Ver 1.7.0.2, TidePool 
Scientific) (Zitoun et al., 2018). Pearson correlation analyses were performed using the software 
R, Ver 386 3.1.2, to explore the correlation between the response variable ([Cu48-h-EC50]) and 
the predictor variables at t48 (salinity, DOC concentration, [dCuT], [Cutube], [CuINT], and 
[CuEXT]). Further, after ensuring the assumptions of normal distribution and homogeneity of 
variance were fulfilled, an analysis of variance (ANOVA; one-way or two-way) was used to 
examine the relationship between [Cu48-h-EC50] and [dCuT] t0, salinity at t48, DOC concentration 
at t48, [dCuT] t48, [Cutube], [CuINT], and [CuEXT], as well as to test the statistical significance of 
differences in the response and the predictor variables with temperature and DOC. The level of 
statistical significance was adjusted to p ≤ 0.05. Statistical analysis excluded correlations of 






7.3.1. Water quality parameters 
Water quality parameters (i.e., salinity, DOC, temperature, nutrients, dissolved oxygen, 
and pH), measured at the start and the end of the bioassay, were consistent with the targeted 
nominal values and relatively constant during the course of the experiment. Temperature, 
nutrients, dissolved oxygen, and pH are, therefore, assumed to have only minor to negligible 
effects on the outcome of the Cu mass-balance. See Zitoun et al. (2018) for more information.  
 
7.3.2. Cu-toxicity thresholds 
Normal embryo development in the 25 salinity control-treatment was 52.4 % and did not 
meet the ASTM International (1997) test acceptability criterion of 80 %. The two 25 salinity 
treatments were, therefore, removed from further data analysis. The 48-h-EC50 Cu responses 
for the 30 and 35 salinity treatments were between 144.8 and 303.7 nM for nominal [Cu], 135.7 
and 268.7 nM for [dCuT]t0, and 95.8 and 192.3 nM for [dCuT]t48 (Fig. 7.2 A). This depicts a 
difference of up to 1.5-fold in the Cu toxicity threshold for mussel embryos when using different 
[Cu]. Two-way ANOVAs showed no evidence of a significant interaction effect of salinity and 
DOC concentration on [Cu48-h-EC50]Nom (p=0.62), [Cu48-h-EC50]t0 (p=0.89), or [Cu48-h-EC50]t48 
(p=0.88). There was, however, evidence for a significant individual effect of salinity on [Cu48-
h-EC50] (FNom(1,3)=51.33, p=0.005; Ft0(1,3)=10.22, p=0.049; Ft48(1,3)=110.8, p=0.002) (Fig. 7.2 
B); but no evidence of a significant individual effect of DOC concentration on [Cu48-h-EC50] was 
found ([Cu48-h-EC50]Nom: p=0.08, [Cu48-h-EC50]t0: p=0.08, or [Cu48-h-EC50]t48: p=0.09) (Fig. 7.2 C). 
These outputs illustrate that salinity has a negative effect on Cu toxicity thresholds, while DOC 






Figure. 7.2: The 48-h 50 % effect concentration (EC50) Cu-values for M. galloprovincialis embryos. A) [Cu48-
h-EC50] calculated with the Comprehensive Environmental Toxicity Information System for nominal [Cu], [dCuT]t0, 
and [dCuT]t48. B) Relationship between [Cu48-h-EC50] and salinity. C) Relationship between [Cu48-h-EC50] and 
dissolved organic carbon concentration. Vertical error bars represent the 95% confidence intervals (n=5). If no 




Data were normalized with respect to measured [Cu] in the corresponding quality control 
samples. Data were rejected and removed from further data analysis if individual data points 
(particularly [dCuT]t48) or the sum of [dCuT]t48 + [Cutube] + [CuEXT] + [CuINT] exceeded the 
[dCuT]t0 in the test solution by > 20 % (Organisation for Economic Co-operation and 
Development, 2000). Samples which deviated > 20% from the nominal [Cu] or [dCuT]t0 were 
assumed to be contaminated. This was the case for sample G6(salinity 30; 1.0 mg/L DOC), C2 and 6(salinity 
35; 0.7 mg/L DOC), as well as D1, 2, 3 and 5 (salinity 35; 1.1 mg/L DOC). A cutoff of 20 % was chosen, 
following the guidelines of the Organisation for Economic Co-operation and Development 
(OECD, 2000) for testing of chemicals, which state that test substance concentrations should 
not vary more than ± 20 % throughout a bioassay. 
 
7.3.3.1. Total dissolved Cu-concentrations   
Concentrations of Cu generally followed the order of nominal [Cu] > [dCuT]t0 > [dCuT]t48, 
with nominal [Cu] being on average 14.7 ± 5.4 % higher than [dCuT]t0 and 32.8 ± 8.9 % higher 
than [dCuT]t48 (Table S.7.1; Fig. S.7.1). The nominal [Cu] were, however, lower than the 
measured [dCuT]t0 for solutions with targeted [dCuT] < 100 nM, demonstrating a contamination 
issue at t0 or a spiking error. These results indicate that nominal [Cu] and [dCuT]t0 are inaccurate 
predictors of 48-h-EC50 Cu values mainly due to large Cu loss issues in solution, which are 
omitted when only [dCu]t48 are used for the evaluation of Cu toxicity thresholds. Nominal [Cu] 
were, therefore, removed from any further data analysis in the present study. Two-way 




concentration on [Cu] in solution ([dCuT]t0: p=0.46; [dCuT]t48: p=0.48), nor evidence of a 
significant individual effect of salinity ([dCuT]t0: p=0.75; [dCuT]t48: p=0.99) or DOC ([dCuT]t0: 
p=0.75; [dCuT]t48: p=0.58). This output suggests that salinity and DOC had a negligible effect 
on the overall Cu drawdown in solution.  
 
7.3.3.2. [Cutube] 
As expected, there was a strong positive linear relationship between [dCuT]t0 and [Cutube] 
as well as [dCuT]t48 and [Cutube] (Fig. 7.3 A). The two-way ANOVA results showed no evidence 
for a significant interaction effect of salinity and DOC concentration acting on [Cutube] 
(p=0.77), or for salinity (p=0.76) or DOC concentration (p=0.64) acting individually (Fig. 7.3 
B-C). Influences of these 2 environmental factors on [Cutube] in the bioassay are, therefore, 
assumed to be negligible.  
 
 
Figure. 7.3: Container absorbed Cu-concentrations. Relationship between A) [Cutube] and [dCuT]t0, or [Cutube] 
and [dCuT]t48; B) [Cutube] and salinity, and; C) [Cutube] and dissolved organic carbon concentration. Vertical error 
bars illustrate the standard deviation of the replicate measurements (n=5). If no error bar is shown, the error is 
smaller than the symbol size. Some data points are missing because the measured data exceeded the 20 % 
“discrepancy” threshold (OECD, 2000) (see Section 7.3.3. for details). DOC: dissolved organic carbon.  
 
 
The analytical measurement of [Cutube] showed that on average 2.9 ± 0.8 % of the [dCuT]t0 
(Figs. 4 A and S.7.3) was adsorbed by the test containers during the 48-h bioassay experiment. 
The Cu adsorbed to the container wall is, therefore, not the key driver of the Cu loss in solution. 
Nonetheless, there was a statistically significant correlation between [Cutube] and [Cu48-h-EC50]t0 







Figure. 7.4: Factors responsible for the Cu loss in the test solutions and their effect on calculated 48-h-EC50 
Cu-values. A) Average Cu loss (%) attributable to container-wall adsorption and Cu associated directly with 
mussel embryos (intra- and extracellular Cu). Vertical error bars illustrate the standard deviation of the replicate 
measurements (n=5). If no error bar is shown, the error is smaller than the symbol size. B) Relationship between 
[Cu48-h-EC50]t0 and Cu in different Cu-pools. C) Relationship between [Cu48-h-EC50]t48 and Cu in different Cu-pools. 
The [CuINT] for sample D(salinity 35; 1.1 mg/L DOC) is not shown because the obtained data exceeded the 20 % 
“discrepancy” threshold (OECD, 2000) (see Section 7.3.3. for details).  
 
 
7.3.3.3. [CuINT] (> 2 μm) 
The [CuINT] showed no clear trend with increasing [dCuT]t0 or [dCuT]t48 (Fig. 7.5 A). 
There was, however, a statistically significant correlation between [CuINT] and [dCuT]t0 
(F(1,9)=11.03, p=0.008) as well as [CuINT] and [dCuT]t48 (F(1,9)=16.16, p=0.003) for data 
below the 48-h-EC50 Cu-threshold, whereas data above the [Cu48-h-EC50] showed no statistically 
significant correlation between [CuINT] and [dCuT]t0 (p=0.939) or [CuINT] and [dCuT]t48 
(p=0.656) (Fig. 7.5 A). This result is expected considering that detoxification mechanisms and 
metabolic homeostasis - the balance of essential physiological states - of organisms are 






Figure. 7.5: Intracellular Cu-concentration. Relationship between A) [CuINT] and [dCuT]t0 or [CuINT] and 
[dCuT]t48 above and below the [Cu48-h-EC50]; B) [CuINT] and salinity, and; C) [CuINT] and dissolved organic carbon 
concentration. Vertical error bars illustrate the analytical error of the ICP-MS analysis. If no error bar is shown, 
the error is smaller than the symbol size. Some data points are missing because obtained data exceeded the 20 % 
“discrepancy” threshold (OECD, 2000) (see Section 7.3.3. for details). DOC: dissolved organic carbon. 
 
 
A two-way ANOVA indicated no significant interaction effect of salinity and DOC on [CuINT] 
(p=0.52), and there was no evidence for a significant effect of either salinity (p=0.25) or DOC 
concentration (p=0.82) acting separately on [CuINT] (Fig. 7.5 B-C). Both salinity and DOC had 
thus a negligible influence on the intracellular Cu uptake of mussel embryos.  
After 48-h, the intracellular Cu-fraction represented approximately 3.2 ± 4.1 % of the 
[dCuT]t0 (Figs. 7.4 A and S.7.4) and, therefore, does not explain the majority of the decrease in 
[dCuT] during the experiment. Further, although no evidence for a statistically significant 
correlation between [CuINT] and [Cu48-h-EC50]t0 (p=0.196) as well as between [CuINT] and [Cu48-
h-EC50]t48 (p=0.066) was found (Fig. 7.4 B-C), visual inspection of the data (Fig. S.7.4) suggests 
that intracellular Cu does have an impact on the magnitude of adverse effects of Cu on mussel 




7.3.3.4. [CuEXT] (< 2 μm)  
Extracellular Cu adsorption to the mussel embryos increased significantly with increasing 
[Cu] in solution (Fig. 7.6 A) with a slightly higher R2 for [dCuT]t48 than for [dCuT]t0. A two-
way ANOVA showed no statistically significant interaction effect of salinity and DOC 
concentration on [CuEXT] (p=0.625). There was also no evidence of a statistically significant 
individual effect of salinity (p=0.91) or DOC (p=0.59) on [CuEXT] (Fig. 7.6 B-C). These results 
suggest that salinity and DOC had a negligible effect on [CuEXT] adsorbed to mussel embryos 
in the bioassay.  
 
 
Figure. 7.6: Extracellular Cu-concentration. Relationship between A) [CuEXT] and [dCuT]t0 or [CuEXT] and 
[dCuT]t48; B) [CuEXT] and salinity, and; C) [CuEXT] and dissolved organic carbon concentration. If no error bar is 
shown, the error is smaller than the symbol size. Some data points are missing because obtained data exceeded the 
20 % “discrepancy” threshold (OECD, 2000) (see Section 7.3.3. for details). DOC: dissolved organic carbon.  
 
 
Measurements of [CuEXT] revealed an average Cu loss of 28.2 ± 9.9 % of the [dCuT]t0 in solution 
during the bioassay (Figs. 7.4 A and S.7.5). Further, despite the fact that no evidence for a 
statistically significant correlation between [CuEXT] and [Cu48-h-EC50]t0 (p=0.058) or [Cu48-h-
EC50]t48 (p=0.176) was found, Figure 7.4 B and C shows a visible positive correlation between 
[CuEXT] and [Cu48-h-EC50] (R
2 > 0.5). This trend implies a detoxification effect of CuEXT for 
mussel embryos in the bioassay, which demonstrates the importance of extracellular Cu-
adsorption in understanding the mechanisms of Cu toxicity to organisms. 
 
7.3.3.5. Mass-balance evaluation 
For each sample a mass-balance evaluation according to Equation 1 was performed using 
the values of [dCuT]t48, [Cutube], [CuINT], [CuEXT], and the initial Cu concentrations (i.e. 
[dCuT]t0). Seventy percent of all individual treatments returned results with a mass balance 




individual Cu pools was outside this threshold, indicating possible contamination issues (Fig. 
7.7).  
 
Figure. 7.7: Copper mass-balance of the bioassay. Contribution [%] of [CuEXT], [CuINT], [Cutube], and [dCu]t48 
to [dCu]t0 for different salinity-dissolve organic carbon-treatments. Solid red line depicts the 100 % mark, whereas 
dashed lines represent the acceptable ± 20 % error following the guideline for testing of chemicals (OECD, 2000). 
Vertical error bars illustrate standard errors. If no error bar is shown, the error is smaller than the symbol size. 
Note that some data points are missing because obtained data exceeded the 20 % “discrepancy” threshold (OECD, 
2000) (see Section 7.3.3. for details). 
 
 
The contribution to the Cu mass-balance followed the order of [dCuT]t48 > [CuEXT] > 
[CuINT] > [Cutube] (Figs. 7.4 A and S.7.6) with opposite (albeit not statistically significant) 
influences of [CuINT] and [CuEXT] on 48-h-EC50 Cu-values (Figs. 7.4 B-C). These data suggest 
that both Cu pools affected Cu toxicity to mussel embryos. Finally, [Cutube] was positively 
correlated (R2 = 0.915; p=0.01) with [Cu48-h-EC50]t0, but with < 2.8 % contribution to the overall 
mass-balance, this Cu pool is assumed to have had a minor to negligible influence on Cu 
toxicity thresholds derived in this laboratory-based bioassay. 
 
7.4. Discussion 
7.4.1. Effect of [dCuT] on Cu mass-balance 
The evaluation of the Cu mass-balance highlighted several challenges scientists are faced 
with when conducting bioassays. One of the widely known issues is that actual metal-
concentrations in the aqueous phase, at the start and the conclusion of a bioassay, can be 
substantially different from the nominal metal concentrations (e.g., ANZECC, 2000; Armitage 
et al., 2014; US EPA, 1994b; US EPA, 2007). In the present study, Cu concentrations at t0 and 
t48 differed up to 26 % and 46 %, respectively, from the nominal [Cu], which was associated 




measure and report measured [dCuT] during toxicity bioassays compromises the reliability of 
bioassay data, makes a comparison between studies challenging (Leal et al., 2015), and 
contributes to underestimation of Cu-toxicity in aquatic ecosystems. Consistent with the 
literature, test data expressed in terms of nominal [Cu] are, therefore, inadequate for the 
quantification of accurate Cu-toxicity risks to exposed biota.  
The criteria for guideline derivation of the Organisation for Economic Co-operation and 
Development (OECD) and the Australian and New Zealand Environment and Conservation 
Council (ANZECC) now require bioassay results to be based on measured concentrations, 
meaning that ecotoxicological studies have to routinely measure and report actual 
concentrations of a test substance at the start and the conclusion of the exposure (Leal et al., 
2015; Warne et al., 2015) to ensure the validity of the toxicity test. Yet, ecotoxicological studies 
which abide by trace-metal-clean protocols and follow current guidelines for the testing of 
chemicals during bioassays are still mostly lacking (e.g., Benoit et al., 1997; Leal et al., 2016; 
Maienthal and Becker, 1976). According to Leal et al. (2016) only approximately 25 % of 
toxicity studies regarding marine algae reported actual Cu levels measured in the culture media. 
In addition, only approximately 70 % of the data used for the marine ambient water criteria 
derivation in the US EPA guideline (2016) reported measured [dCuT] in the test treatments. 
Given the importance of ecotoxicological bioassays in setting ecological standards of metal 
pollutants to protect and conserve aquatic ecosystems, the present data indicate the importance 
of adherence to current guidelines of standardized toxicity tests and data reporting (Leal et al., 
2016).  
 
7.4.2. Effect of [CuINT] and [CuEXT] on Cu mass-balance 
Another issue, which was also reported by previous studies (e.g., Angel et al., 2015; 
Armitage et al., 2014; Förstner and Wittman, 2012; Leal et al., 2015), is the loss of Cu in 
solution during the course of a bioassay. The mass-balance calculations in the present study 
revealed for the first time that the majority of the Cu drawdown in the test solutions (~ 28 %) 
was attributable to adsorption of Cu to the biological surface of the mussel embryos (i.e., 
extracellular Cu). Hassler and Schoemann (2009) reported similar results (20-36 %) using an 
EDTA washing procedure to discriminate between intra- and extracellular Fe-pools in natural 
phytoplankton assemblages. These high [CuEXT] are no surprise for small organisms at low 
trophic levels (e.g., microorganisms and pico-/nanoplankton) with high surface area/volume 




diffusion processes, and it is widely accepted that extra- and intracellular metal concentrations 
are higher for small species relative to large species (Batley, 1989).  
Extracellular metals bound to the surface of an organisms or cell are important indicators 
of metal bioavailability in the surrounding solution or environment, whereas intracellular 
metals are proxies of physiological processes and susceptibilities of exposed biota to metal 
contaminants (Prasad, 2001). Among others, metal uptake occurs at extracellular sites through 
cation-exchange processes (Prasad, 2001). The quantification of extracellular metals may thus 
provide a good measure of cation-exchange capacities and associated intracellular metal uptake 
of exposed biota (Prasad, 2001; Klevenz et al., 2012). This concept was supported by the 
present study, which found a positive correlation between 48-h-EC50 Cu-values and [CuEXT], 
indicating that extracellular Cu may reduce Cu toxicity to mussel embryos by inhibiting, 
reducing and/or slowing down the intracellular Cu uptake. This result accords with earlier 
observations by Prasad (2001) and Klevenz et al. (2012), which indicated that extracellular 
metal-complexation is used as a detoxification strategy to inhibit metals from entering the cells 
of exposed organisms. The detoxification effect of CuEXT may reduce the applicability of 
extrapolation of 48-h-EC50 Cu toxicity data to other species with lower surface area/volume 
ratios (i.e., larger organisms with lower [CuEXT] possibly have a lower ‘protective’ effect of 
CuEXT against Cu toxicity), raising doubts on the validity and protectiveness of current 
extrapolated water quality criteria. 
Intracellular Cu was responsible for < 3.2 % of the Cu loss during the experiment and 
resulted in Cu body burdens (the total amount of Cu present in the organisms body (Hassler et 
al., 2004)) between 0.01 and 47.1 μg Cu/g DW - values comparable to previously reported Cu 
body burden data by Deruytter et al. (2013) and Geffard et al. (2002) but lower than those found 
by Rosen et al. (2008). Intracellular metals are important for metabolic homeostasis of biota 
(Prasad, 2001) and have been widely recognised as indicators of metal toxicity (Hassler and 
Schoemann, 2009). Determining the cellular location of metal contaminants is thus necessary 
to identify physiological metal requirements as well as to quantify and evaluate possible 
physiological alterations (i.e., biological responses) of organisms in the environment (Prasad, 
2001). However, the extent of bioaccumulation can vary largely within a group of organisms 
(intra-individual variability), as indicated by the present study, depending on a multitude of 
factors such as exposure period, “baseline” or normal metal concentrations in the organism’s 
environment, life stage, inherent sensitivities, abiotic (e.g., salinity, temperature, pH of the 
water, and metal-metal-interaction) and biotic (e.g., body size, mass, age, sex, physiological 
conditions, detoxification paths, and metabolism) parameters (Armitage et al., 2014; Flemming 




(e.g., efflux and production of ligands) and analytical methods, such as embryo drying protocols 
(e.g., air drying, freeze drying, and oven drying) as explained in Deruytter et al. (2013), will 
affect the measurement of bioaccumulation. The variation in [CuINT] and especially in metal-
detoxification mechanisms arising from the secretion of ligands and their complexation with 
metals in the surrounding solution (Jardim and Pearson, 1984; Prasad, 2001; US EPA, 2016; 
Zitoun et al., 2018) makes comparison between ecotoxicological studies challenging and 
inhibits the generalisation of metal-toxicity to a group (e.g., phylum or class) of organisms. 
Zitoun et al. (2018) demonstrated that blue mussel embryos actively and/or passively produce 
ligands that regulate the amount of Cu2+ present in solution and thereby indirectly reduce 
intracellular Cu uptake (Mann et al., 2002). This finding has important implications for the way 
we currently define Cu toxicity to aqueous biota.  
Given that [CuEXT] and the production of ligands can act as detoxification mechanisms, 
Cu body burdens (i.e., [CuINT]) alone cannot be used to calculate accurate 48-h-EC50 Cu values 
and are thus insufficient proxies of the risk of Cu toxicity to aquatic biota. To date, bioassays 
that include measurements of these different Cu pools and detoxification mechanisms are, 
however, lacking - probably because of the technical challenges and costs of these 
measurements. This lack of data may partly explain the substantial differences in 48-h-EC50 
Cu-values between different bioassay studies of M. galloprovincialis embryos (range65 - 547 
nM; e.g., Arnold et al., 2009 and 2010; Bosse et al., 2014; Deruytter et al., 2013 and 2015; 
Rosen et al., 2005). However, the majority of the variability in the 48-h-EC50 Cu-values between 
the different studies is more likely attributed to differences in the Cu bioavailability to the 
embryos owing to differences in the water chemistry (e.g., DOC quantity, DOC quality, and 
DOC-Cu-reactivity with salinity) of the utilized test solutions. The importance of water 
chemistry on Cu bioavailability and thus Cu toxicity to M. galloprovincialis embryos is 
explained in more detail by Zitoun et al. (2018). For a more accurate understanding of the 
mechanisms of Cu toxicity, partitioning, bioavailability, and speciation it is, therefore, 
recommended that ideally future bioassays not only include detailed information on organisms 
history, physiology, morphology, and life stage but also follow comparable embryo- or 
organism preparation-techniques for body-burden evaluations, and measure and record [CuINT] 
and [CuEXT] including ligand concentrations in the test media. 
 
7.4.3. Effect of [Cutube] on Cu mass-balance 
Less than 2.8 % of the Cu loss in the present study was attributed to Cu adsorption to the 




confirmed a study of Vasconcelos and Leal (2001), which used high-density polyethylene 
(HDPE) bottles. However, the study of Subramanian et al. (1978) with polyethylene bottles 
(Nalgene) and borosilicate glass as well as the study of Leal et al. (2015) with polystyrene vials 
indicated a severe Cu loss of > 50 % from aqueous solutions in some trials. Nevertheless, these 
studies omitted to distinguish between container wall adsorption and extracellular adsorption 
to organisms present in the test media, and thus the much higher Cu loss values may be a result 
of this simplification. These findings demonstrate that the extent of [Cutube] varies mainly with 
the type of labware used (e.g., polyethylene containers or glass) and the lack of cleaning 
procedures in some studies (i.e., trace metals can adsorb to or leach from container walls). 
Future ecotoxicological tests should reduce contamination owing to metal leaching from test 
containers and minimize metal loss attributable to metal-adsorption onto container-walls. It is 
recommended that future bioassays (1) comply with conventional trace-metal-clean protocols; 
(2) submerge acid-cleaned labware in a Milli-Q bath for at least 1 d to further reduce the risk 
of metal adsorption on container-walls, and; (3) use appropriate labware (Leal et al., 2016) (e.g. 
acid resistant labware with low-trace-element content such as Teflon, polyethylene, 
polycarbonate, and polypropylene; Maienthal and Becker, 1976; Richter, 2003), to produce 
reliable toxicity data.  
 
7.4.4. Effect of salinity and DOC on Cu mass-balance 
Salinity and DOC, although having a significant effect on Cu toxicity endpoints of some 
aquatic biota (e.g., Deruytter et al., 2015; US EPA, 2016; Zitoun et al., 2018), did not influence 
the partitioning of Cu (i.e., mass-balances) within the present bioassay – which, however, tested 
a limited range of salinities and DOC. This finding is contrary to previous studies (e.g., Absil 
et al., 1993; Deruytter et al., 2013), which illustrated that higher salinities and DOC 
concentrations reduced Cu accumulation in early life stages of mussels. Those studies, however, 
did not differentiate between intra- and extracellular metal-concentrations. In our review of the 
literature, no comparable data was found on the association of [CuEXT] or [Cutube] with salinity 
and DOC. The present study is the first study of this kind. Future studies should emphasize the 
identification of abiotic and biotic effects on mass-balance data to improve our understanding 
of bioassays and associated Cu toxicity.  
 
7.5. Conclusion and recommendations 
The present study indicates that toxicity bioassays are complex and that associated metal 




The calculation of 48-h-EC50 Cu values that are too simple (i.e., overlook mass-balance issues) 
may lead to an ‘under-protection’ of affected aquatic biota and their natural ecosystems when 
nominal [Cu] and [dCuT]t0 instead of [dCuT]t48, which already accounts for the Cu-loss and 
detoxification processes in solution, are used to calculate 48-h-EC50 Cu values. In addition, the 
effect of [CuEXT] and [CuINT] on 48-h-EC50 Cu-values adds a level of uncertainty to the data 
interpretation. To provide reliable estimates of metal-toxicity and accurate predictions for risk 
assessments, we recommend that in addition to standard good practice for ecotoxicity bioassays 
(i.e., following OECD, ANZECC and US EPA guidelines) the following procedures are used 
for routine testing:  
 
(1) Implementation of trace-metal-clean techniques in all stages of preparation, sample 
collection, handling, storage and analysis, including the use of appropriate labware, 
following Leal et al. (2016). 
 
(2) Evaluation of metal-concentrations using sensitive analytical methods and instruments 
(e.g., ICP-MS, voltammetry).  
 
(3) Detailed reporting of test conditions, experimental procedures and test organisms to the 
greatest extent possible. 
 
(4) Calculation of toxicity endpoints with total dissolved metal concentrations measured at 
the end of the bioassay to reduce the bias of estimating metal toxicity thresholds without 
taking into account the metal loss in the system. 
 
Studies aimed at understanding the mechanisms of metal toxicity, partitioning, bioavailability, 
and speciation should further discriminate between intra- and extracellular metals, at 
appropriate scales, using chemical extraction procedures. To reduce sample size we suggest 
extractions for only 3 samples per treatment - the lowest, middle, and highest exposure 
concentration. 
Complying with these procedures will enable comparisons between laboratory-based 
ecotoxicological studies and avoid misinterpretations of toxicity thresholds as well as bioassay 
to in-situ extrapolations. More research is, however, needed to improve our understanding of 
the mechanisms of metal toxicity in the aquatic environment, which may lead to changes in 
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8.1. Brief summary of the thesis  
Research undertaken during the last decades in the field of trace metal biogeochemistry 
has emphasised the importance of trace metal speciation as a key parameter in understanding 
the bioavailability, toxicity, cycling and transport processes of trace metals in the marine 
environment (Van Briesen et al., 2010; Buck et al., 2017). It is also well established that 
information on organic ligands is crucial for understanding the bioavailability and ultimate 
impact of trace metals to marine life (Jacqout and Moffett, 2015; Buck et al., 2017). Yet, 
knowledge about organic ligand sources and their chemical identities remains limited. 
Additionally, the factors influencing speciation processes are still not fully understood (Bundy, 
2014; Thompson et al., 2014). This thesis aimed to address this paucity of information regarding 
trace metal speciation, organic ligands, and their controlling processes in the marine 
environment using Cu as a model transition metal. Water samples from four different marine 
systems (i.e., estuarine, coastal, shelf, and open ocean areas, as well as a shallow hydrothermal 
vent system) around New Zealand were analysed for Cu speciation and Cu-complexing organic 
ligands using the AdCSV technique. Further, the aspects of Cu toxicity to a common marine 
bivalve were also evaluated. In particular, it was found: 
 
Chapter 3: Copper speciation in the marine environment  
This chapter reported the HR-SF-ICP-MS measurements of [CuT] and the AdCSV 
determination of Cu-complexing organic ligands in seawater from three sites along a cross-
shelf (CS) transect in the Hauraki Gulf region, north-eastern New Zealand, in autumn 2015 and 
2016. The specific findings of this chapter are: 
 
 [CuT] in the surface waters ranged from 0.32 to 1.16 nM. 
 Presence of one ligand class with relatively uniform logK values in the working area, 
indicating a similar chemical nature of prevalent Cu-binding ligands. 
 Cu was strongly and homogeneously complexed (> 99.7 %) throughout the water 
column, buffering [Cu2+] to levels between 0.001 and 0.195 pM.  
 High [L] in the upper water column, the decrease of [L]/[CuT] with depth, and logK 
values in the range of 11.4 to 13.6 hint towards a biological source of the prevalent 
organic ligands in the euphotic zone of the Hauraki Gulf region.  
 The variable distribution and concentration of Cu2+ and L in the deeper waters are 
thought to result from remineralisation of sinking OM, resuspension of benthic material, 
or lateral inputs from the coast and shelf.  




 The poor correlations between [L] and [CuT], chl-a, DOC, and POC concentrations, 
demonstrate the importance of ligand quality over quantity. However, this poor 
correlation may also be explained by the fact that there are still unknown sources 
(allochthonous and autochthonous) of organic ligands contributing to the marine Cu-
binding organic ligand pool. 
 Poor correlation of [L] and [Cu2+] with measured abiotic and biotic parameters 
suggested that no simple relationship between Cu speciation parameters and 
environmental factors exist in the working area.  
 
This work is the first detailed study of Cu speciation in the region of the Hauraki Gulf, in the 
western section of the South Pacific Ocean. The study delineates that even though hydrological 
regimes can be variable and dynamic, Cu-binding organic ligands, irrespective of their sources, 
are present everywhere in the water column, keeping Cu2+ at goldilocks’ concentrations that are 
neither ‘too little’ nor ‘too much,’ but ‘just right’ for the maintenance of marine ecosystem 
health (e.g., Brand et al., 1986; Bruland et al., 2014; Jacquot and Moffett, 2015; Maldonado et 
al., 2006; Peers et al., 2005). 
 
Chapter 4: Sources of Copper: Cu speciation in shallow hydrothermal vents   
This chapter focused on the speciation of Cu in hydrothermally-influenced seawater 
samples collected in 2015 from a shallow low-temperature vent system (< 15 m depth) around 
White Island/Whakaari in the Bay of Plenty, New Zealand. The major findings of this study 
are:  
 
 [CuT] in the study area was in the range of 0.8 to 3.1 nM with [CuT] at the vent sites 
similar to those of samples collected at the control sites. 
 Approximately 99.8 % of the dissolved Cu was present in a complexed form. As a result, 
[Cu2+] was reduced to concentrations < 0.1 pM, which is a concentration above Cu 
deficiency and below Cu toxicity to marine microorganisms.  
 The Cu ligand pool around the vent sites is dominated (by up to 78 %) by inorganic 
sulfur species (logK of 11.9 ± 0.2). The organic ligands (logK values of 12.6 ± 0.6) are 
speculated to be of biological origin, derived from microbes living within and around 
the vent system. These stable organic and inorganic Cu complexes are suspected to 
persist in solution, allowing dissolved Cu to be transported into the biologically active 
upper photic zone.  




 The lack of a statistically significant correlation between [L] and [CuT] was thought to 
be a result of (1) different microorganism species producing different amounts of Cu-
binding ligands, (2) the presence of different ligands with different chemical properties, 
or (3) the abiotic formation of ligands formed under hydrothermal conditions. 
 There was only a minor, if any, linkage between Cu speciation parameters of 
hydrothermally-influenced seawater samples and abiotic as well as biotic parameters.   
 
This work is a pioneer study of Cu speciation in shallow hydrothermal vents around New 
Zealand. The study showed that hydrothermally-derived ligands promote Cu solubilities at vent 
sites, suggesting that shallow hydrothermal vents may be important sources of dissolved Cu to 
the upper photic zone. Shallow hydrothermal vents could, thus, be more relevant to marine 
productivity and Cu-cycling in the upper ocean than previously realized.  
 
Chapter 5: Aqueous copper bioavailability linked to shipwreck-contaminated reef 
sediments  
This chapter investigated the effect of localised and anthropogenically induced Cu 
contamination from the 2011 MV Rena shipwreck on Cu speciation, bioavailability, and toxicity 
at the Astrolabe Reef (Otaiti) in the Bay of Plenty, New Zealand. The specific findings of this 
chapter are: 
 
 Pronounced, but localised, Cu contamination around the aft section of the wreck (9.2 to 
14.3 nM dCuT), where the highest sedimentary load of Cu clove was located. Sites distal 
to wreck generally had [dCuT] equal to, or less than, those detected at the control site of 
Okarapu Reef. 
 Voltammetric data indicated the presence of only one Cu-binding organic ligand class 
with average conditional stability constants (logK) of 11.6 ± 0.3. 
 [L] was always in excess of [dCuT]. However, the free Cu2+ ion concentrations ranged 
from 2.3 to 81.9 pM in the water column, a threshold found to be toxic for some marine 
microorganisms (Sunda et al., 1987 and 1990). 
 [dCuT], [Cu2+], and [Cu’] were higher in the vicinity of the MV Rena and [L] followed 
that trend. This result was thought to hint towards an active biological production of 
ligands by local biota to mitigate the toxic effects of the elevated Cu2+ levels around the 
shipwreck. 
 The differences in Cu speciation parameters during the two sampling periods likely 
reflect temporal changes in abiotic and biotic parameters, typical for dynamic high-




energy reef environments. These temporal changes in environmental conditions usually 
alter Cu complexation processes in the water column (Huang et al., 2003; Buck and 
Bruland, 2005; Grosell et al., 2007; Cooper et al., 2014). 
 
The MV Rena wreck represents one of the few relatively accessible recent shipwrecks in global 
coastal waters (Battershill et al., 2016), and thus provides a unique opportunity to gain a better 
understanding of the long-term environmental consequences of Cu contamination owing to 
maritime accidents. Elevated [Cu2+] continue to affect the ecological composition of the 
Astrolabe Reef ecosystem even after a 5-year recovery from the ship wreck. Consequently, 
documenting and gaining a complete understanding of the ultimate fate of anthropogenically 
induced Cu in natural environments, and the timescale of the ecological recovery of affected 
marine systems, is crucial to help legislators to develop management strategies, monitoring 
programs, and recovery plans that will aid with the prompt decision making for future 
shipwrecks. 
 
Chapter 6: Copper toxicity to blue mussel embryos (Mytilus galloprovincialis) - The 
effect of natural dissolved organic matter on copper toxicity in estuarine waters. 
This chapter addressed the effect of salinity and dissolved organic carbon (DOC) on Cu 
speciation and associated toxicity to blue mussel (Mytilus galloprovincialis) embryos using a 
bioassay test. The standard single-species 48 h bioassay test was conducted at NIWA 
(Hamilton, New Zealand) in 2015. The most important findings of this chapter are: 
 
 The 48-h-EC50 responses of mussel embryos were between 81.6 and 249.2 nM CuT, 
depicting a 3-fold difference in the Cu sensitivity of M. galloprovincialis embryos in 
different salinity-DOC-treatments.  
 Each treatment had only one strong Cu-binding ligand class with logK values > 12.1.  
 The increase in [L] with increasing [CuT] suggested a production of Cu-binding ligands 
by exposed embryos to buffer the [Cu2+] to non-toxic levels.  
 The increase in salinity resulted in a simultaneous increase in [Cu’] and thus greater Cu 
toxicity to mussel embryos. This increase in Cu’ contradicted expected Cu speciation 
processes and was thought to be a results of (1) salinity induced changes in DOC-Cu-
reactivity (Cooper et al., 2014); (2) differences in active ligand secretion in different 
salinities, or; (3) changes in the ionoregulatory processes and osmoregulatory 
physiology of affected organism (Grosell et al., 2007; De Polo and Scrimshaw, 2012; 
Deruytter et al., 2013).  




 Cu toxicity decreased with increasing DOC concentration, but DOC quality seemed to 
be more important for Cu complexation processes than DOC quantity.   
 [Cu’], together with [L], DOC quality, and salinity are thought to be good proxies to 
predict 48-h-EC50 Cu-values to mussel embryos.  
 
This study provides crucial insight into the critical role of Cu speciation parameters to promote 
the development of an operational saline BLM for Cu. Additionally, this study demonstrates 
for the first time that [Cu’] along with measurements of [L], DOC quality, and salinity are good 
predictors of 48-h-EC50 Cu-values and are thus critical to obtain an integrated picture of the 
ultimate impact of Cu to marine biota. Incorporating salinity, osmoregulatory processes, active 
secretion of Cu-binding ligands, DOC quality, and changes in DOC-Cu-reactivity with salinity 
into future Cu-toxicity models will improve environmental regulations for accurate risk 
assessments of Cu toxicity in marine systems.  
 
Chapter 7: Investigating the fate of copper in a laboratory-based toxicity test with 
embryos of Mytilus galloprovincialis. Copper mass-balance of a closed bioassay. 
This chapter assessed the Cu mass-balance of the bioassay test described in Chapter 6 and 
evaluated potential bias in calculated Cu toxicity thresholds and associated Cu risk assessments 
for natural saline waters. The specific findings of this chapter are: 
 
 [CuT] at the end of the bioassay were ~32 % lower than those at the beginning of the 
test. 
 Nominal and initial [Cu] underestimate overall Cu toxicity to mussel embryos by up to 
1.5-fold owing to Cu-loss in solution. 
 The majority of the Cu drawdown in the test solutions (~ 28 %) was due to extracellular 
adsorption of Cu to the biological surface of the mussel embryos, indicating that 
extracellular Cu (CuEXT) is the most important Cu sink in a mussel-embryo bioassay.  
 Intracellular Cu (CuINT) and Cu adsorption to the walls of the test containers (Cutube) 
played only a minor part in the Cu-loss during the experiment.  
 The positive correlation between 48-h-EC50 Cu-values and [CuEXT] suggested that 
CuEXT may reduce Cu toxicity to mussel embryos, potentially by inhibiting, reducing 
and/or slowing down intracellular Cu2+ uptake.  
 Salinity and DOC did not influence the partitioning of Cu in the laboratory-based 
bioassay - which, however, tested only a limited range of salinities and DOC 
concentrations.  





This study delineates an important bias towards calculated Cu toxicity thresholds when results 
are based on nominal and initial [CuT] instead of [CuT] at the conclusion of the test. Failure to 
address actual [CuT] in solution at t48 can result in substantial uncertainties and 
misinterpretations of actual Cu toxicity risks (i.e., water quality criteria) to marine organisms 
(Leal et al., 2015). The present study, therefore, emphasized the importance of following current 
guidelines for the testing of chemicals, and standardising toxicity tests and data reporting, to 
assure reliable estimates of Cu toxicity to marine biota. Further, this work provided evidence, 
for the first time in a laboratory-based bioassay, that CuEXT is the most important sink for CuT 
in bioassays of mussel embryos. The study also established that CuEXT reduces Cu toxicity to 
embryos, potentially by inhibiting Cu from entering the cell of the mussel embryo. 
Consequently, studies aimed at understanding the mechanisms of Cu toxicity, partitioning, 
bioavailability, and speciation should most certainly discriminate between the intra- and 
extracellular Cu pool. 
 
8.2. General conclusion of the thesis  
This work has addressed the four initial key aims that were set out at the beginning of this 
thesis: 
 
Objective 1: Investigation of [CuT] and speciation parameters in several different marine 
systems. 
This objective was investigated by determining [CuT] and Cu speciation parameters in 
four different marine systems around New Zealand: the Hauraki Gulf region, White Island/ 
Whakaari, the Astrolabe Reef, and the Whau Estuary. [CuT] were evaluated using ICP-MS, 
while Cu speciation parameters were assessed using AdCSV.  
The results of CuT and Cu speciation studies in New Zealand waters indicated that despite 
the differences in the biogeochemical regimes of the sampled natural saline waters, dissolved 
Cu was predominantly associated with organic and inorganic ligands (> 99 %) of relatively 
uniform binding strengths (logK) (Jacquot, 2013; Bundy, 2014). The CuT complexation 
processes in White Island were dominated by up to 78 % by inorganic sulfur species with logK 
values in the range of 11.9 ± 0.2. The uniformity of the conditional stability constants of the 
CuL-complexes (logK values between 11.6 and 13.6) indicates a similar chemical nature of the 
prevalent Cu-binding organic ligands in the sampled marine environments. Surprisingly, only 
one organic ligand class was found in the various sampled marine waters, even though samples 




of complex and heterogeneous marine waters are much more likely to contain two or more 
ligands (Heller and Croot, 2015). This output runs counter to the theory that marine waters 
consist of a ‘ligand-soup’ (Town and Filella, 2000), which comprises numerous different 
organic ligands across a spectrum of different logK values (Heller and Croot, 2015; Whitby, 
2016). However, this study has been unable to demonstrate the presence of L2 - Li in the sampled 
marine environments, potentially owing to the difficulty of quantification and resolution of 
more than one discrete ligand class with one analytical window, when logK values are of similar 
magnitude (Sander et al., 2011; Wells et al., 2013). Thus, questions over whether a second 
ligand class was absent in the working areas, or whether a second ligand class was present but 
could not be resolved analytically, remain open. Future studies should, therefore, if sample 
volume allows, use a multiple analytical window (MAW) electrochemical approach, which 
enables a better detection of a broad spectrum of organic ligands in the same seawater sample 
(Sander et al., 2011; Wells et al., 2013; Bundy, 2014; Pižeta et al., 2015). Further advances in 
current analysis methodology, including the development of modelling procedures with fewer 
assumptions and less room for selective bias (Whitby, 2016), are also necessary to better resolve 
different organic ligand classes present in natural saline waters.  
In most of the sampled marine waters (i.e., Hauraki Gulf region, White Island/ Whakaari, 
and the Whau Estuary) organic and inorganic ligands effectively buffered the concentration of 
the free and bioavailable Cu2+ ion, resulting in [Cu2+] often over a thousand-fold lower (ranging 
from 8 x 10-12 to 10-15 M) than the dissolved concentrations. Cu2+ levels were thus low with 
values rarely exceeding the toxicity threshold (10-11 M (Brand et al., 1986; Moffett et al., 1997)) 
or falling short of the deficiency threshold (10 -15 M (Maldonado et al., 2006; Peers et al., 2005)) 
recorded for marine microorganisms (Jacquot, 2013). Only in marine environments with highly 
elevated [CuT] owing to anthropogenic Cu input, e.g. the Astrolabe Reef, was the Cu 
complexation capacity of natural organic ligands saturated, which led to toxic levels of [Cu2+] 
in these systems. Consequently, polluted ecosystems like the Astrolabe Reef show signs of 
degradation and further deterioration of the structure and functionality of the affected 
ecosystems can be expected if high [Cu2+] persist. Ligands thus play a vital role in maintaining 
the delicate balance between ecosystem health and degradation. However, dynamic changes in 
the abiotic and biotic environment, and especially additive and synergistic multiple stressors, 
might impede the capability of marine biota to consistently produce sufficient ligands to 
maintain this delicate ecosystem balance owing to energy redistribution to sustain homeostasis. 
Chapters 3 through to 6 highlight the importance of Cu complexation processes on Cu 
bioavailability and toxicity to marine life.  
 




Objective 2: Investigation of the influence of physical, biological, and chemical 
environmental factors on the behaviour and the fate of Cu in natural saline waters. 
This objective was examined by correlating [CuT] and Cu speciation data with measured 
abiotic (e.g., water depths, salinity, temperature, pH, DOC, POM, nutrients) and biotic (e.g., 
chl-a) factors in the water column of the Hauraki Gulf region, White Island/ Whakaari, the 
Astrolabe Reef, and the Whau Estuary.  
This objective was partially accomplished by Chapter 3, 4, 5 and 6. Chapters 3 to 5 
highlighted the complexity of the relationship between Cu speciation parameters (i.e., [L] and 
[Cu2+]) in the water column and prevalent environmental factors. Neither Chapter 3 nor Chapter 
4 showed good correlations between Cu speciation parameters and salinity, temperature, pH, 
sample depth, chl-a, POM, DOC, and nutrient concentrations (i.e., NOx, phosphate) in the 
water column, with the exception of ammonium. Ammonium had a strong negative correlation 
with [CuXIN] and [Cu
’] for samples in Chapter 4, suggesting chemical formation of a soluble 
Cu-amine complex in solution. Further, despite the fact that abiotic and biotic parameters were 
not explicitly measured in Chapter 5, it is plausible to suggest that the fluctuations in the [L] 
and [Cu’] between the two sampling periods at the Astrolabe Reef are due to changing physical, 
chemical, and biological properties of the water column. Alterations of abiotic and biotic 
parameters are typical for dynamic coastal environments, and thus alterations in metal 
complexation processes are to be expected (Huang et al., 2003; Buck and Bruland, 2005; 
Grosell et al., 2007; Cooper et al., 2014). All in all, only a minor linkage, if any, could be 
determined between Cu speciation parameters in the various marine environments and abiotic 
as well as biotic parameters, indicating that Cu speciation in natural saline waters is complex 
and likely controlled by a suite of interlinked physical, chemical, and biological processes.  
Chapter 6 stressed that biological Cu uptake and thus toxicity to marine life depends on 
a variety of environmental factors, such as salinity and DOC. For instance, salinity increased 
Cu toxicity to tested mussel embryos, which was thought to be a result of changing DOC-Cu-
reactivity (Cooper et al., 2014), varying ligand excretion, or changing ionoregulation and 
osmoregulation of affected organism (Grosell et al., 2007; De Polo and Scrimshaw, 2012; 
Deruytter et al., 2013). On the other hand, increased DOC concentrations decreased Cu toxicity 
in the bioassay. However, in line with findings by other studies, it is possible that some CuDOC-
complexes are bioavailable and that a direct interactions of DOC with biological 
surfaces/membranes changes the ionic transport and/or permeability properties of organisms, 
which might also alter their Cu sensitivity (Lorenzo et al., 2005; Mubiana et al., 2005; Mubiana 
and Blust, 2006; Deruytter et al., 2017). The ultimate impact of Cu on marine life is intricate, 
dependent on the interactions between interrelated physical, chemical, and biological properties 




of the water column and the affected organism itself. This study is the first step to identify and 
understand environmental factors controlling Cu toxicity, and further advances in this field will 
be of great interest for ecotoxicologist and legislators in order to regulate and maintain 
ecosystem health and functionality.  
While it is well established that the fate of Cu in the marine environment is driven by 
physical, chemical, and biological factors of the water column (Sunda and Huntsman, 1983; 
Town and Filella, 2000; De Schamphelaere and Janssen, 2002; Kiaune and Singhasemanon, 
2011; Tercier-Waeber et al., 2012; Cindrić, 2015), the knowledge of the effect of biotic and 
abiotic drivers on Cu speciation, bioavailability, toxicity, and ligand complexation is still 
limited (Jacquot, 2013; Bundy, 2014) and remains a real scientific challenge in marine 
geochemistry and ecotoxicology. Moreover, environmental factors vary temporally and 
spatially in natural saline waters (Town and Filella, 2000; Osterholz et al., 2016), which adds 
another challenge towards the understanding of the biogeochemical behaviour of Cu (i.e., 
speciation, reactivity, mobility, and availability to biota) in the water column. There is a dearth 
of knowledge on the biogeochemical processes that mediate the behaviour and fate of Cu in the 
marine environment, which indicates the need to conduct further studies. Future outputs will 
produce a better understanding of Cu dynamics in the marine environment, therewith advancing 
the field of trace metal biogeochemistry. Additionally, more data will validate and improve 
current models and long-term projections of Cu and other bioactive transition metals in marine 
systems.  
 
Objective 3: Clarification of potential organic ligand sources in the marine environment. 
This objective is related to objective 2 and was investigated by examining the [L], their 
distribution, and the logK values of the CuL-complexes in the water column of the Hauraki 
Gulf region, White Island/ Whakaari, and the Astrolabe Reef. Further, [L] were correlated with 
other measured parameters in the water column, such as [CuT], [Cu
2+], chl-a, DOC, and POM, 
to provide some indirect assumptions of the potential sources and chemical properties of Cu-
binding organic ligands in the marine environment. The 48-h bioassay with M. 
galloprovincialis embryos (discussed in Chapter 6) illustrates a more direct approach, since the 
bioassay, among other things, tested if mussel embryos exposed to elevated Cu levels are able 
to produce ligands to mitigate Cu’ stress/toxicity.  
This objective was in part fulfilled by Chapter 3, 4, 5, and 6. Cu-binding ligands were 
measured in various marine systems around New Zealand, and each saline environment was 
shown to contain only one distinct organic ligand class. One of the most interesting findings of 




this thesis was the lack of a correlation between [L] and [CuT], which indicated that organic 
ligand quality (i.e., Cu-binding affinity and capacity) was more important in determining Cu 
complexation processes in the sampled natural marine environments than [L] (e.g., Chapter 3,4, 
and 6). This finding highlights the necessity to elucidate the sources and chemical natures of 
organic Cu-binding ligands in order to improve the current understanding of the biogeochemical 
behaviour of Cu in marine systems. However, the present work used an indirect electrochemical 
method to assess Cu speciation, which provides data for [Cu2+], [L], and logK, but gives no 
information about the chemical structure and associated source of the measured Cu-binding 
ligands (Gledhill and Buck, 2012; Bundy, 2014; Whitby, 2016). In spite of this limitation, 
indirect conclusions of potential ligand origin could be drawn in this thesis, using the 
distribution and concentration of ligands and the correlation of [L] with other parameters.  
The increase in [L] with increasing [CuT] in surface waters, the high [L] in the bioactive 
upper water column, the decrease of [L]/[CuT] with depth, and logK values in the range of 11.4 
to 13.6 suggested an active production of Cu-binding organic ligands by local marine biota to 
either mitigate the toxic effects of Cu2+ excess in the surrounding water column (Di Toro et al., 
2001; US EPA, 2016) or enhance Cu2+ bioavailability and uptake under Cu2+  limiting 
conditions (Albrecht-Gary and Crumbliss, 1998; Hassler et al., 2004). In line with findings by 
other studies in the field (Moffett et al., 1990; Leal et al., 1999; Croot et al., 2000; Chang et al., 
2003; Moffett and Dupont, 2007; Gledhill and Buck, 2012; Thompson et al., 2014; Jacqout and 
Moffett, 2015), phototrophic and photosynthetic microorganisms, such as cyanobacteria, 
dinoflagellates, and coccolithophores, are suggested to be potential producers of autochthonous 
Cu-binding ligands in the euphotic zone of the sea. Moreover, the 48 h bioassay in Chapter 6 
showed that Cu-stressed mussel embryos are also able to produce Cu-binding ligands to buffer 
[Cu2+] in the surrounding water to non-toxic levels. It is thus possible that numerous marine 
biota are able to actively or passively produce organic ligands during harmful conditions in the 
water column, thereby adding to the marine Cu-binding organic ligand pool and thus keeping 
the system in ‘balance’. However, whether ligand production is an inherent trait of marine 
organisms to cope with deficient or excessive [Cu2+] in their marine environment, whether their 
ligand production is an evolutionary response to Cu in the water column, or whether this 
‘balance’ results from the complex coevolution of marine biota and ocean chemistry, are 
questions which currently remain unresolved.   
The missing correlation between [L] and chl-a, DOC, as well as POC in Chapter 3, 
stresses that the heterogeneous ligand pool in the marine environment not solely consists of 
autochthonous organic ligands, but also includes some organic ligands of terrestrial nature (i.e., 
HS), organic ligands derived from chemoautotrophic microorganisms (Klevenz et al, 2012; 




Abualhaija et al., 2015; Sander et al., 2015; Whitby and Van den Berg, 2015; Whitby, 2016; 
Mahmood, 2017; Whitby et al., 2017; Whitby et al., 2018), or in the case of hydrothermal 
systems can include substantial amounts of inorganic ligands such as sulfides (Kleint et al., 
2015; Powell, 2015). Another potential explanation for the lack of correlation between [L] and 
chl-a, DOC, as well as POC is that some organic ligands might originate from yet unknown 
allochthonous and autochthonous sources, e.g. in shallow hydrothermal vents, where inorganic 
sulfide Cu complexation dominates, some organic ligands are though to derive from yet 
unknown abiotic hydrothermal sources, potentially formed during extreme hydrothermal 
conditions (e.g., Chapter 4; Powell, 2015; Sander et al., 2007). Organic ligands found in deeper 
saline waters, away from the surface, were assumed to derive from passive production pathways 
linked to grazing, OM breakdown (i.e., degradation), cell lysis, bacterial remineralisation, 
decomposition of sinking OM, resuspended benthic inputs, or lateral advected inputs from the 
coast and shelf (Coale and Bruland, 1990; Gledhill and Buck, 2012; Jacquot and Moffett, 2015; 
Völker and Tagliabue, 2015; Whitby et al., 2018). Despite their chemical differences, 
allochthonous and autochthonous organic ligands (e.g., HS) cannot be differentiated owing to 
their similar Cu complexation behaviour (i.e., consistent complexing sites/functional groups) 
(Sohn and Weese, 1986; Whitby et al., 2018). 
One disadvantage of the nature of this work is the lack of definite confirmation of the 
chemical structures of the measured organic ligands, which complicates the current 
understanding of the biogeochemical behaviour of Cu in the water column and it’s toxicity to 
marine biota (Bundy, 2014). Without these data, it is difficult to constrain ligand sources 
(Bundy, 2014) and statements on Cu complexation processes remain only indirect assumptions 
based on a correlation (or the lack of a correlation) of [L] with other parameters in the 
surrounding water. Consequently, misinterpretations of Cu-binding ligand sources and Cu-
complexing processes in the marine environment are possible. Some field measurements and 
laboratory culture studies are beginning to provide answers to the architecture and sources of 
organic ligands, but many questions remain unresolved. Future studies should thus combine 
voltammetric analysis (i.e., MAW analysis) with other emerging methods to better identify the 
individual compounds contributing to the marine Cu-binding organic ligand pool. Other 
methods currently being developed for saltwater samples to identify ligands structures and thus 
sources include excitation-emission matrix (EEM) fluorescence combined with parallel factor 
analysis (PARAFAC) (e.g., Yamashita et al., 2011), nuclear magnetic resonance (NMR) (e.g., 
Whitby, 2016), high performance liquid chromatography mass spectrometry (HPLC-MS) (e.g., 
Boiteau et al., 2013), Fourier-transform ion cyclotron resonance mass spectrometry (FT-ICR-
MS) (e.g., Pohlabeln and Dittmar, 2015), and stable isotope geochemistry. However, these 




methods are still in their infancy, have been barely used for complex marine samples, or require 
special expertise and equipment, which complicates the implementation of this suggested 
combined approach, especially by one single laboratory. More research is necessary before 
either of the methods can be reliable used for the evaluation of the marine Cu-binding organic 
ligand pool. The future application of this multi-faceted analytical approach, if the limitations 
will be overcome, will provide new insights into the provenance and chemical nature of the 
complex marine Cu-binding organic ligand pool and thus likely reveal more information about 
Cu speciation, Cu cycling, and their drivers than either set of measurements would on their own 
(Thompson et al., 2014). This leap in knowledge will pave the way for modellers to develop 
better biogeochemical models for Cu in marine systems. 
 
Objective 4: The assessment of the risk of Cu toxicity in numerous marine systems. 
This objective was examined by evaluating the [Cu2+] in the water column of the four 
working areas (i.e., Hauraki Gulf region, White Island/ Whakaari, the Astrolabe Reef, and the 
Whau Estuary) and comparing their Cu2+ levels to values reported to be toxic to marine 
phytoplankton (Sunda et al., 1987 and 1990) and M. galloprovincialis embryos (Chapter 6).  
The Hauraki Gulf region, White Island/ Whakaari, and the Whau Estuary had [Cu2+] well 
below 10 pM, which is reported to be toxic to some marine phytoplankton by Sunda et al. (1987 
and 1990), and also below ~ 2.3 nM, the concentration reported to impede the development of 
M. galloprovincialis embryos in this thesis. The [Cu2+] in these working areas was maintained 
at non-toxic levels, predominantly by complexation to organic and inorganic (i.e., sulfides) 
ligands, which effectively buffered the marine systems against changes in their Cu2+ levels. It 
cannot be ruled out, however, that physical, chemical, or biological transformations of the 
marine systems, especially during tidal cycles and stormwater events, cause transient toxicity 
to prevalent marine biota. Only the Astrolabe Reef, with 2.3 to 81.9 pM Cu2+ in the water 
column in the immediate vicinity of the wreck, had [Cu2+] well above the critical toxicity 
threshold for marine microorganisms. Although [Cu2+] at the reef was 2 orders of magnitude 
lower than those calculated to be toxic to blue mussel embryos, the settlement plates in the 
vicinity of the MV Rena showed lower benthic invertebrate recruitment. Additionally, different 
types of organisms were recruiting the settlement plates in high Cu2+ areas. This output 
illustrates that Cu2+ sensitivity is species dependent with varying effects to a broad range of 
different marine organisms. Consequently, elevated [Cu2+], both naturally and 
anthropogenically, can drive differences in organism recruitment and thus alter community 
diversity, structure, and functionality of affected ecosystems (Burton and Johnston, 2010; Hill 




et al., 2013). Especially organisms unable to counteract persistent or intermittent high Cu2+ 
exposures through ligand production likely have difficulties outcompeting other species and 
surviving as individuals and on a species level in these affected ecosystems. This data indicates 
that without further research the generalisation across species of the effects of Cu bioavailability 
on toxicity (toxic or sub-lethal effects) can be rather complicated, which inhibits the 
development of an operational and reliable BLM for natural saline waters. 
One of the main goals of this thesis was to contribute to the scientific understanding of 
the nature, fate, and toxicity of Cu in the marine environment to develop a better basis for future 
approaches to generate an operational marine BLM and thus yield an appropriately protective 
guideline for Cu-based WQC. Crucial elements in developing a reliable BLM are the ability to 
measure Cu speciation in seawater accurately (Tait, 2013; Smith et al., 2015) and to have a 
fundamental understanding of associated Cu bioavailability and toxicity to marine life. 
However, as Chapter 3 to 7 pointed out, several limitations and uncertainties exist in the 
assessment of Cu speciation, bioavailability and toxicity in natural saline waters, all of which 
are not accounted for by the current preliminary version of the marine BLM. Some of the main 
parameters and processes not considered in the BLM are listed below: 
 
(1) Salinity induced changes (i.e., osmotic stress) in the iono- and osmoregulatory processes 
of the marine organism. These changes might influence Cu bioavailability and thus 
toxicity to marine biota (Chapter 6).   
(2) Changes in DOC-Cu-reactivity (Cooper et al., 2014; Abualhaija et al., 2015; Whitby et 
al., 2017) with varying salinity. These changes can result in a reduction of the Cu2+ 
buffer capacity of DOC in the surrounding water (Chapter 6).   
(3) The fact that different organic ligands have different chemical characteristics, i.e. 
multidentate binding capacities, and non-specific metal affinities of ligand binding sites. 
Different ligands may thus demonstrate different levels of protectivity against Cu2+ 
excess to marine life (Chapter 3, 4, and 6).  
(4) Possibility that besides Cu2+, CuXIN and CuDOC may also be bioavailable and 
potentially toxic to marine organisms (Chapter 6 and 7). 
(5) Bias in estimated Cu toxicity thresholds of laboratory-based bioassay studies (e.g., Cu 
loss in solution, detoxification processes, differentiation between extra- and intracellular 
Cu pool) used for the development of the BLM (Chapter 7). This bias can lead to a 
significant misunderstanding of Cu toxicity mechanisms and give rise to a 
misrepresentation of Cu toxicity to test organisms, with the latter one inhibiting the 
reliability of derived WQC. 




(6) Limited knowledge of the effect of abiotic and biotic factors and processes on Cu 
speciation, bioavailability, and toxicity. This knowledge gap complicates the ability to 
understand the biogeochemical behaviour of Cu in the water column and makes 
predictions of the ultimate impact of Cu to marine life a challenging task (Chapter 3, 4, 
5, and 6).  
(7) Variability in geochemical conditions (e.g., salinity, DOC-regime, pH, CuT input) 
within dynamic, natural marine systems. This variability inhibits both the temporal and 
spatial generalisation of Cu speciation and Cu toxicity to marine biota (Chapter 3, 4, 
and 5).  
 
It is important to note that Cu speciation will not be the same for different waters having the 
same [CuT]. Thus, there is an urgent need for a functioning saltwater BLM in order to assure 
site-specific and adequate protection of aquatic biota in marine environments. Without taking 
the above-mentioned factors and processes into account, the BLM may not accurately predict 
real-world effects of Cu on exposed organisms (Rosen et al., 2005), and thus may not 
adequately inform environmental protection policy for marine systems. Future studies need to 
provide more information and larger datasets on Cu speciation, bioavailability, and their drivers 
before a saltwater BLM can be accepted for regulatory use (Arnold, 2005) to establish reliable 
Cu-based WQC in natural marine systems.  
 
8.3. Recommended future research directions 
This study provided new and valuable information on Cu speciation, bioavailability, 
toxicity, and organic ligands in four different marine systems around New Zealand, including 
estuarine, coastal, and open ocean waters, as well as a shallow hydrothermal vent system. As 
always, new results suggest further research in order to continue improving the current 
understanding of Cu biogeochemistry. In view of this, the following new research paths, 
approaches, and methods are recommended. 
 
8.3.1. The use of an integrative assessment 
Integrating data from field studies, bioassays, and models, together with appropriate and 
novel chemical analyses, is an essential approach to be taken by future studies to gain a 
comprehensive insight into the fate of Cu in natural marine ecosystems, and to improve current 
knowledge of the potential eco-toxicological impact of Cu to marine life (Fig. 8.1).  
 





Figure. 8.1: Schematic of an integrative assessment of Cu toxicity in natural marine waters. 
 
 
However, before this integrative approach can be reliably implemented by future studies, 
limitations and uncertainties of field studies, bioassays, models, and chemical analysis methods 
need to be addressed, eliminated, or accounted for. As such, the following research directions 
are recommended for studies, which want to adopt an integrative approach:  
 
(1) Field studies - targeted field studies in diverse marine environments (i.e., different 
hydrological regimes) are necessary to collect high resolution CuT and Cu speciation data 
- whose scarcity up to now has been a severe limitation for modellers (Cutter and Bruland, 
2012; Jacqout, 2013). International large-scale initiatives such as GEOTRACES 
(www.geotraces.org) increase the number and geographic extent of open ocean CuT and 
speciation data (Bundy, 2014), therewith providing an opportunity to build a meaningful 
global Cu dataset. The analysis of spatial variations of Cu distribution and speciation has 
to be, however, complemented with the evaluation of temporal Cu trends, i.e. information 
on Cu speciation as a function of time. This is specifically important in coastal areas. It 
is well established that Cu speciation, bioavailability, and toxicity varies not only 
spatially, but also temporally with changes in Cu input (e.g., wastewater effluents and 
stormwater discharges), and physical, chemical, and biological transformations of the 
marine environment. These temporal fluctuations can cause transient toxicity of affected 
ecosystems. Thus, regular monitoring of site-specific [CuT] and speciation over long 
timescales with comparable analytical techniques are essential, especially in dynamic 
environments, such as estuaries and coastal ecosystems. The availability of ever-larger 




datasets over longer time series will improve the understanding of the biogeochemical 
processes and linkages that mediate the behaviour and fate of Cu in complex marine 
environments. These larger datasets will allow modellers to refine current 
biogeochemical models, which in turn will facilitate the extrapolation of Cu speciation 
from a local to a global scale.  
 
(2) Bioassays - A bioassay is a valuable tool in assessing and predicting the effect of Cu on 
marine life. However, current bioassays fail to address Cu-loss during the experiments, 
and generally rarely account for Cu speciation issues, such as detoxification effects of 
extracellular Cu, the active production of ligands by marine organisms, the potential 
bioavailability of CuL and CuDOC, as well as the impact of varying abiotic and biotic 
factors, multi-stressors, and metal-metal interactions (i.e., antagonistic, synergistic, and 
additive) (Tercier-Waeber et al., 2012) on Cu bioavailability and toxicity. These 
shortcomings largely compromise the validity of laboratory-based bioassays (ASTM, 
1997). Thus, future ecotoxicological studies need to address and account for these 
limitations in order to improve current understanding of the mechanisms of Cu toxicity, 
partitioning, bioavailability, and speciation in bioassays. Advances in this field will 
ultimately lead to better models (e.g., BLM), therewith improving the development of 
reliable WQC of Cu in complex marine environments. 
 
(3) Chemical analysis - Complexometric titration using AdCSV is currently the most widely 
used and most practical technique to measure Cu speciation, but this method has 
limitations. AdCSV is not only slow, time consuming, and costly (Jacquot, 2013), but 
also lacks quantitative reliability (e.g., interferences with HS and sulfides, inability to 
resolve for more than two ligands, numerical limitations and selective bias of the ProMCC 
model (Cindrić, 2015; Whitby, 2016), and uncertainties regarding the intercomparison of 
the AdCSV technique among different labs (Buck et al., 2012)). The lack of quantitative 
reliability may lead to a misrepresentation of the [L] and the extent of Cu complexation 
in marine samples (Powell, 2015). As a consequence, AdCSV-derived speciation 
parameters might not accurately reflect the marine speciation of Cu in natural saline 
systems, and hence the conclusions of the bioavailability, toxicity, and biogeochemical 
behaviour of Cu by models (e.g., the BLM relies on [Cu2+] (Di Toro et al., 2001)) may be 
flawed (Powell, 2015). Nevertheless, the AdCSV analysis technique is the best method 
available so far to give scientist a first insight into Cu speciation, bioavailability, and 
toxicity in the marine environment.  




Further, it should be noted that current sampling systems and analysis procedures 
prevent the measurements of Cu speciation under in-situ conditions (i.e., temperature, 
pH, pressure, and reducing environment) (Sander et al., 2007). This is of particular 
interest for deep sea and hydrothermal vent samples, which are generally taken under 
high pressure at varying temperatures, pH, and reducing conditions. These samples will 
change their composition and Cu speciation on their way up to the ship owing to 
inevitable variations in temperature and pressure, which cause degassing, precipitation, 
and pH changes of the samples (Sander et al., 2007). However, without methodological 
and instrumental improvements to keep the samples at their in-situ conditions the best 
scientists can do so far is to provide a snapshot of Cu speciation parameters of each 
sample under ‘normal’ conditions (i.e., 21 ± 1 ˚C, pH of 8.0 ± 0.2, atmospheric pressure 
of 1 atm, and oxidising environment) (Sander et al., 2007). This methodological limitation 
adds another level of uncertainty to the reliability of Cu speciation data. Therefore, future 
optimizations and advances in voltammetric instrumentation and methodology, as well as 
in other analytical speciation methods (e.g., diffusive gradients in thin films (DGT), 
chelatin resin column partitioning-graphite furnace atomic adsorption spectrometry 
(CRCP-GFAAS) (Donat et al., 1994; Powell, 2015; Whitby, 2016)), are of prime interest 
(e.g., automating titrations, models with fewer assumptions, measurements of Cu 
speciation under in-situ conditions) (Jacqout, 2013; Bundy, 2014). For now, AdCSV-
derived speciation parameters should be verified, as a precaution, with other speciation 
analysis methods for quality control.  
Moreover, future studies are urged to put more focus on the evaluation of the chemical 
nature of the marine Cu-binding ligand pool. It is strongly recommended that future 
studies combine voltammetry with other emerging methods, such as NMR, HPLC-MS, 
or FT-ICR-MS, to enable the identification of the chemical structures of the organic 
ligands involved in binding Cu in seawater. However, these suggested methods are still 
in their early stages of development, at least for marine organic ligand quantification, and 
their execution is not straight forward. Studies aiming to implement and combine all the 
techniques mentioned above need specialist skills, expertise, and equipment, which points 
out that this approach is more suited for an international coordinated effort rather than a 
project feasible for one single laboratory. Knowledge about the chemical identity of 
organic ligands aids in establishing their sources and sinks, and might reveal more 
information about the biogeochemical behaviour of Cu in the marine environment. This 
multi-faceted analytical approach might provide a much more conclusive study of Cu 




speciation in natural saline waters, which will pave the way for modellers to refine current 
biogeochemical models for Cu in marine systems.  
 
(4) Models - Biogeochemical models improve our current understanding of marine 
ecosystems and their dynamic responses to environmental stresses from localized 
pollution to global climate changes (Grégoire and Oguz, 2005). However, these models 
are based on many assumptions and thus are simplified representations of the complex 
marine environment. For instance, the BLM does not account for the potential 
bioavailability of CuL and CuDOC, the active production of ligands by marine organisms, 
the change in the organism’s physiology due to stress (e.g., osmotic stress) (Smith et al., 
2015), the importance of DOC quality over quantity, and the changes in DOC-Cu-
reactivity with salinity. Additionally, complex systems, such as the ocean, contain several 
ligands of varying concentrations and strengths, and with most of their sources, chemical 
natures, and biogeochemical behaviours still unknown, data fitting and modelling 
procedures of Cu speciation in the marine environment remain a challenging task. These 
limitations highlight why there is still an operational saltwater BLM to be developed (i.e., 
ability to adequately protect aquatic biota in dynamic and complex marine environments). 
By addressing the above-mentioned issues, future models will improve current 
understanding of Cu dynamics in the marine environment, which in turn will inform 
environmental protection policy for marine systems to generate more accurate site-
specific ambient WQC for Cu in natural saline waters. Modellers will also greatly profit 
from higher quality studies and larger datasets, owing to future optimizations and 
advances in eco-toxicological bioassays, field studies, and chemical analyses, to improve 
their model reliabilities. These refined models will be crucial for researchers to investigate 
the large-scale implications of Cu speciation on the biogeochemical cycling and ultimate 
fate of Cu in the sea, therewith aiding scientists to accurately model and predict what the 
ocean of the future will look like (Jacquot, 2013).  
 
Improvements in these four critical components of marine trace metal chemistry will provide 
an integrated picture of Cu in the marine environment, and thus may help to elucidate long 
standing questions particularly concerning ligand sources, their chemical identities, and their 
driving factors. Advances in the field of Cu biogeochemistry and ecotoxicology are feasible in 
the coming years, continually pushing both fields forward, if scientists are able to overcome at 
least some of the above-mentioned limitations and uncertainties of Cu speciation research. 
Implications and suggestions given in this thesis are not confined to Cu and may also be 




conferred to other important transition metals, such as Mg, Cd, Fe, and Zn, some of which have 
gained much less attention in marine trace metal speciation studies.  
 
8.3.3. The use of Cu isotopes 
Stable trace metal isotopes are powerful proxies to identify the sources, biogeochemical 
processes, and pathways of trace metals in the water column (e.g., Bruland et al., 2014; Sander 
and Koschinsky, 2016). For example, the isotopes of Cu (63Cu and 65Cu) can be fractionated 
during a variety of biogeochemical processes in the marine environment including redox 
reactions, biological assimilation, recycling, as well as adsorption onto particles and organic 
complexes (Takano et al., 2013 and 2014; Thompson and Ellwood, 2014; Thompson et al., 
2014), which aids in the understanding of the fate of Cu in the water column. Additionally, 
isotopic Cu signatures (δ65Cu) are source specific, which helps to identify the provenance of 
Cu in the marine environment. δ65Cu data combined with CuT and speciation data should, thus, 
be included by future studies aiming to (1) tease apart the abiotic and biotic mechanisms 
controlling and affecting Cu speciation in the marine environment; (2) improve the 
understanding of the sources and sinks of Cu in marine systems, and; (3) provide additional 
insight on the biogeochemical cycling and dynamics of Cu in the water column. Various 
isotopic tracers (e.g., δ18O, δD, 87Sr/86Sr, 3He, 222Rn, 223Ra, 224Ra, 54Fe, 56Fe, and 57Fe (e.g., 
(Pichler, 2005; Takano et al., 2013 and 2014; Bruland et al., 2014; Sander and Koschinsky, 
2016; Holmes et al., 2017)) are already utilized to study deep-sea hydrothermal vent dynamics 
(e.g., Rouxel et al., 2004; Conway and John, 2014; Holmes et al., 2017, Nasemann et al., 2018), 
river water-seawater mixing processes, and estuarine mixing and flocculation processes around 
the globe. Moreover, the international GEOTRACES initiative included stable trace metal 
isotopes into their program to provide important new insights into trace metal cycling, 
speciation, fluxes, and biogeochemical processes (Bruland et al., 2014). As a result, there will 
be more data available in the near future, which will lead to a better understanding of trace 
metal dynamics and speciation in the marine environment. Modelling based on this larger 
dataset will achieve substantial progress in understanding the fate of trace metals in the past, 
current, and future oceans.  
 
8.3.4. Ocean acidification 
Copper is not a novel threat with respect to ecotoxicological research in marine 
ecosystems. However, there is a clear need to address the potential for altered sub-lethal and 
toxic impacts of Cu and other bioactive trace metals to marine biota in combination with 




changing water parameters, such as those imposed by climate change. For example, changes to 
ocean chemistry as a result of future increases in atmospheric CO2 are predicted to have a 
profound effect on the speciation of Cu in the water column, which in turn affects Cu 
bioavailability and toxicity to marine biota (e.g., Millero et al., 2009; Stockdale et al., 2016; 
Gao et al., 2017). Decreasing pH, i.e. ocean acidification (OA), will result in a decrease of 
inorganic Cu-carbonates and Cu-hydroxides, a reduced formation of organic Cu complexes 
(e.g., Millero et al., 2009; Gao et al., 2017), and a release of previously bound Cu from 
sediments (Wang et al., 2015), therewith increasing the [Cu2+] in the water column by a factor 
of approximately 1.5 by 2100 (Millero et al., 2009). Cu complexation to organic ligands is 
assumed to decrease in the marine environment as a result of increased protonation of organic 
ligands at lower pH, which in turn will lower the concentration of unprotonated ligand binding 
sites available to complex Cu (Stockdale et al., 2016). These predicted changes could have a 
large impact on the fate and biogeochemical cycling of Cu in the marine environment. 
Moreover, marine phytoplankton are negatively affected in the presence of Cu2+ above pM 
levels, levels that are thought to be exceeded by 2100 (Stockdale et al., 2016). These small 
changes might have a significant effect on organism physiology, function, and survival in the 
marine environment (Millero et al., 2009; Stockdale et al., 2016; Gao et al., 2017), resulting in 
changes in ecosystem community structure and functionality. However, as Stockdale et al. 
(2016) pointed out, a lower fraction of Cu associated with OM does not in itself indicate a 
higher bioavailability or toxicity of Cu to marine organisms as the organism’s biotic uptake 
mechanisms might also be changing with OA. Despite the fact that a large amount of studies 
have been published on the potential effect of OA on marine organisms, studies on the effect 
of OA on Cu speciation, and organism responses to both stressors, are only at an early stage 
and much is still to be learned (Bruland et al., 2014). Quantitative research in the next few years 
will hopefully (1) lead to more insights into the effects of decreased pH and increased CO2 on 
Cu speciation and biogeochemical cycling of Cu; (2) elucidate indirect or direct effects of OA 
and Cu on marine biota, and; (3) improve the validity of biogeochemical models of Cu in future 
oceans.  
 
8.4. Upcoming research  
Despite considerable progress made in the last decade in the field of Cu speciation and 
ligand complexation in the marine environment, there are many unanswered questions and 
uncertainties still remaining. Are the Cu-binding ligands in the marine environment of 
allochthonous or autochthonous origin? What are the chemical properties of the Cu-binding 




ligands? Are some organic Cu-binding complexes bioavailable to marine organisms? Are all 
marine organisms able to produce ligands to mitigate or enhance Cu2+ uptake? Or is this a 
species-specific trait? What biogeochemical mechanisms underlie the production of Cu-binding 
ligands and are affected by Cu-stress? Which abiotic and biotic factors affect Cu speciation, 
bioavailability, and toxicity? And to what extent? And how are these environmental factors 
interlinked? These are just some of the questions that remain to be answered. More studies and 
datasets are, thus, urgently needed to enhance the understanding of the factors and processes 
driving the biogeochemical fate and cycling of Cu in natural saline waters. To address some of 
the questions, while following the recommendations for future research given in this thesis, two 
more studies are in process (Fig. 8.2). Details of the two research projects are given below. The 
output of these studies will add to the landscape of literature and thus advance current 
knowledge of organic ligand complexation, as well as Cu speciation, fluxes, cycling, 
bioavailability, and transport in the marine environment.  
 
8.4.1. RV Sonne SO253, Kermadec Island Arc Cruise (Dec-Jan 2016/17) 
Deep-sea hydrothermal systems release large amounts of trace metals into the marine 
environment (Sander and Koschinsky, 2011 and 2016; Powell, 2015; Kleint, 2016). 
Precipitation and scavenging processes by hydrothermal plume particles remove the majority 
of these hydrothermally-derived trace metals from ambient seawater, but significant amounts 
are stabilised in the water column by inorganic and organic ligands (Sander and Koschinsky, 
2011 and 2016; Powell, 2015; Kleint, 2016). Ligands keep trace metals in the dissolved phase 
and thus facilitate their lateral (over hundreds and thousands of kilometres) and vertical 
transport into the deep-ocean and possibly the photic zone (Sander et al., 2007; Tivey, 2007; 
Hsu-Kim et al., 2008; Sander and Koschinsky, 2011 and 2016; Kleint, 2016). Despite the 
established importance of deep-sea hydrothermal vents for the biogeochemical cycles of many 
trace metals in the ocean, there remain uncertainties as to the net flux of trace metals from 
submarine hydrothermal systems to the global oceans, the extent of the 
stabilisation/complexation processes of trace metals, and the chemical nature of prevalent 
ligands. Additionally, there are significant temporal and spatial variabilities in the chemistry of 
vent fluids and hydrothermal plumes, which complicate any generalisation and inhibit good 
model predictions. This project aims to supplement this paucity of information, advancing 
current knowledge of trace metal dynamics in deep-sea hydrothermal vents by combining 
detailed voltammetric measurements of Cu speciation with stable isotopes analyses (e.g., Fe 
and Ra). Combining voltammetry with a suite of other methods provides a much more 




conclusive picture of Cu speciation, cycling, and fluxes in hydrothermal vents, therewith 
improving the understanding of the role of these systems for the global Cu budget of the ocean.  
 
 




During the SO253 cruise in 2016/2017, 259 samples of hydrothermally-derived fluids 
(Macauley, Haungaroa, Brother, and Rumble III volcano) and far-field seawater were taken 
with high vertical and horizontal resolution along the geologically active Kermadec Island Arc, 
situated north of New Zealand (Fig. 8.3). In addition, different size fractionations (0.8 µm; 0.2 
µm; 0.015 µm) of Cu were sampled at 26 stations to investigate the role of soluble, colloidal, 
and particulate Cu species on the overall biogeochemistry of Cu in the marine environment. 
The impact of different size-fractions of Cu on Cu dynamics in the water column has not been 
resolved yet, despite the fact that size fractionation is a potential key puzzle piece in 
understanding the ultimate fate of Cu in the global ocean. Total dissolved trace metals of 
hydrothermal fluids were measured by C. Kleint using an ICP-MS at the Jacobs University in 
Bremen (Germany), while total dissolved trace metals of far field samples were measured by 
R. Middag and P. Laan at the Royal Netherlands Institute of Sea Research (NIOZ, Netherlands) 
using an Element 2 HR-SF-ICP-MS. Radium isotopes were measured on board with a radium 
delayed coincidence counting system (RaDeCC) by R. Neuholz and B. Schnetger from the 
University of Oldenburg (Germany). Cu speciation and Fe-isotopes measurements are currently 
underway at the Trace Metal Centre of the University of Otago (New Zealand). The S0253 




cruise represents the first detailed study on Cu speciation and Cu fluxes for deep-sea 
hydrothermal vents in New Zealand’s marine environment. Outputs of this study will add 
significant contributions to the body of current knowledge about Cu complexation processes in 
deep-sea hydrothermal systems.  
 
 
Figure. 8.3: Map showing the Kermadec Island Arc with its active and inactive submarine volcanoes. The working 
areas of the SO253 cruise are marked by dashed boxes (adapted from GNS Science (NZ), 2017) 
 
 
Manuscripts of this project to which I have contributed (not included in this thesis): 
Neuholz, R.; Schnetger, B.; Kleint, C.; Koschinsky, A.; Sander, G.S.; Tuerke, A.; Walter, M.  
and Zitoun, R. (2019). Near-field hydrothermal plume dynamics at Brothers Volcano  
(Kermadec Arc): a short-lived radium isotope study (Under 2nd revision, Chemical 
Geology). 
 
Kleint, C.; Wolfgang, B.; Diehl, A.; Froehnberg, N.; Garbe-Schoenberg, D.; Hartmann, J.F.;  
de Ronde, C.; Sander, S.G.; Strauss, H.; Stucker, V.; Thal, J.; Zitoun, R. and Koschinsky, 
A. (2019). Geochemical characterisation of highly diverse hydrothermal fluids from four 










Böhnke, S.; Sass, K.; Gonnella, G.; Diehl, A.; Bach, W.; Kleint, C.; Zitoun, R.; Sander,  
S.G.; Koschinsky, A.; Indenbirken, D.; Kurtz, S.; and Perner, M. (2019). Bio-geo-
coupling processes in sediment and hydrothermal fluid in the Kermadec island arc system 
(submitted to Environmental Microbiology), 
 
Zitoun, R.; Kleint, C.; Froehnberg, N.; Hartmann, J.F.; Sander, S.G.; Strauss, H. and  
Koschinsky, A. (2019). Organic Zn, Cu and Fe complexation at four different vent 
systems along the Kermadec Intraoceanic Island Arc (Manuscript in preparation for 
submission to Geochimica et Cosmochimica Acta).  
 
 
8.4.2. Implications of ocean acidification on the Cu bioavailability to shellfish larvae 
in seawater 
One of the major challenges to modern oceanography is the understanding of how, and 
to what extent, climate change and especially OA will change trace metal speciation and trace 
metal dynamics in coming decades (Jacquot, 2013). Decreasing seawater pH will significantly 
decrease inorganic metal complexes (by up to 77 % (Millero et al., 2009)), such as OH- and 
CO3
2-, in marine surface waters, thereby changing the overall trace metal speciation in future 
oceans (Millero et al., 2009). As a result, a higher fraction of the toxic free metal ions (e.g., 
Cu2+) will be present in the water column and thus will be bioavailable for marine organisms. 
While scientists are able to predict the changes of inorganic trace metal complexation in natural 
saline waters, current knowledge on the effect of a decrease in pH on the ability of natural 
organic ligands (e.g., DOC) to mitigate metal toxicity in the marine environment are scarce. 
Millero et al. (2009) calculated that there may be a decrease of organic Cu complexation in the 
marine water column of up to 10 % by the year 2100 owing to an increase in the competition 
of H+ with Cu2+ for organic ligand binding sites. However, this estimate is only rudimentary 
(Stockdale et al., 2016) and further work on OM complexation is required to fully elucidate the 
processes of organic Cu-binding ligand complexation in future oceans. Consequently, future 
changes in trace metal speciation are uncertain. Nevertheless, any changes in trace metal 
speciation and bioavailability will generally have profound influences on marine biota and thus 
the biogeochemical cycling of metals in the marine environment as a whole (Jacquot, 2013). 
While many OA studies examine the effect of decreasing pH on marine organisms and their 
biological processes, the importance of the effect of OA on trace metal speciation, fundamental 
for ecosystems health and functionality, is only just emerging. In this study, Cu was used as a 
model transition metal to constrain the effects of lower pH on trace metal speciation and organic 
ligand complexation. Particular emphasis was put on the evaluation of Cu bioavailability and 
toxicity to shellfish embryos in natural saline waters under future OA scenarios to anticipate 
any future synergistic or/and antagonistic changes for marine life.  




The 48 h laboratory-based experiment was conducted at the Cawthron Institute (Nelson, 
New Zealand) in 2017. The experiment was performed on the sensitive post-fertilization stage 
(0 to ~48 h) of Greenshell mussel embryos (Perna canaliculus), incubated in a control treatment 
(8.1 pH; 1100 ppm CO2) (n=10) and a static-future-forecast-pH treatment (7.9 pH; 850 ppm 
CO2) (n=10), representative for coastal waters around New Zealand, at ambient Cu 
concentrations (~ 3 nM) and DOC concentrations (~ 6.6 mg/L). The different pH conditions 
were created and maintained through CO2 enrichment of the test containers, and corresponding 
changes in seawater carbonate chemistry were verified throughout the experiment. At the 
conclusion of the test, embryonic development was determined at the Cawthron Institute. Total 
dissolved trace metal concentrations (i.e., Cu, Cd, Pb, and Zn) and Cu speciation parameters 
were determined by R. Zitoun at the University of Otago (New Zealand) using ASV and 
AdCSV with salicylaldoxime (SA) as the competing ligand, respectively. For details on the 
simultaneous determination of Cu, Cd, Pb, and Zn in seawater samples using ASV see Raj et 
al. (2013) (Fig. 8.4). Nutrient concentrations were measured at the Portobello Marine 
Laboratory (Dunedin, New Zealand) using a Lachat QuikChem® 8500 Series 2 FIA auto 
analyser, while DOC concentrations were determined by N. McHugh at the Zoology 
Department of the University of Otago with a Shimadzu TOC-V CSH Total Carbon Analyser. 
The overall analysis of the data is currently underway. Outputs of this project will highlight the 
importance of trace metal biogeochemistry to multi-stressor OA experiments and thus improve 
models and predictions of how the future oceans will look like.  
 
 
Figure. 8.4: Representative voltammograms obtained at increasing Zn, Cd, Pb and Cu concentrations (different 
colours refer to different metal concentrations) during the titration of a seawater sample using ASV. The titration 
run was performed at pH ~ 4.0 at a deposition potential of -1.25 V and with a potential scan from -1.25 V to 0.1 
V following Raj et al. (2013).  
 
 




Manuscripts of this project to which I have contributed (not included in this thesis): 
Zitoun, R.; Ragg, N.; Hilton, Z. and Sander, S.G. (2019). Impact of ocean acidification on the  
availability and toxicity of copper to Greenshell mussel embryos (Perna canaliculus) 
(Manuscript in preparation for submission to Marine Chemistry).  
 
 
8.5. Final conclusion: Implications of this research  
For many years it has been accepted that speciation is a major influence in determining 
the environmental impact of Cu and its fate in the marine environment. It has also been 
established for decades that Cu speciation in marine systems is dominated by organic ligand 
complexation. Nevertheless, little data exists for Cu speciation or Cu-binding ligands in natural 
saline waters (Jacquot, 2013; Bundy, 2014). Additionally, ligand sources and chemical 
identities are generally understudied (Vraspir and Butler, 2009; Bundy, 2014; Kuzmanovski, 
2014). Elucidating Cu speciation as well as the sources, chemical natures, and driving factors 
of organic Cu-binding ligands in the marine environment is important for understanding Cu 
cycling in saline waters, and thus the ultimate impact of Cu on marine life. To address this 
paucity of information, this thesis focused on Cu speciation and complexation in four different 
marine systems, which significantly increased the number of Cu speciation measurements in 
the marine environment, and added to the body of current knowledge about Cu speciation 
processes in marine systems.  
The voltammetric techniques used in this study demonstrated that no matter how different 
the hydrological regimes were in the working areas, the bulk of the [CuT] in the marine water 
column (> 99 %) was present in nonreactive forms, bound to organic and inorganic ligands. 
Without this ligand complexation [Cu2+] in the natural saline waters around New Zealand would 
be toxic to many marine microorganisms. Ligands thus play an important role in the chemical 
speciation of Cu in the sea, keeping [Cu2+] balanced between Cu deficiency and toxicity. The 
bioassay of M. galloprovincialis embryos discussed in this thesis established that marine mussel 
embryos, when stressed by slightly elevated [Cu2+], can produce ligands as a regulatory factor 
to lower the [Cu2+] back to harmless levels. The logK values of these secreted ligands were 
similar to those observed for organic ligands in the natural marine environment. Therefore, it 
appears that there exists a mutual interaction system between marine life and marine chemistry 
(Morel and Price, 2003), i.e. marine organisms (particularly phytoplankton, bacteria, and 
mussel embryos) actively control, at least to some extent, the external concentrations of Cu2+ 
by producing Cu-binding ligands to mitigate or enhance Cu2+ uptake, which in turn influences 
Cu speciation, distribution, and cycling in marine waters, while Cu itself controls in part the 
growth and survival of the organisms (Albrecht-Gary and Crumbliss, 1998; Di Toro et al., 2001; 




Morel and Price, 2003; Hassler et al., 2004; US EPA, 2016). This mutual interaction likely 
results from the complex coevolution of marine biota and marine chemistry (Morel and Price, 
2003). Ligand production seems to be an effective strategy of biota to maintain biological 
homeostasis in environments impoverished or enriched in Cu, which is either an inherited or an 
acquired evolutionary trait to sustain ecosystem health, structure, and functionality.  
Indirect proxies allowed us to gain new insights into the potential sources of Cu-binding 
organic ligands in seawater. Organic ligands were present in nanomolar concentrations 
everywhere in the water column. Further, ligands showed an increase in their concentration 
with increasing [CuT] in surface waters, had high concentrations in the bioactive upper water 
column, showed a concentration decrease with depth, and had logK values in the range of 11.4 
to 13.6, which suggests that organic Cu-binding ligands predominantly originate from passive 
or active biological in-situ production in the upper water column. This assumption was 
supported by the 48 h bioassay in Chapter 6, during which Cu-stressed mussel embryos actively 
produced ligands. It can thus be hypothesized that numerous marine biota are able to actively 
produce organic ligands during harmful conditions in their marine environment, thereby adding 
to the marine Cu-binding organic ligand pool. The current study also pointed out that the 
heterogeneous organic ligand pool in the marine environment might also include some organic 
ligands of terrestrial nature (i.e., HS), organic ligands derived from chemoautotrophic 
microorganisms (Klevenz et al., 2012; Abualhaija et al., 2015; Sander et al., 2015; Whitby and 
Van den Berg, 2015; Whitby, 2016; Mahmood, 2017; Whitby et al., 2017; Whitby et al., 2018), 
or organic ligands formed abiotically under hydrothermal conditions (Powell, 2015; Sander et 
al., 2007). In addition, some fraction of the organic ligand pool may originate from yet still 
unknown allochthonous and autochthonous sources. In the case of hydrothermal systems the 
marine Cu-binding ligand pool can also include substantial amounts of inorganic ligands such 
as sulfides (Kleint et al., 2015; Powell, 2015). All in all, investigations of the sources and 
chemical identities of Cu-binding ligands in the sea remain an active area of research.  
Knowledge about the environmental factors controlling Cu speciation, bioavailability, 
and toxicity was significantly expanded with this thesis. While high salinity increased Cu 
toxicity to M. galloprovincialis embryos, higher DOC concentrations decreased Cu toxicity to 
the mussel embryos. Further, DOC and ligand quality was shown to be significantly more 
important in determining Cu bioavailability, toxicity, and Cu complexation processes in the 
sampled natural marine environments relative to DOC and ligand quantity. Interestingly, 
environmental factors (i.e., temperature, pH, sample depth, chl-a, POM, and nutrient 
concentrations (i.e., NOx, phosphate)) in the natural marine environment showed only poor 
correlations with Cu speciation parameters in the water column of the working areas. The 




picture that emerges from this current work is thus one of a very complex interplay of physical, 
chemical, and biological processes affecting Cu speciation processes in natural saline waters. 
This complexity precludes a generalisation of Cu speciation, bioavailability, and toxicity for 
the marine environment and thus highlights the urgent need to develop a site-specific saltwater 
BLM to assure adequate protection of aquatic life in various marine systems. 
Moreover, this study highlighted that in order to develop an operational saltwater BLM, 
and thus set environmental quality standards that reflect the true toxicity of Cu in natural saline 
waters, it is necessary to account for the fact that active ligand production by marine organisms, 
potential bioavailability of CuXIN and CuDOC, osmotic stress, ligand quality, and abiotic as 
well as biotic factors can drastically influence Cu speciation, bioavailability and toxicity both 
spatially and temporally. Further, this thesis provided new information on the reliability of 
laboratory-based bioassay tests to assess Cu toxicity in marine ecosystems quantitatively. The 
current work drew attention to the excessive Cu-loss during bioassays due to adsorption and 
bioaccumulation processes, which together with the detoxification effects of extracellular Cu, 
and the variability of intracellular Cu can lead to a significant misunderstanding of Cu toxicity 
mechanisms and a misrepresentation of Cu toxicity to test organisms. The latter output will 
inhibit the reliability of models and derived WQC.  
Despite the fact that voltammetric methods have been around for more than 30 years (Van 
den Berg, 1984), and provide a powerful tool for measuring Cu speciation at low concentrations 
(Bruland et al., 2014), the current understanding and knowledge of (1) the biogeochemical 
cycling of Cu in natural saline waters; (2) the sources and chemical identities of organic ligands; 
(3) the driving factors of ligand complexation processes, and; (4) the bioavailability and toxicity 
of Cu to marine life, remain limited. Constraining these limitations is critical to improve and 
refine global ocean biogeochemical models of Cu, establish a functional saltwater BLM, and 
thus ultimately improve environmental risk assessments (i.e., WQC) of Cu in marine 
environments. Here we begin to understand the complex issues of speciation, bioavailability, 
and environmental impact of Cu in a range of marine environments and thus help to supplement 
an operational marine BLM for Cu. Ultimately, this work provides the basis for future studies, 
leading to a greater understanding of the biogeochemical processes occurring in the water 
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Appendix 1: Supplementary data for Chapter 3 
 
S.3.1. Hydrography - Chemical and biological depth profiles 
 






Figure. S.3.1: Vertical depth profiles of A) temperature, B) salinity, C) fluorescence, D) dissolved oxygen (DO), 
E) chlorophyll a (chl-a), F) particulate organic carbon (POC), G) particulate phosphorus (PartP), H) particulate 
nitrogen (PartN), I) dissolved organic carbon (DOC), J) dissolved reactive phosphorus (DRP), K) ammonium-
nitrogen (NH4-N), and L) nitrate-nitrogen (NO3-N) for CS7 sampled during TAN1506 (▲) and TAN1604 (●) 
using a Sea-bird electronics (SBE) 911plus CTD with a 12 x 10-L SBE 32 rosette water sampler. 
 
 






Figure. S.3.2: Vertical depth profiles of A) temperature, B) salinity, C) fluorescence, D) dissolved oxygen (DO), 
E) chlorophyll a (chl-a), F) particulate organic carbon (POC), G) particulate phosphorus (PartP), H) particulate 
nitrogen (PartN), I) dissolved organic carbon (DOC), J) dissolved reactive phosphorus (DRP), K) ammonium-
nitrogen (NH4-N), and L) nitrate-nitrogen (NO3-N) for CS14 sampled during TAN1506 (▲) and TAN1604 (●) 












Figure. S.3.3: Vertical depth profiles of A) temperature, B) salinity, C) fluorescence, D) dissolved oxygen (DO), 
E) chlorophyll a (chl-a), F) particulate organic carbon (POC), G) particulate phosphorus (PartP), H) particulate 
nitrogen (PartN), I) dissolved organic carbon (DOC), J) dissolved reactive phosphorus (DRP), K) ammonium-
nitrogen (NH4-N), and L) nitrate-nitrogen (NO3-N) for CS25 sampled during TAN1506 (▲) and TAN1604 (●) 
using a Sea-bird electronics (SBE) 911plus CTD with a 12 x 10-L SBE 32 rosette water sampler. 
 
 
S.3.2. Total dissolved Cu concentrations in the water column 
Table S.3.1: Total dissolved Cu concentrations ([CuT]) of all 6 stations sampled during TAN1506 and 
TAN1604 in the Hauraki Gulf region, north-eastern New Zealand. Standard deviations for CuT illustrate the 




Depth CuT Uncertainty 
Station 
Depth CuT Uncertainty 
m nM nM m nM nM 
CS2 10 1.17 0.07 CS2 10 0.55 0.03 
 20 0.57 0.01  20 0.49 0.01 
 30 0.80 0.02  30 0.47 0.01 
 40 0.48 0.01  40 0.49 0.01 
CS7 10 1.08 0.04 CS7 10 1.16 0.04 
 20 0.6 0.02  20 0.42 0.01 
 30 0.39 0.02  30 0.43 0.02 
 50 0.38 0.01  50 0.45 0.01 
 100 0.52 0.03  75 0.50 0.02 
 130 0.53 0.02  90 0.47 0.03 
     110 0.49 0.02 
CS10 10 3.35 0.05 CS10 10 0.37 0.01 
 20 0.50 0.01  20 0.40 0.01 
 30 0.38 0.01  30 0.37 0.01 
 50 0.41 0.01  50 0.37 0.01 
 100 0.55 0.01  75 0.48 0.01 
 150 0.51 0.01  100 0.47 0.01 
 200 1.34 0.05  150 0.47 0.02 
 300 0.55 0.01  200 0.48 0.01 
 420 0.62 0.01  300 0.59 0.01 
     390 0.61 0.02 
CS14 10 0.43 0.01 CS14 10 0.70 0.02 





 30 0.47 0.01  50 0.42 0.01 
 50 0.48 0.01  100 0.45 0.01 
 100 0.46 0.01  150 0.53 0.01 
 150 0.45 0.01  200 0.49 0.01 
 200 0.47 0.01  350 0.60 0.01 
 500 1.52 0.04  500 0.74 0.02 
 750 0.92 0.05  650 0.81 0.04 
 900 0.97 0.03  800 0.96 0.03 
     1000 0.67 0.01 
CS19 10 0.53 0.01 CS19 25 0.41 0.01 
 20 0.57 0.01  50 0.40 0.01 
 100 0.41 0.01  75 0.44 0.01 
 200 0.47 0.01  100 0.42 0.01 
 500 0.70 0.01  250 0.58 0.01 
 750 0.82 0.01  500 0.74 0.01 
 1000 1.23 0.03  750 0.99 0.03 
 1250 1.64 0.03  1000 1.27 0.02 
 1500 2.33 0.14  1250 1.54 0.09 
     1500 0.83 0.01 
     1800 0.47 0.01 
CS25 10 0.96 0.02 CS25 10 0.32 0.01 
 20 0.42 0.02  25 0.38 0.01 
 30 0.37 0.01  50 0.54 0.01 
 50 0.39 0.01  75 0.55 0.02 
 100 0.37 0.01  100 0.49 0.01 
 150 0.43 0.01  250 0.59 0.02 
 250 0.56 0.02  500 0.8 0.02 
 500 0.69 0.02  750 0.92 0.02 
 750 0.79 0.02  1500 2.24 0.05 
 1000 1.08 0.03  2000 3.28 0.08 
     2400 1.54 0.03 
[CuT]: total dissolved Cu concentration. Possible [CuT] outliers are highlighted in italic and bold. 
 
 
S.3.3. Cu speciation in the water column 
 







Figure. S.3.4: Panels show calculated Cu speciation parameters of samples taken along the cross-shelf (CS) 
transect in the Hauraki Gulf (north-eastern New Zealand) during TAN1506 and TAN1604. The top panel 
shows the estimated logK values, the middle panels depicts estimated ligand concentrations, and the bottom panel 
indicates the corresponding free Cu2+ ion concentrations for TAN1505 (left) and TAN1604 (right), respectively. 
Figures were created using the Ocean Data View program (https://odv.awi.de, 2018). Cu speciation parameters 
were calculated using the ProMCC software (Omanović et al., 2015).  
  
   TAN1506                                                           TAN1604 






Appendix 2: Supplementary data for Chapter 4 
 
S.4.1. Dissolved inorganic carbon (DIC) and alkalinity sampling and analysis  
DIC and alkalinity samples were collected in 1 L Schott glass bottles without headspace 
either by SCUBA divers or using the peristaltic pump setup. Two samples were taken at each 
site, but each sample was used for both DIC and alkalinity analysis. Immediately after sample 
recovery, 5 mL of each sample was discarded and 2 drops of saturated HgCl2-solution were 
added to poison and preserve the samples (i.e., to avoid biological alteration) for later analysis. 
All bottles were subsequently sealed tight with Parafilm and stored at room temperature in the 
dark until analysis in the home-laboratory. 
Alkalinity was measured at the National Institute for Water and Atmospheric 
(NIWA)/University of Otago Research Centre for Oceanography (New Zealand) by 
potentiometric titration in a closed cell, using a custom build system (Metrohm Dosimat 765, 
Fluke high precision voltmeter, in-house built closed cell, and costum written software) 
following the method of Dickson et al. (2007). The accuracy of the method, as determined by 
analysis of a Certified Reference Material provided by Andrew Dickson from Scripps 
Institution of Oceanography, is estimated to be +/- 2 μmol kg-1. DIC was determined on a 
costum build system (following the Guide to Best Practices SOP2; Dickson et al., (2007)) by 
coulometric analysis (UIC Model 5011) of evolved gas (SOMMA style CO2 extraction system). 
The accuracy of the method, as determined by analysis of Certified Reference Material provided 
by Andrew Dickson from Scripps Institution of Oceanography, is estimated to be +/- 1 μmol 
kg-1. DIC and alkalinity data were used to calculate pHT at the in-situ temperature, salinity, and 
pressure of each sample using the refitted Mehrbach CO2 equilibrium constants (Mehrbach et 



















Table S.4.1: Average alkalinity and dissolved inorganic carbon (DIC) values from the sampled White Island 
sites. DIC (n=2) and alkalinity (n=2) values were then used to calculate the pHT (n=2) of all samples using CO2 
equilibrium constants determined by Mehrbach et al. (1973).  
 






C1 1/12/2015 2062 - 2067 2312 - 2314 8.06 - 8.07 
CC 3/12/2015 2058 - 2059 2309 - 2312 8.06 ± 8.07 
VW 2/12/2015 2134 - 2212 2334 - 2360 7.92 ± 0.09 
VW-2m 3/12/2015 2071 - 2079 2318 - 2324 8.09 
V1 
2/12/2015 2586 - 2591 2249 - 2280 6.72 - 6.76 
3/12/2015 2252 - 2274 2292 - 2299 7.48 - 7.53 
V1-2m 
2/12/2015 2080 - 2091 2315 - 2316 7.97 - 8.00 
3/12/2015 2086 - 2319 2283 - 2315 7.28 - 7.99 
V2 
2/12/2015 2194 - 2424 2323 - 2481 7.61 - 7.82 
3/12/2015 2319 - 1435 2322 - 2334 7.09 - 7.46 
V2-2m 
2/12/2015 2086* 2315* 8.03* 
3/12/2015 2077 - 2090 2313 - 2314 8.01 - 8.04 
*: samples with n = 1  
 
 
S.4.2. Cu speciation at a shallow hydrothermal vent system  
Table S.4.2: Pearson correlation matrix of the physicochemical parameters and Cu speciation parameters 
for CB control, V1, V1-2m, and V2. Data were processed with R version 3.1.2. Numbers in bold indicate 
correlations with R2 > 0.8. 
 
 CuT Mg HgT Sulfide Temperature Salinity pHT Ammonium NOX Phosphate 
L -UT 0.75 0.25 -0.47 0.47 -0.49 0.81 0.07 0.35 0.50 0.60 
logK -UT 0.81 -0.42 -0.11 0.22 -0.99 -0.11 -0.17 0.25 0.02 -0.32 
CuXIN-UT -0.75 0.04 0.59 -0.28 0.68 -0.61 -0.20 -0.17 -0.26 -0.34 
Cu2+ -UT -0.77 0.02 0.56 -0.31 0.69 -0.62 -0.16 -0.21 -0.29 -0.35 
Cu' -UT -0.75 0.04 0.58 -0.28 0.68 -0.62 -0.20 -0.18 -0.27 -0.35 
L -PT-UF 0.23 0.64 -0.37 0.41 0.22 0.99 0.14 0.26 0.59 0.93 
logK-PT-UF 0.21 -0.50 0.48 -0.04 -0.52 -0.82 -0.42 0.11 -0.27 -0.79 
CuXIN-PT-UF -0.49 0.32 -0.53 -0.23 0.66 0.60 0.58 -0.37 0.01 0.59 
Cu2+-PT-UF -0.49 0.34 -0.51 -0.22 0.67 0.61 0.56 -0.35 0.02 0.60 
Cu'-PT-UF -0.49 0.32 -0.53 -0.23 0.66 0.60 0.58 -0.37 0.01 0.59 
L -PT-F -0.09 -0.33 -0.99 -0.48 -0.11 0.42 0.89 -0.61 -0.36 0.16 
logK -PT-F 0.70 0.42 0.76 0.84 -0.37 0.00 -0.95 0.91 0.69 0.12 
CuXIN -PT-F -0.84 -0.51 -0.59 -0.93 0.42 -0.26 0.87 -0.96 -0.81 -0.33 
Cu2+-PT-F -0.86 -0.47 -0.56 -0.91 0.48 -0.25 0.85 -0.94 -0.79 -0.30 
Cu'-PT-F -0.84 -0.51 -0.60 -0.93 0.43 -0.26 0.87 -0.96 -0.81 -0.33 
CuT: Total dissolved Cu; Mg: Magnesium; HgT: Total mercury; L: Cu-binding ligands; logK: conditional stability 
constant of the CuL-complex; CuXIN: Cu complexed to inorganic ligands; Cu2+: Free Cu ion; Cu’: bioavailable Cu 
(sum of CuXIN and Cu2+); UT: untreated samples; PT-UF: pre-treated samples, but unfiltered samples; PT-F: pre-
treated and filtered samples (0.2 µm); NOx: Nitrogen oxides. Illustrated pHT-values are calculated values based on 
DIC and alkalinity data (Table S4.1) using the refitted Mehrbach CO2 equilibrium constants (Mehrbach et al., 







Appendix 3: Supplementary data for Chapter 5 
 
 
Figure. S.5.1: Left: Debris field of the MV Rena across the Astrolabe Reef between the bow and stern sections of 
the wreck (Picture was taken by Darryl Torckler, New Zealand Geographic). Right: Unrecovered granulated 
copper clove is one of the threats the MV Rena wreck still poses to the Astrolabe Reef.  
 
 
Appendix 4: Supplementary data for Chapter 6 
 
6.1. Bioassay data 
6.1.1. Experimental design 
Table. S.6.1: Dissolved organic carbon (DOC) concentrations and total dissolved Cu concentrations ([CuT]) 
for the pre-test and full-test solutions measured in aliquots taken at the conclusion of the bioassays (t48). 
 
Pre-test Full-test 
Salinity 25 Salinity 35 Salinity 25 Salinity 30 Salinity 35 
DOC [CuT] DOC [CuT] DOC [CuT] DOC [CuT] DOC [CuT] 
[mg/L] [nM] [mg/L] [nM] [mg/L] [nM] [mg/L] [nM] [mg/L] [nM] 
2.7 15 0.8 10.5 2.7 15.1 2.5 15.8 1.1 7.8 
2.5 53.2 0.7 10.3 2.7 15.9 2 58.8 1.1 54.9 
2.6 68.8 0.9 20.4 2.7 34.2 1.9 95.5 1.1 79.8 
2.6 96.2 0.9 42.8 2.8 161.5 2.9 182.5 1.1 144.8 
2.5 133.5 0.9 69.7 2.7 178 2 237.7 1.1 196.4 
2.6 237.8 0.9 95.7 2.6 325.7 2.1 380.9 1.1 266.7 
2.6 302 0.9 182.1 2.1 13.3 1.6 11.1 0.7 18.3 
2.6 454 0.9 330.3 2 43.5 1.6 40.8 0.8 50.6 
2.6 683.5 0.9 716.5 2.1 80.5 2.1 92.5 0.7 126.8 
    2.1 204.6 2.1 207 0.7 148.1 
    2 260.2 2.1 250.8 0.7 186.6 
    2.1 306 2.1 329.8 0.8 264.7 




    1 55.6 
    1 81.7 
    1.1 199.2 
    0.9 287 










6.1.2. Experimental water  
All test-solutions were mixed vigorously by shaking the closed bottles (with head-space) 
to ensure homogeneity and aeration but were not aerated during equilibration to minimise 
contamination.  
 
Table. S.6.2: Preparation of pre-test and full-test solutions for the 48-h-standard-bioassay. Nominal values 
of salinity, dissolved organic carbon (DOC) and total dissolved Cu concentration ([CuT]) were calculated in Excel 





B Whau  Oceanic Brine Total Calculated 
Brine Proportion of DOC [%] 
mL mL mL mL mL Salinity 
DOC [CuT] 
mg/L nM % Brine Whau  Oceanic 
Pre-test 
1 - 6750 - 900 7650 25.0 2.6 28.1 11.8 11.8 88.2 0.0 
B* - 760 - 240 1000 35.0 2.5 29.4 24.0 24.0 76.0 0.0 
2 600 - 7050 - 7650 35.0 0.76 11.0 1.9 1.9 5.9 92.2 
Full-test 
A - 4420 - 590 5000 25.0 2.6 28.1 11.8 11.8 88.2 0.0 
B* - 129 - 41 170 35.0 2.5 29.4 24.1 24.0 76.0 0.0 
C 50 - 4950 - 5000 35.0 0.7 9.6 0.2 0.2 0.8 99 
D 1100 - 3900 - 5000 35.0 1.1 13.8 5.3 5.7 17.9 76.4 
E - 3370 1370 260 5000 25.0 2.1 22.5 5.2 5.2 67.4 27.4 
F - 4100 - 900 5000 30.1 2.5 28.7 18.0 18.0 82.0 0 
G - 1280 3720 - 5000 30.0 1.1 13.8 0 0.0 25.7 74.3 
H - 3080 1340 580 5000 30.1 2.1 23.4 11.6 11.9 63.1 25.0 
*: B is intermediate test-water used to mix up test-solution 2, C and D to obtain a test-solution salinity of 35; Grey values: 
treatments which did not meet the ASTM (1997) test acceptability criteria. 
 
 
6.1.3. Physicochemical parameters 
Table. S.6.3: Nutrient concentrations in the test solutions of the pre-test and full-test as supplied by NIWA’s 
Chemistry Laboratory at t48. DRP = dissolved reactive phosphorus; NH4-N = total ammonia nitrogen; NO3-N = 
nitrate + nitrite nitrogen concentrations. Salinity and DOC values are average values (n=5) for all replicates within 
each treatment at t48. 
 
Test Treatment Salinity 
DOC DRP NH4-N NO3-N 
mg/L μg/L μg/L μg/L 
Pre-test 
1  25 2.6 * * * 
2 35 0.9 * * * 
Oceanic control  25 0.7 8 7 10 
Oceanic control  35 0.8 4 4 12 
Brine control 12.0 %  25 0.7 7 7 41 
Brine control 1.9 %  35 0.7 6 4 18 
Full-test 
E 25 2.1 18 22 127 
A  25 2.7 17 27 187 
G  30 1.0 8 11 1400 a 
H  30 1.9 14 21 119 
F  30 2.2 18 25 132 
C  25 0.7 31 5 214 
D  25 1.1 27 5 193 
Oceanic control  25 0.7 4 7 11 
Oceanic control  30 0.8 4 6 14 
Brine control 12.8 % 25 0.8 6 10 24 
Brine control 19.4 % 30 0.9 6 6 31 
*: Not enough sample for nutrient analysis; a: sample value was verified by NIWA’s Chemistry Laboratory. Detection limit: 1 






Table. S.6.4: Physiochemical parameters for all solutions of the pre-test and full-test. All dissolved organic 
carbon (DOC) data as supplied by NIWA’s Chemistry Laboratory. Average DOC values (n=5) were calculated in 
Excel for all replicates within each treatment.  
 
Test Treatment 
t0 t48 Calculated t48 Average t0 t48 t0 t48 t0 t48 
Salinity 
DOC DO Temp. 
pH 
mg/L mg/L Celsius 
Pre-test 
Oceanic control – salinity 25  24.8 25.1 0.46 0.6  8.5 7.6 20 21.8 7.72 7.67 
Oceanic control – salinity 35 35.8 36.2 0.61 0.8  8.8 7.5 19.6 21.9 7.92 7.67 
Brine control 12%– salinity 25  23.7 23.8 0.52 0.7  8 7.3 19.6 21.9 7.85 7.81 
Brine control 1.9%- salinity 35 36.7 36.8 0.62 0.7  8.8 7.4 19.1 22 7.92 7.67 
1 
* 24.7 2.65 2.7 
2.6 
* 7.4 * 22 * 7.93 
* 24.4 2.65 2.5 * 7.3 * 21.9 * 7.9 
* 24.4 2.65 2.6 * 7.3 * 21.9 * 7.87 
* 24.4 2.65 2.6 * 7.3 * 21.9 * 7.86 
* 24.4 2.65 2.5 * 7.3 * 22 * 7.86 
* 24.3 2.65 2.6 * 7.3 * 22 * 7.85 
* 24.3 2.65 2.6 * 7.6 * 21.9 * 7.84 
* 24.2 2.65 2.6 * 7.4 * 21.9 * 7.83 
* 24 2.65 2.6 * 7.2 * 21.8 * 7.85 
2 
* 35 0.8 0.8 
0.9 
* 7.3 * 21.8 * 7.76 
* 35.2 0.8 0.7 * 7.4 * 21.8 * 7.78 
* 35.2 0.8 0.9 * 7.4 * 21.7 * 7.8 
* 35.2 0.8 0.9 * 7.5 * 21.7 * 7.81 
* 35.2 0.8 0.9 * 7.4 * 21.8 * 7.81 
* 35.2 0.8 0.9 * 7.4 * 22 * 7.82 
* 34.9 0.8 0.9 * 7.4 * 22 * 7.83 
* 34.6 0.8 0.9 * 7.3 * 22 * 7.84 
* 34.5 0.8 0.9 * 7.2 * 22 * 7.85 
Full-
test 
Oceanic control – salinity 25 * 25.1 0.5 0.7 - * 7.7 * 21.7 * 7.82 
Oceanic control – salinity 30 * * 0.5 0.8 - * 7.2 * 22 * 7.88 
Oceanic control – salinity 35 36.0 36.3 0.6 0.8 - 7.7 7.1 20.8 21.5 7.89 7.85 
Brine control 12.8 % - salinity 
25 
23 23.1 0.5 0.8 - 8.4 7.7 21 21.6 8.02 7.8 
Brine control 19.4 % - salinity 
30 
27.7 28 0.6 0.9 - 7.8 7.2 21 21.9 7.93 7.88 
Brine control 5.7 % - salinity 35 35.1 35.4 0.6 0.8 - 7.9 7.2 20.8 21.8 7.89 7.85 
G 
30.7 30.7 1.1 1 
1.0 
7.7 7.1 20.9 21.8 7.86 7.84 
30.7 30.7 1.1 1 7.7 7.1 21 21.8 7.83 7.82 
30.6 30.7 1.1 1 7.7 7.1 20.9 21.7 7.82 7.81 
30.4 30.6 1.1 1.1 7.8 7.2 20.8 21.7 7.81 7.81 
30.4 30.5 1.1 0.9 7.8 7.2 20.8 21.8 7.84 7.82 
30.3 30.3 1.1 1 7.8 7.1 20.8 21.9 7.83 7.82 
H 
29.9 30.1 2.1 1.6 
1.9 
7.6 7.1 21.1 22.1 7.85 7.83 
29.9 30.1 2.1 1.6 7.6 7.2 21.1 21.8 7.87 7.83 
29.9 30.1 2.1 2.1 7.6 7.3 21.1 21.9 7.87 7.84 
29.7 30 2.1 2.1 7.6 7.2 20.9 21.9 7.88 7.85 
29.7 29.9 2.1 2.1 7.6 7.3 20.9 21.8 7.88 7.86 
29.6 29.9 2.1 2.1 7.7 7.3 20.8 21.9 7.88 7.87 
F 
28.7 29.5 2.5 2.5 
2.2 
7.9 7.2 21.3 22.3 7.82 7.62 
28.7 29.2 2.5 2 7.7 7.3 21.2 21.8 7.83 7.71 
28.7 29.1 2.5 1.9 7.6 7.2 21.4 21.8 7.85 7.77 
28.6 29 2.5 2.9 7.6 7.3 21.6 21.9 7.85 7.8 
28.5 28.9 2.5 2 7.6 7.2 21.6 21.8 7.86 7.83 
28.6 28.9 2.5 2.1 7.6 7.2 21.6 22.0 7.85 7.84 
E 
25.6 25.7 2.1 2.1 
2.1 
8.5 7.7 20.9 22.1 7.83 7.85 
25.6 25.8 2.1 2 8.5 7.6 20.9 21.9 7.83 7.84 
25.5 25.7 2.1 2.1 8.6 7.7 20.9 21.8 7.83 7.83 
25.4 25.7 2.1 2.1 8.5 7.6 20.9 21.8 7.84 7.83 
25.3 25.6 2.1 2 8.3 7.6 21 21.8 7.84 7.82 






24.1 24.2 2.6 2.7 
2.7 
8.4 7.6 20.9 21.9 7.83 7.82 
24.1 24.3 2.6 2.7 8.4 7.6 20.9 21.8 7.8 7.82 
24.1 24.3 2.6 2.7 8.3 7.6 20.9 21.7 7.83 7.83 
24 24.2 2.6 2.8 8.4 7.6 20.9 21.7 7.84 7.83 
24 24.2 2.6 2.7 8.4 7.6 21 21.9 7.85 7.83 
23.9 24.1 2.6 2.6 8.3 7.6 20.9 21.8 7.85 7.84 
C 
35.3 35.3 0.6 0.7 
0.7 
7.5 7.1 21.4 21.8 7.79 7.71 
35.2 35.3 0.6 0.8 7.5 7.2 21.5 21.7 7.78 7.75 
35.1 35.3 0.6 0.7 7.5 7.2 21.5 21.6 7.76 7.78 
35 35.3 0.6 0.7 7.5 7.1 21.7 21.6 7.76 7.8 
35.1 35.2 0.6 0.7 7.5 7.3 21.6 21.6 7.75 7.82 
35 35.1 0.6 0.8 7.5 7.2 21.6 21.7 7.75 7.82 
D 
36 36.1 1.1 1.1 
1.1 
7.7 7.1 21 21.6 7.79 7.82 
36 36 1.1 1.1 7.6 7.2 21 21.6 7.79 7.82 
35.9 35.8 1.1 1.1 7.6 7.3 21.1 21.6 7.79 7.82 
35.9 35.7 1.1 1.1 7.5 7.2 21.1 21.6 7.8 7.84 
35.8 35.8 1.1 1.1 7.5 7.2 21.2 21.5 7.8 7.85 
35.7 35.8 1.1 1.1 7.4 7.2 21.2 21.5 7.8 7.86 
t0: Sample aliquots measured before test initiation (zero hours); t48: Sample aliquots measured after the 48 hours bioassay. *: 
Not enough sample for analysis; Grey values: treatments which did not meet the ASTM (1997) test acceptability criteria. 
 
 
6.1.4. Embryo development  
 
Table. S.6.5: Average (n=5) embryo development data for all test solutions within the pre-test and full-test. 
Development was analysed in 100 embryo sub-samples from each treatment. Stated normality values are average 
values calculated in Excel for all replicates within each treatment. 
 
Test Treatment Salinity  
DOC [CuT] at t48 
# Normal # Retarded # Abnormal 
mg/L nM 
Pre-test 
1 25 0.9 
15.0 78.6 18.4 3 
53.2 82.8 14.2 3 
68.8 77.6 18.4 4 
96.2 76.2 20.2 3.6 
133.4 66 26.2 7.8 
237.8 54.8 21.6 23.6 
302.0 2.4 77.6 20 
454.0 0.4 90.2 9.4 
683.4 0.2 97.8 2 
2 35 2.6 
10.5 88.4 10.2 1.4 
10.3 87.4 9.8 0.8 
20.4 86.2 12 1.8 
42.8 84.8 14.2 1 
69.7 79.5 18 2.5 
95.7 81.4 10.2 8.4 
182.1 5.2 85.8 9 
330.3 0.4 96.4 3.2 
716.5 0 97.2 0.6 
Full-test 
E 25 2.1 
13.3 48.6 46.8 4.6 
43.5 44.6 52.2 3.2 
80.5 42 51.4 6.6 
204.6 37.6 56 6.4 
260.2 29.4 59.8 10.8 
306.0 2 73.6 24.8 
A 25 2.7 
15.1 54 43 3.6 
15.9 48.6 46.8 4.6 
34.2 48.6 48.6 2.8 
161.5 42.6 52.8 4.6 
178.0 46.6 46.2 7.2 
325.7 18.4 59.6 21.8 
G 30 1 
4.9 94.2 0 5.8 
55.6 94.6 0 5.4 





199.2 16 3.2 81 
287.0 2.2 2.8 95.2 
437.8 0 0 0 
H 30 1.9 
11.1 94.4 0 5.6 
40.8 96.4 0 3.6 
92.5 93.8 0.4 5.8 
207.0 26.4 15 58.8 
250.8 8.4 1.6 90 
329.8 0.3 0 99.7 
F 30 2.2 
15.8 94.4 0 5.6 
58.8 95.6 0 4.4 
95.5 93.4 0 6.8 
182.5 56.8 14.2 29.4 
237.7 15.4 5.8 79 
380.9 0.3 0.7 99 
C 35 0.7 
18.3 95 0 5 
50.6 93 0.8 6.2 
126.8 17.2 10.2 73.2 
148.1 6 1 93 
186.6 1.7 0.7 97.6 
264.7 - - - 
D 35 1.1 
7.8 94.4 0 5.8 
54.9 92.6 0 7.4 
79.8 34.6 16.6 49 
144.8 11.8 3 85.6 
196.4 3 1.4 95.6 
266.7 0 0 100 




Table. S.6.6: Embryo development data for brine control solutions within the pre-test and full-test. Embryo 
development was analysed in 100 embryo sub-samples for each treatment.  
 
Test Solution DOC Salinity 
Total 





mg/L mL mL mL mL % % 
Pre-
test 
Brine 1 1.34 25 1000 600 246 154 12.0 76 
Brine 2 0.75 25 200 40 56 104 4.0 65.2 
Brine 3 0.56 25 200 13 58 129 1.3 76.8 
Brine 4 0.49 25 200 4 59 137 0.4 59.4 
Brine 1 0.64 35 1000 19 0 981 1.9 88.2 
Brine 2 0.62 35 200 1.9 0 198.1 1.0 88.2 
Brine 3 0.62 35 200 0.96 0 199.04 0.5 80 
Brine 4 0.61 35 200 0.48 0 199.52 0.2 88.2 
Oceanic control-  salinity 25 0.46 25 1000 0 294 706 0.0 81.2 
Oceanic control-  salinity 35 0.61 35 1000 0 0 1000 0.0 89.9 
Full
-test 
Brine 1 0.53 25 750 96. 394 260 12.8 38.25 
Brine 2 0.50 25 150 12.75 67.25 70 8.5 54.1 
Brine 3 0.49 25 150 8.55 59.45 82 5.7 53 
Brine 4 0.48 25 150 5.7 54.3 90 3.8 55.8 
Brine 1 0.63 30 750 143.25 370.7 236 19.1 45 
Brine 2 0.60 30 150 19.05 56.75 74.2 12.7 84.6 
Brine 3 0.58 30 150 12.75 45.25 92 8.5 90.8 
Brine 4 0.57 30 150 8.40 36.6 105 5.6 94.6 
Brine 1 0.64 35 750 42.75 77.25 630 5.7 94.75 
Brine 2 0.62 35 150 2.85 5.15 142 1.9 93.2 
Brine 3 0.61 35 150 0.95 1.75 147.3 0.6 93.4 
Brine 4 0.61 35 150 0.32 0.5 149.18 0.2 94.6 
Oceanic control-  salinity 35 0.61 35 710 0 0 710 0.0 94.6 
Oceanic control-  salinity 30 0.54 30 710 0 104 606 0.0 93.81 
Oceanic control-  salinity 25 0.46 25 710 0 209 501 0.0 52.4 






6.2. Cu-toxicity thresholds 
Table. S.6.7: Toxicity endpoints of M. galloprovincialis embryos for all treatments within the pre-test and 
full-test. 48-h-EC50 and 48-h-EC10 Cu-values were calculated by CETIS using [CuT], salinity and dissolved 
organic carbon (DOC) values at t48. Full-test data for salinity 25 reported for information purpose only as the two 
treatments did not meet the test acceptability criteria (Grey values) (ASTM, 1997). 
 
Test Treatment Salinity 
DOC LCL 95% UCL 95% 
[Cu48-h-
EC50] 
LCL 95% UCL 95% [Cu48-h-EC10] 
mg/L nM nM nM nM nM nM 
Pre-test 
1 24.3 2.6 244.0 254.4 249.2 210.9 227.6 221.4 
2 35.0 0.9 118.3 142.4 131.6 - - - 
Full-test 
E 25.6 2.1 260.9 272.3 266.5 - - - 
A 24.2 2.7 261.9 304.1 282.2 - - - 
G 30.6 1 150.4 166.3 158.1 98.4 123.2 113.8 
H 30.0 1.9 183.9 177.4 190.8 123.8 148.6 139.1 
F 29.1 2.2 188.6 196.0 192.3 137.1 150.9 144.9 
C 35.2 0.7 88.8 101.3 95.8 56.3 72.6 65.3 
D 35.9 1.1 76.4 87.2 81.6 42.5 54.7 49.6 
LCL: Lower level of confidence; UCL: Upper level of confidence, - : value could not be statistically derived.  
 
 
6.3. Cu-speciation parameters  
Table. S.6.8: Calculated Cu-speciation parameters for all treatments in the pre-test and full-test at [CuT] 
closest to the 48-h-EC50 Cu-concentration ([Cu48-h-EC50]). Ligand concentrations, logK-values, [CuXIN] and 
[Cu2+] were calculated using ProMCC (Omanović et al., 2015). Errors for [L1] and logK represent the fitting 
uncertainties for the numerical model used in ProMCC. 
 
  t48 t48 t48       










mg/L nM nM [nM] [nM] [nM] [nM] 
Pre-test 
1 24.3 2.6 249.2 302.0 255.5 5.7 12.3 0.04 27.5 2.1 
2 35.0 0.9 131.6 182.1 126.9 8.6 11.5 0.07 44.3 3.0 
Full-test 
E* 25.65* 2.1* 266.5* 260.2* 203.4* 6.1* 8.4* 0.03* 118.6* 9.1* 
A 24.22 2.7 282.2 325.7 206 1.4 12.5 0.03 103.5 8.0 
G 30.58 1 158.1 199.2 160.9 1.9 13.0 0.07 25.1 1.7 
H 30.02 1.9 190.8 207.0 198.5 6.5 12.1 0.09 27.0 1.9 
F 29.1 2.2 192.3 182.5 155.3 7.4 12.2 0.12 26.8 1.9 
C 35.25 0.7 95.8 126.8 198.9 16.9 12.2 0.14 37.2 2.5 
D 35.87 1.1 81.6 79.8 34.8 1.1 12.2 0.05 39.9 2.7 
[CuT]: Total dissolved Cu-concentration; [L1]: Concentration of strong ligands; K: Conditional stability constant; [CuXIN]: 
inorganically/weakly complexed Cu-concentration; [Cu2+]: Free Cu-ion-concentration. *: Sample analysed with ASV. 
 
Note that the 34.8 ± 8.1 nM range in the [Cu’] (sum of [CuXIN] and [Cu
2+]), within all the 
acceptable salinity treatments (n=7), may be linked to (1) the inability to model [Cu’] 
directly at the [Cu48-h-EC50] for each sample (some [Cu’] were calculated for solutions with 
[CuT] up to 10 nM lower or 53 nM higher than their actual [Cu48-h-EC50]); and/or (2) natural 







6.4. Comparison of Cu-toxicities to Mytilus sp. embryos within different studies  
Relationship between DOC-concentration and [Cu48-h-EC50] for Mytilus sp. embryos:  
Present study:     [Cu48-h-EC50] (nM Cu) = 121.71*[DOC]0.6557 
Arnold et al. (2009):    [Cu48-h-EC50] (μg L-1 Cu) = 5.8*[DOC]0.78 
Deruytter et al. (2015) (Eq. 5): [Cu48-h-EC50] (μg L-1 Cu) = 8.03+4.19*[DOC]-
0.414*[DOC]2-6.33*10-3*salinity  
Illustrated for comparative purposes among above-stated studies only 
 
Table. S6.9: Calculated 48-h-EC50 Cu-values for M. galloprovincialis embryos in the pre-test and full-test 
using equations provided in the present study, Arnold et al. (2009), and Deruytter et al. (2015). 
 
Test Treatment 
t48 t48 Present study Arnold Deruytter Eq.5 
Salinity 
DOC [Cu48-h-EC50] [Cu48-h-EC50] [Cu48-h-EC50] 
mg/L nM nM nM 
Pre-test 
1 24.3 2.6 249.2 192.3 260.7 
2 35.0 0.9 131.6 84.1 180.2 
Full-test 
E 25.6 2 266.5 156.7 236.8 
A 24.1 2.6 282.2 192.3 260.7 
G 30.6 1.1 158.1 98.3 191.9 
H 30 2.1 190.8 162.8 240.7 
F 29 2.9 192.3 209.4 270.4 
C 35.3 0.7 95.8 69.1 168.3 
 D 35.8 1.1 81.6 98.3 191.4 














Appendix 5: Supplementary data for Chapter 7 
 
S.7.1. Trace-metal-cleaning procedure for labware 
Labware (i.e., test tubes, Teflon vials, high-density (HDPE) and low-density polyethylene (LDPE) bottles (Nalgene)) was acid-cleaned 
following the protocols of Powell (2015) and Leal et al. (2016): (1) soaking in a 2 % v/v Citranox® (Alconox Inc. New York, USA) bath for at 
least one week and then rinsed five times with distilled water; (2) soaking in a 50 % v/v analytical grade hydrochloric acid (HCl, Scharlau; 37 %) 
bath for 1-4 weeks and then rinsed five times with ultrapure water from a Milli-Q® system (Millipore Academic) of ≥18 MΩ cm resistivity; (3) 
soaking in a 1 % quartz distilled HCl (q-HCl) bath for at least 1 week, then rinsed five times with Milli-Q, and; (4) storing of labware, dried in a 
clean-air bench or filled with 0.1 % q-HCl, and sealed inside two plastic bags (Ziplock) until used.  
 
S.7.2. Cu-concentrations of test solutions 
Table. S.7.1: Salinity, dissolved organic carbon (DOC) concentrations and total dissolved Cu concentrations ([dCuT]) of the test solutions. Sample aliquots were analysed 
for salinity using a WTW Cond 315i electrode (Hach), while aliquots allocated for DOC were analysed with a high temperature catalytic oxidation total organic carbon analyser 
(method: APHA5310B). [dCuT] were analysed using an Agilent 7500ce Quadrupole Inductively Coupled Plasma-Mass Spectrometer (q-ICP-MS) or an automated off-line 





Nominal t0 t48 Nominal t48 Average Nominal t0 t48 
Salinity DOC  [dCuT]  






14.77 22.65 13.31 
25.6 25.8 2 71.71 80.58 43.49 
25.5 25.7 2.1 151.39 148.09 80.53 
25.4 25.7 2.1 311.50 256.20 204.56 
25.3 25.6 2 391.18 394.52 260.20 






19.66 44.70 15.15 
24.1 24.3 2.7 70.09 66.89 15.90 





24 24.2 2.8 310.30 225.98 161.52 
24 24.2 2.6 389.99 330.79 177.97 






5.84 4.91 4.91 
30.7 30.7 1 71.90 60.11 55.58 
30.6 30.7 1 152.08 119.76 81.69 
30.4 30.6 1.1 312.29 261.86 199.24 
30.4 30.5 0.9 392.72 360.06 287.00 






14.63 11.36 11.15 
29.9 30.1 1.6 70.46 43.88 40.79 
29.9 30.1 2.1 150.84 125.43 92.48 
29.7 30 2.1 311.06 230.23 207.02 
29.7 29.9 2.1 391.38 324.18 250.79 






19.09 16.44 15.78 
28.7 29.2 2 69.25 73.97 58.85 
28.7 29.1 1.9 149.77 103.94 95.53 
28.6 29 2.9 309.14 255.25 182.47 
28.5 28.9 2 390.42 329.37 237.70 






15.76 19.18 18.27 
35.2 35.3 0.8 86.31 54.67 50.62 
35.1 35.3 0.7 199.19 172.64 126.83 
35 35.3 0.7 246.99 220.32 148.10 
35.1 35.2 0.7 279.69 249.12 186.56 






4.89 65.94 7.80 
36 36 1.1 70.73 85.77 54.92 
35.9 35.8 1.1 183.52 183.97 79.79 
35.9 35.7 1.1 231.63 224.57 144.83 
35.8 35.8 1.1 264.13 279.82 196.38 
35.7 35.8 1.1 392.33 357.70 266.75 
[dCuT]: Total dissolved Cu-concentration; t0: Sample aliquots measured before test initiation (0 h); t48: Sample aliquots measured after the 48 hours bioassay, Grey values: treatments which did 








Figure. S.7.1: Cu-concentrations - Nominal [Cu], [dCuT]t0, and [dCuT]t48 for each salinity-DOC-treatment used in the experiment. t0: Sample aliquots measured before 
test initiation (0 h); t48: Sample aliquots measured after the 48 h bioassay. If no error bar is shown, the error is smaller than the symbol size. Some data points are missing because 







Figure. S.7.2: Contribution of [dCuT]t48 to the Cu mass-balance - Contribution [%] of [dCuT]t48 to [dCuT]t0 for the different test treatments. The dotted line illustrates 
the 48-h-EC50 Cu-value. If no error bar is shown, the error is smaller than the symbol size. Some data points are missing because the measured mass-balance data exceeded the 







Figure. S.7.3: Contribution of [Cutube] to the Cu mass-balance - Contribution [%] of [Cutube] to [dCuT]t0 for different treatments. The dotted line illustrates the 48-h-
EC50 Cu-value. If no error bar is shown, the error is smaller than the symbol size. Some data points are missing because the measured mass-balance data exceeded the 20 % 







Figure. S.7.4: Contribution of [CuINT] to the Cu mass-balance - Contribution [%] of [CuINT] to [dCuT]t0 for different salinity-DOC-treatments. The dotted line illustrates 
the 48-h-EC50 Cu-value. If no error bar is shown, the error is smaller than the symbol size. Some data points are missing because the measured mass-balance data exceeded the 






Figure. S.7.5: Contribution of [CuEXT] to the Cu mass-balance - Contribution [%] of [CuEXT] to [dCuT]t0 for different salinity-DOC-treatments. The dotted line illustrates 
the 48-h-EC50 Cu-value. If no error bar is shown, the error is smaller than the symbol size. Some data points are missing because the measured mass-balance data exceeded the 







Figure. S.7.6: Cu mass-balance of the bioassay. Contribution [%] of [CuEXT], [CuINT], [Cutube], and [dCuT]t48 to [dCuT]t0 for different salinity-DOC-treatments. The 
full red line depicts the 100 % mark, while the dashed line represents the acceptable ± 20 % error (OECD, 2000). Vertical error bars illustrate standard error. Some data points 
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